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Abstract 

Assessing how much management of agricultural landscapes, in addition to protected areas, can 

offset biodiversity erosion in the tropics is a central issue for conservation that still requires 

cross-taxonomic and landscape-scale studies. We measured the effects of Amazonia 

deforestation and subsequent land-use intensification in 6 agricultural areas (landscape scale), 

where we sampled plants and 4 animal groups  (birds, earthworms, fruit flies, and moths). We 

assessed land-use intensification with a synthetic index based on landscape metrics (total area 

and relative percentages of land uses, edge density, mean patch density and diversity, and 

fractal structures at 5 dates from 1990 to 2007). Species richness decreased consistently as 

agricultural intensification increased despite slight differences in the responses of sampled 

groups. Globally, in moderately deforested landscapes species richness was relatively stable, 

and there was a clear threshold in biodiversity loss midway along the intensification gradient, 

mainly linked to a drop in forest cover and quality. Our results suggest anthropogenic 
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landscapes with high-quality forest covering >40 % of the surface area may prevent biodiversity 

loss in Amazonia. 

Introduction 

Tropical rainforests support some of the greatest diversities of living organisms on Earth 

(Myers 1984). The Amazonian forest in particular has been popularized as the last frontier 

forest and one of the most diverse regions in the world (Wilson 2002; Cardoso Da Silva et al. 

2005). It is, however, dramatically threatened by ongoing deforestation resulting from 

expanding timber production and agricultural frontiers and by the increased frequency of large-

scale forest fires (Peres et al. 2010; Newbold et al. 2015). Recent estimates report a loss of about 

770,000 km2 of forest from 1970 to 2016, nearly 20% of the original forest cover (Butler 2017). 

This gradual destruction of forest ecosystems and the resulting fragmentation and degradation 

of forest remnants are strongly affecting Amazonian biodiversity and the environmental 

sustainability of the whole region (Haddad et al. 2015; Barlow et al. 2016). 

The protection of pristine forests in integral protected areas is vital to prevent loss of 

biodiversity. However, their current coverage remains limited and their integrity is frequently 

threatened in areas undergoing widespread deforestation (Rodrigues et al. 2004). They are also 

not representative of most of the tropical world, where the vast majority of tropical rainforests 

are not comprised within reserves and parks (Chazdon et al. 2009) and >70% of remaining 

patches are within 1 km of the forest edge (Haddad et al. 2015). It is therefore important to 

focus not only on these protected areas, but also on the conservation value of agricultural 

landscapes, which are now replacing the pristine forest matrix at an increasing pace (Barlow et 

al. 2007a; Gardner et al. 2009; Chazdon et al. 2009).  
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Significant theoretical and empirical advances have been made during the past decade in 

understanding of the relative importance of different landscape properties in explaining 

biodiversity loss in tropical rainforest biomes. For instance, recent studies emphasize the 

importance of habitat amount (Melo et al. 2017), landscape and within-forest disturbances 

(Barlow et al. 2016), and landscape configuration (Villard & Metzger 2014) to explain the 

decline of biodiversity following deforestation. However, most of these studies considered only 

a single or a limited number of data-rich taxonomic groups, with a strong bias toward 

vertebrates or plants (Fazey et al. 2005; Gardner et al. 2009). Understanding of the relative 

sensitivity of different taxonomic groups to disturbance at the landscape level remains 

insufficient (Dunn 2004); some important components of terrestrial biodiversity, such as 

invertebrates, are weakly documented (Collen et al. 2009; Decaëns 2010). 

Although ecological theory predicts a global decrease of biodiversity as ecosystem 

fragmentation increases (Andren 1994; Wilson 2002), the pattern of this decrease is still 

debated (Estavillo et al. 2013). Indeed, taxon- and guild-specific responses to the degradation or 

transformation of tropical forest have been reported repeatedly (Schulze et al. 2004; Barlow et 

al. 2007a; Newbold et al. 2014). Such idiosyncratic patterns may seriously hinder the ability to 

assess the global impact of deforestation when considering a limited number of indicator taxa. 

Comparative studies conducted at the landscape scale and across a wide range of taxa are thus 

critically needed to accurately assess the patterns of biodiversity loss along deforestation and 

agricultural intensification gradients and to identify the environmental drivers and potential 

thresholds and tipping points in the response of biodiversity to these perturbations (Newbold et 

al. 2014). 

We measured the effects of Amazonia deforestation and the subsequent land-use 

intensification on seven different taxa including plants, vertebrates and invertebrates from 

above and below ground habitats at the landscape scale. Our main hypothesis was there exists a 
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threshold in the response of biodiversity to gradual deforestation and landscape intensification 

beyond which species are extirpated at a higher rate. We thus expected biodiversity to decrease 

nonlinearly along a gradient of deforestation and agricultural intensity. This assumption was 

tested using a synthetic index of land-use intensity and specific landscape metrics related to 

habitat loss, habitat degradation, and land-use temporal dynamics. 

Methods 

Study sites 

The study was carried out in Brazil (state of Pará) and Colombia (department of Caquetá) 

(Figure 1). We studied 3 areas per country that represented 6 different stages along a gradient 

of deforestation and agricultural intensification, from recently affected areas, where 

deforestation was in the early stage (Brazil), to regions with old agricultural histories and 

extensive pastures (Colombia) (Figure 1 & Supporting Information). We did not examine 

pristine forests (i.e., the starting point of the deforestation process) because the extensive 

agricultural landscapes behind the Amazonian deforestation front no longer contain large areas 

of intact forests. In a socioeconomic survey X. Arnaud de Sartre categorized agricultural systems 

at 51 farms in each area (306 systems total) (see Supporting Information). We then selected 

from this initial pool a set of 54 farms (9 noncontiguous farms per area) that best represented 

the local production systems (Lavelle et al. 2016a). We further used this set of 54 farms as 

replicated elementary units to describe the landscape mosaic of the entire landscape and to 

measure species richness for the different target groups. At each farm, 5 equidistant sampling 

points (200 m from each other) were geolocated along a 1-km transect that ran along the 

longest diagonal line of the farm plot (Fig. 1). This design guaranteed a distribution of sampling 

effort among land uses that was proportional to relative representation of the uses within each 

farm. 
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Sampling 

We used standardized methods to sample plants  and 4 groups of animals (earthworms, fruit 

flies, moths, and birds) on each farm. Groups were chosen for their link to soil ecosystem 

services (earthworms, plants [Diaz et al. 2007; Lavelle et al. 2016b]), sensitivity to local 

perturbations (fruit flies [Gottschalk et al. 2007]), or specific response to landscape composition 

and migrating abilities (moths and birds [Barlow et al. 2007b; Hawes et al. 2009]).  Sampling 

was carried out from April to July 2008 with the aim of providing accurate and comparable 

estimates of species richness among the 6 study areas. 

At each sampling point, a quadrat sampling area of 50 x 50 m was defined within a 

homogeneous landscape element. For each taxonomic group, we determined the species 

composition and counted the number of individuals. 

At each sampling point, plant species were counted in 3 vegetation strata in an area of a 

particular size: trees >10 cm dbh in a 10  50 m area; shrubs and young trees <10 cm diameter 

and >2 m tall in a 5  50 m area; herbaceous species (spermatophytes and pteridophytes) and 

seedlings of both trees and shrubs in 10 x 10 m2  5 m from each other. For each species, samples 

were collected, dried in a field oven, and taken to the lab for identification. 

Saturniidae and Sphingidae (moths) were collected with light trapping during a single 

collecting night at each transect for a total of 9 collecting night per study area. Traps were 

located as close as possible to the largest forest remnant on the farm. Moths were sampled 

throughout the night on moonless nights (i.e., from 1800  to 0600 [Lamarre et al. 2015]) with a 

white sheet (2 m height × 3 m width) illuminated by a 175W-mercury vapor bulb powered by a 

small portable generator. Specimens were killed by injection of ammonia, stored and dried in 

labeled paper envelopes, and brought to the laboratory for identification.  
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Drosophilidae (fruit flies) were collected with cylindrical traps (10 cm diameter × 25 cm 

height) closed at one extremity with a funnel at the other. Traps were baited with 

approximately 100 g of fermented banana (Martins et al. 2008). Three traps were placed at each 

sampling point and deployed for 48 hours. Specimens were fixed in 70 % alcohol and taken to 

the laboratory for identification. When necessary, specimens were kept alive to allow laboratory 

rearing and more precise identifications. 

Earthworms were collected by hand sorting 3blocks of soil at each sampling point: 1 

central block of 25 × 25 × 30 cm and 2 blocks of 25 × 25 × 10 cm (1 block 5 m north of the 

central block and the other 5 m south of  the central block). Individual specimens were fixed in 

4% formaldehyde and taken to the laboratory for identification. Because most of the collected 

species were new to science, morphospecies were defined on the basis of external and internal 

morphological characters, and the number of morphospecies was used as a surrogate for 

species richness. 

Point counts for birds were conducted at each sampling point by two persons in a single 

20-minute session in the morning (from approximately 0600 to 1100) to encompass the period 

of maximal bird activity. The total sampling effort was of 45 bird counts per study area. 

Relying on a single sampling period and a single season could have led to undersampling 

of rare species or taxa with strong seasonal occupancy patterns. However, we considered our 

sampling strategy relevant to efficiently sampling, for each focal group, at least the dominant 

species that are active during the rainy season. This allowed us to conduct a broad comparison 

of diversity levels among the different study areas. 

Species richness 

Regional species richness was described by calculating the cumulative number of species 

observed in each area and the abundance-based coverage estimator (ACE), which provides an 
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estimate of the theoretical size of the species pool (Chao & Lee 1992). For rarefaction and 

extrapolation curves, we plotted the number of species according to sampling intensity (i.e., 

number of specimens collected or observed) and extrapolated this number in a hypothetical 

situation where the sampling size was doubled. This was done using the iNEXT package for R (R 

Development Core Team 2011; Chao & Jost 2012). 

At the farm scale, local species richness was rarefied for a subsample size that 

corresponded to the median density of each group of organism. For each farm, species richness 

transformed in this way represented the average number of species observed in a standardized 

sample of n individuals, where n is the median density of the corresponding target group and n 

equaled 1586, 219, 35, 107, 30, 29, and 140 for herbaceous plants, shrubs, trees, fruit flies, 

moths, earthworms, and birds, respectively. Calculations were done using the vegan library of 

the R software (Oksanen et al. 2008). 

At both scales, we computed a standardized index of species richness, modified from 

Dunn (2004), that reduced most of the species richness variation into a single metric. We 

transformed each value of estimated regional richness (ACE index) or local rarefied richness as 

a percentage of the highest value observed at the relevant scale for the corresponding 

taxonomic group. The resulting data set was composed of normalized species richness that 

ranged from 0 to 100 for each group of organisms. The standardized index of species richness 

was calculated for each farm and each area as the mean of the transformed richness of the seven 

focal groups; it also ranged from 0 (theoretical farm or area where species richness was null for 

all the groups) to 100 (theoretical farm or area where species richness in all groups were the 

highest observed values). Pairwise correlations in species richness among the focal groups of 

organisms were assessed with Spearman correlation index. 

Landscape effects on species richness 
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We used remote sensing to describe landscape composition and structure within each farm.  

Our set of metrics included total area of land use and relative percentages, edge density, mean 

patch density, patch diversity (patch richness, Shannon diversity, Shannon evenness, and 

dominance), and fractal structures (perimeter/area, mean shape). We used available Landsat 

images for 1990, 1994, 1998, 2002, and 2007. These metrics were further used to calculate a 

single index of land-use intensity (LI) (Oszwald et al. 2011) that integrates the current pattern 

and the dynamics of the landscapes (Supporting Information).  

We also used these metrics to assess the specific effect of five potential landscape drivers (Table 

on species richness: forest loss based on relative cover of mature forests (percentage of farm

area); agricultural intensification based on the relative cover of agricultural land (percentage of 

farm area covered by pastures and crops); landscape fragmentation based on total edge density, 

which appeared to be significantly correlated with other metrics describing landscape structure 

and diversity (Oszwald et al. 2011); forest quality based on the proportion of forest in a given 

farm that was undisturbed during the past 17 years (hereafter  undisturbed forest); and  

landscape dynamics, calculated using Euclidean distance with the daisy function in the R cluster 

library as  the mean between-year land-use turnover (i.e., change in land-use composition)  

from 1990 to 2007 (Maechler et al. 2012). See Oszwald et al. (2011) and Supporting Information 

for further details. 

Co-inertia analysis was conducted to assess the relationships between the rarefied 

richness of the 7 focal groups of organisms and the landscape drivers measured in the 54 farms. 

Co-inertia analysis consists of a simultaneous ordination of 2 tables (for instance an 

environmental and a floristic/faunistic table) that share the same row codes and provides axes 

that maximize the covariation between them (Dolédec & Chessel 1994; Dray et al. 2003). In the 

present case, we used the ADE-4 package for R (Dray & Dufour 2007) to independently 

performed principal component analysis (PCA) on each table and used their results to run the 
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co-inertia analysis. This allowed a simultaneous ordination of the 7 focal groups according to 

the 5 landscape drivers in the 54 farms and provided a measure of the global similarity among 

the data sets (matrix correlation coefficient Rv) that we tested using a Monte Carlo permutation 

test (999 randomizations). 

Graphical exploration of the data suggested the relationship among local species 

richness, land-use intensity, and individual landscape metrics was often nonlinear and was 

characterized in some cases by an abrupt change along predictors. Thus, we adjusted species 

richness to landscape metrics with 3 kinds of models and selected the one with the best AIC. The 

3 models included simple linear effect of a predictor, segmented linear model effect, or 

nonlinear logistic model effect. Segmented analyses automatically estimating the break point in 

the predictor were performed with the segmented and MASS package of R. Linear and logistic 

regressions were done using the lm and SSlogis functions of the stats package. Only the best 

model for each predictor is shown on figures, and nonsignificant models are not shown. 

Results 

In total, we sampled or recorded >3,800 species, including 100 species of fruit-flies, 136 species 

of moths, 338 species of birds, 21 species of earthworms, and 1746, 1049, and 414 species of 

herbaceous plants, shrubs, and trees, respectively. At the regional scale (Figure 2 & Supporting 

Information), the general pattern was a transient stability of species pools at the beginning of 

the landscape gradient (i.e., areas of less intensive agriculture). In moderately degraded areas 

there was sometimes a slight increase in the number of species (e.g., fruit flies and earthworms) 

(Figures 2d and 2f), followed by a sharp decrease beyond a threshold leading to poorly 

diversified assemblages in landscapes with the highest land-use intensity. The exact position of 

the threshold on the gradient was different among the target groups, occurring, for example, at 

low levels of land-use intensity for herbaceous plants and moths (Figures 2a and 2e) and at the 

most degraded extreme of the gradient for trees (Figure 2c). The synthetic index of regional 
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richness efficiently summarized these patterns and highlighted a clear threshold in the loss of 

regional richness mid-way along the land-use intensity gradient (Figure 2h). 

With the exclusion of birds, we found a general decrease in local richness along the 

landscape gradient for all our target groups (Figure 3). The rarefied richness of herbaceous 

plants and earthworms decreased rather monotonically (Figures 3a and 3c). Shrubs, trees, fruit 

flies, and moths presented a transient stability in their richness and a marked drop in  richness 

at moderate land-use intensity (Figures 3b, 3c, 3d and 3e). As for regional diversity, local 

richness appeared rather constant in the first stages of forest conversion before a clear 

threshold was reached, mid-way along the gradient, beyond which diversity declined sharply 

(Figure 3h). 

Co-inertia analysis highlighted a significant costructure between species richness and 

landscape metrics (Rv coefficient = 0.44; Monte Carlo simulated p = 0.001). The first co-inertia 

axis explained 99.6 % of the covariation among data sets. It separated farms with high forest 

cover and quality (mostly Brazilian sites) from farms with a high percentage of agricultural land 

cover and to a lesser extent rapid land-use turnover and high edge density (negative scores, 

mostly Colombian sites) (Figure 4a and SI4). Rarefied species richness of all groups of 

organisms had positive scores along this axis (Figure 4b), meaning biodiversity was globally and 

positively linked with the availability and quality of forests in the landscape and negatively 

linked with agriculture intensification. 

Accordingly, the correlation between local species richness and the percentage of forest 

ecosystems showed richness stability in moderately deforested farms (40-50% of forest 

dominance) and a clear threshold between 30% and 40% of forest coverage below which 

biodiversity tended to decline rapidly (Figure 5a). Differences between farms with comparable 

forest cover were further explained by differences in the quality of the forest patches, here 

defined as the percentage of undisturbed forests (Figure 5b). We also observed an almost linear 
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decrease of local richness as the proportion of agricultural lands increased in the landscape 

(Figure 5c). No significant relationship occurred between local richness and land-use turnover 

or total edge density (Supporting Information). 

Although positive and significant correlations of local species richness occurred with all 

possible pairwise comparisons between groups (Supporting Information), the average 

correlation was low (mean r = 0.54). Birds and moths were poorly correlated with other groups 

(0.33 and 0.41, respectively), whereas other groups of animals had higher correlations (0.57 

and 0.58 for fruit flies and earthworms, respectively). Plant richness was more closely 

correlated to the other groups (0.61 for the herbaceous layer and 0.63 for shrubs and trees). 

Average between-group correlations of ACE-estimated regional richness was higher than that 

observed at the local scale (mean r = 0.71) , but pairwise comparisons were significant in only 7 

cases out of 21 (Supporting Information). For the comparison between shrub and herbaceous 

plant layers, p was <0.01, whereas other significant pairwise comparisons had p values from 

0.01 to 0.05. 

Discussion 

We identified a dramatic impact of land-use intensity on Amazonian biodiversity. The clear 

threshold we found in the response of cross-taxonomic species richness to land-use intensity 

represents significant empirical support for the existence of tipping points in the response of 

biodiversity to deforestation and land-use intensity. Although Brazilian and Colombian sites 

may not have originally equivalent species diversity, this threshold is supported for some focal 

taxa within species pools of  equivalent size in both regions, or even larger species pools in 

Colombia (Supporting Information). This finding suggests loss of species richness could have 

been underestimated in the higher range of our gradient. Such a nonlinear decrease in species 

richness following deforestation is predicted by ecological theory (Andren 1994; Wilson 2002; 

Lindenmayer et al. 2008), but little empirical evidence has been collected so far to test for such a 
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pattern, especially at the landscape scale. To date, the validity of the threshold hypothesis has 

been questioned by authors who believe minor changes in native vegetation cover will not 

result in abrupt biodiversity changes due to contrasting responses of individual species 

(Lindenmayer et al. 2008; Pardini et al. 2010). However, in spite of the variety of the groups 

considered, we found that overall local biodiversity dropped steeply when forest cover fell 

below 30-40%. This threshold value is in the higher range of those predicted by Andren (1994), 

who hypothesized the existence of a universal threshold value around 10-30% of native 

vegetation cover. It is also consistent with the results of Rigueira et al. (2013), who found a 6-

fold decrease in Myrtaceae species richness when forest cover drops below 30-40 % in the 

Brazilian Atlantic Forest. We also found that forest patch quality was an important factor in 

explaining biodiversity dynamics in deforested landscapes, which is consistent with the results 

of Barlow et al (2016), who highlighted that forest disturbance in individual forests and at the 

landscape level can explain a significant proportion of conservation value loss in Amazonian 

landscapes. 

Landscape structure (total edge density) and temporal dynamics did not explain 

biodiversity patterns, which suggests habitat amount may have greater effects than habitat 

fragmentation (Andren 1994). This is an unexpected result because the link between landscape 

composition and fragmentation is well established especially in the context of deforestation 

fronts, where intensification of land use results in an increase in anthropic ecosystems and a 

reduction of the average size of landscape units (and consequently an increase in total edge 

density). Our finding that temporal dynamics did not explain biodiversity patterns also 

contrasts with the results of other studies that show patch temporal turnover does affect 

biodiversity (Fischer 2001; Ernoult et al. 2006).  One explanation for this is that we considered 

several taxa with potentially different ecological responses to landscape dynamics, which could 

have blurred the global response of biodiversity to landscape structure and land use turnover. 
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Besides the clear threshold for loss of overall species richness as land use intensifies, 

significant variations in the response patterns among our focal groups were apparent. For 

instance, the species richness of herbaceous plants, trees, and earthworms dropped sooner at 

the local than at the regional scale, suggesting that forest patches allowed these groups to 

maintain  transient pools of species regionally or that the extinction of forest species was 

temporarily compensated by the invasion of extraregional species adapted to agricultural land 

uses. By contrast, shrubs, fruit flies, and birds presented simultaneous variations of their 

regional and local richness with land-use intensity, indicating that local species extirpations 

rapidly trigger extirpations at the regional scale. Moths showed a rather idiosyncratic pattern; 

regional richness decreased more rapidly than local richness, which may be explained by a 

transient decrease in community turnover at moderate levels of land-use intensity, allowing for 

a higher proportion of the regional species pool to occur in local assemblages. 

Despite positive correlations among species richness of our different target groups, our 

results highlighted that these correlations were mostly nonsignificant at the regional scale and 

that only a small fraction of the variance in local species richness of one taxonomic group 

enabled prediction of species richness of another group. These observations follow the 

conclusions of previous studies conducted in other tropical environments (Lawton et al. 1998; 

Schulze et al. 2004). Discrepancies in the response of different taxa to deforestation can be 

caused by differences in their sensitivity to landscape transformation because they experience 

landscape changes at different spatial and temporal scales, are affected differently by changes in 

landscape configuration, use different habitats and resources within these landscapes, and 

present different dispersal capabilities to offset the effects of habitat fragmentation (Montoya et 

al. 2008; Gardner et al. 2009; Villard & Metzger 2014). Therefore, species extinctions tend to 

occur at different levels of landscape perturbation, and the general response of species richness 

may differ significantly among the target groups. Altogether, these results emphasize the 
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importance of considering a large range of organisms, rather than focusing on a few indicator 

taxa, when addressing the question of biodiversity response to forest modification and 

destruction (Lawton et al. 1998; Barlow et al. 2007a). The use of a synthetic index of species 

richness represents an efficient tool to summarize both the constancy and variability of the 

patterns among groups in a single and easily manageable metric. 

A comparison of the total number of species observed in our samples with the estimated 

sizes of regional species pools for the few taxonomic groups for which this information is 

available suggests that an important proportion of the species potentially occurring in the 

surveyed regions was lacking in our study (Supporting Information). In the less affected 

landscapes, however, observed and estimated numbers of species for trees, fruit flies, moths, 

and birds were higher or in the range of those numbers found locally by Barlow et al. (2007a) in 

primary Amazonian forest based on a comparable sampling intensity. This suggests that 

although less intense agricultural landscapes are likely to sustain high levels of species richness, 

a number of forest species are lacking in those areas probably as a consequence of local 

extirpations occurring very early during the onset of the deforestation process. In agricultural 

landscapes, our results, however, underline the importance of old secondary vegetation, 

managed forests, and tree plantations in the maintenance of local species richness for different 

groups of plants and animals (Lawton et al. 1998; Barlow et al. 2007a). 

Finally, our findings improve substantially understanding of the importance of 

landscape structure and dynamics for the maintenance of biodiversity in human-affected areas. 

The sharp threshold observed for the biodiversity response to land-use intensity is mainly 

explained by forest availability and quality. Species richness was not maintained when forest 

cover fell below 40% and when forest patches contained <50% of undisturbed forest. An 

interesting correlate is that biodiversity loss may be mitigated either by sustaining forest 

quality (maintaining a high proportion of primary forest in the remaining patches) in highly 
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deforested landscapes or by maintaining large forest surfaces in regions where forest has been 

extensively degraded. Landscape fragmentation and dynamics seemed of lesser importance for 

the taxa we studied. Our findings therefore suggest that anthropogenic landscapes with high-

quality forests covering >40 % of the surface area (Figure 5a-b) may have a significant potential 

to offset biodiversity loss in Amazonia.  

Although this result provides valuable clues for identifying landscape management 

options toward meeting the challenges of biodiversity conservation and economic development 

in rural areas, it could be mistakenly used to justify the development of agriculture in still intact 

forest areas. The applicability of our findings must be considered with caution and should not 

be considered outside the context of already degraded landscapes because the maintenance of 

species richness alone may not represent a sufficient indicator of conservation success (Barlow 

et al. 2007a). For instance, the use of biodiversity metrics to measure the dissimilarity in 

community composition between intact forests and anthropogenic landscapes or to examine 

species life-trait shifts along deforestation gradients, although not possible in our study, should 

be considered in future cross-taxonomic studies. If we could have conducted such 

investigations, we would have been able to determine the relative importance of intact forest to 

species along the gradient of agricultural development or to determine species that are 

particularly sensitive to forest degradation. Additionally, the presence of a threshold at 

intermediate levels of deforestation does not exclude the possibility of an early drop in 

biodiversity at the onset of the deforestation process; we did not considered this. 

However, identifying relevant landscape characteristics for biodiversity conservation in 

agricultural lands paves the way to a definition of management policies for the reconstruction of 

sustainable landscapes, which will help reduce biological erosion by complementing the existing 

networks of protected forest areas. For instance, both Colombia and Brazil have the political will 

to preserve their forest resources and reforest already degraded areas (e.g., 20x20 initiative in 
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Colombia and the revised Forest Code in Brazil [Casa Civil 2012]). However, existing policies are 

often not applicable (Vedovato et al. 2016; Landau et al. 2012) and do not consider the quality of 

forest patches (e.g., up to 50% of non-native tree species are allowed in reforested areas in 

Brazil). Our results suggest that current legislation imposes fragile conditions on the 

conservation of biodiversity in rural landscapes and that the quality of forest remnants should 

be better considered when dealing with biodiversity monitoring. 
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Table 1. Main characteristics of the Amazonian landscapes in the 6 agricultural areas examined. 

Colonizati

on (years)a 

Land cover 2007 (%)b Metricc 

LI 

 Landscape 

(code) FO BF 

U

W PA LP FA 

W

A 

B

S 

Fqual 

(%) 

ED ( m 

ha-1) 

LUTO 

(%) 

Pacajá (A) 10 

77.

1 

19.

4 1.6 0.2 0.1 1.5 0.0 

0.

1 0.88 476.2 19.8 

0.2

1 

Palmares 

(B) 20 

81.

7 9.4 1.4 0.1 0.0 7.0 0.0 

0.

3 0.78 689.0 15.0 

0.3

8 

Maçarandu

ba (C) 40 

22.

7 

10.

9 

15.

6 

10.

0 

12.

8 

27.

9 0.0 

0.

0 0.49 622.6 31.9 

0.5

1 
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Aguadulce 

(D) >80 1.5 0.0 

45.

1 7.9 

10.

1 

14.

4 

20.

9 

0.

0 0.06 738.3 28.6 

0.7

4 

Balcanes 

(E) >80 4.2 0.0 

18.

7 

11.

8 

29.

7 5.1 

30.

3 

0.

1 0.17 698.0 34.7 

0.8

5 

Canelos (F) >80 2.0 0.0 

19.

1 

18.

2 

25.

4 

11.

8 

23.

3 

0.

2 0.09 653.3 31.0 

0.8

0 

aAge of human colonization. 

bLand-cover percent calculated from 2007 Landsat images: FO, primary forests; BF, burned 

forests;  UW, undergrowth wetlands; PA, pastures; LP, ligneous pastures; FA, fallows; WA, water 

areas; BS, bare soil.  

c Measures of landscape structure:  Fqual, forest quality (percent of forest in a given area that 

was undisturbed during the past 17 years), ED, total edge density; LUTO, land-use turnover (i.e., 

mean between-year dissimilarity in land-use composition from 1990 to 2007); LI, land-use 

index (0, lowest intensity; 1, highest intensity). 
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Figure legends 

Figure 1. Study sites in Amazonia and sampling design: (a) location of the 6 sites in Brazil and 

Colombia selected to represent a gradient of deforestation and land-use intensity,  (b) shape of 

each study area; (c) examples of farms selected in a given study area (here Maçaranduba) and 

locations of the 5 sampling points for biodiversity assessment, (d) example of how the 

landscape structure on 1 farm was described at 5 different dates to account for landscape 

dynamics.  
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Figure 2. Variations in regional species richness with land-use intensity for : (a-g) 7 target 

groups and (h) overall regional biodiversity calculated for all groups with the standardized 

species richness index (6 landscape areas ranked by increasing level of land-use intensity (see 

Table 1) (A, Pacajá; B, Plamares; C, Maçaranduba; D, Aguadulce; E, Balcanes; F, Canelos; hash-

marked bars ,cumulative number of species observed in each area; bars without hash marks, 

estimated regional richness calculated with the  abundance-based coverage estimator ; vertical 

lines, SE). 
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Figure 3. Relationships between local species richness and land-use intensity (0, lowest 

intensity; 1, highest intensity): (a-g) rarefied richness calculated for 7 target groups and (h) 

overall richness calculated for all groups with the standardized richness index (points,      

average values obtained from the different farms in each landscape). 
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Figure 4. Contributions of (a) landscape metrics and (b) rarefied species richness to the 

definition of the first 2 axes of the co-inertia analysis (qual, quality). 
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Figure 5. Relationships between the synthetic index of species richness and selected landscape 

metrics and (a) percent forest area, (b) forest quality, and (c) percent agricultural lands. 


