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ORIGIN AND SUBSURFACE MIGRATION OF
RADIONUCLIDES FROM WASTE ROCK AT AN
ABANDONED URANIUM MINE NEAR BANCROFT,
ONTARIO

ABSTRACT

Uranium-mine waste rock dump sites may require long-term surveillance because
of the potential contamination of radionuclides from waste rock to the subsurface
environment. In order to assess the conditions and controls on the migration
in groundwater of waste-rock-derived contaminants, an area of old waste rock
on a sand aquifer at the abandoned Greyhawk uranium mine near Bancroft, Ontario,
was monitored. The waste rock has been abandoned for more than two decades.
The results of a four-year hydrological and radiological investigation at
the Greyhawk site indicated the presence of contaminant plumes of ^°U, U,
226Ra, 210Pb, 230Th, 232Th, sulphate, bicarbonate and dissolved inorganic
carbon in the sand aquifer originating from the waste rock. Laboratory-
determined parameters were applied in two contaminant migration models for
simulating the observed frontal positions of the waste-rock-derived radio-
nuclides in the sand aquifer and also for predicting the spread of radionuclide
contamination in the future. With the possible exception of ''°U, reasonable
results were obtained for the simulations of the 226Ra, 210Pb and 230Th
mobilities in the sand aquifer.

RESUME

Les sites de haldes de steriles provenant des mines d'uranium peuvent
necessiter une surveillance a long terme vu la contamination potentielle
due aux radionucleides liberes par les steriles dans l'&nvironnement souterrain.
Dans le but d'evaluer les conditions et les mesures de controle de la
migration dans le reseau d'eaux souterraines de contaminants provenant de
steriles, on a etudie une zone de steriles entasses depuis plus de vingt ans
sur une couche de sable aquifere a la mine d'uranium abandonnee de Greyhawk,
pres de Bancroft (Ontario). Les resultats d'une etude hydrologique et
radiologique d'une duree de quatre ans menee au site de Greyhawk ont indique
la presence de zones contaminees par I1uranium 238, 1'uranium 234, le radium 226,
le plomb 210, le thorium 230, le thorium 232, le sulfate, le bicarbonate et
le carbone inorganique dissout dans la couche de sable aquifere en provenance
du sterile. On a applique des parametres etablis en laboratoire a deux
modeles de migration de contaminants afin de simuler la position frontale
observee des radionucleides provenant de steriles dans la couche de sable
aquif&re et afin de prevoir la dispersion de la contamination due aux radio-
nucleides a l'avenir. Compte tenu de 1'exception possible de 1'uranium 238,
on a obtenu des resultats acceptables en ce qui a trait aux simulations de
mobilite du radium 226, du plomb 210 et du thorium 230 dans la couche de
sable aquifere.

DISCLAIMER

The Atomic Energy Control Board is not responsible for the accuracy of the
statements made or opinions expressed in this publication and neither the Board
nor the authors assume liability with respect to any damage or loss incurred
as a result of the use made of the information contained in this publication.
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SUMMARY

This report includes the results and discussion of a four-year

investigation on the origin and subsurface migration of radionuclides from waste

rock at the abandoned Greyhawk uranium mine site near Bancroft, Ontario. This

investigation was initiated at the University of Waterloo under a research

agreement initiated in 1978 with the Atomic Energy Control Board.

The objectives of this investigation were (1) to develop an analytical

method to enable the sequential determination of 238U, 234U, 232Th,
23OTh, 226Ra and 210Pb in groundwater and other environmental samples, (2)

to assess the present-day spread of the waste-rock-derived chemical and

radioactive contaminants in the sand aquifer at Greyhawk, (3) to assess the

factors that affect the release of radionuclides by weathering from waste rock,

and (4) to assess the suitability of laboratory-determined parameters and of two

contaminant transport models for the simulation of the mobilities of the waste-

rock-derived radionuclides in the sand aquifer at Greyhawk.

A method for the determinations of 226Ra, 210Pb and the isotopes of

uranium and thorium in environmental samples was developed. Radiochemical

separations for this method are achieved by using ion-exchange and solvent

extraction techniques. The precision, accuracy and sensitivity for the

determinations of the radionuclides of interest have been determined.

A preliminary field investigation (Gillham et al, 1979) at the Greyhawk

site began in 1978 with the installation of a few multilevel piezometers in the

sand aquifer. The distribution of 22"Ra and several chemical constituents in

groundwater sampled from these devices were mapped. The results indicated a

zone of above-background concentrations of these constituents in groundwater in

the vicinity of the waste rock.

During the period from 1978 to 1982, a dense network of groundwater

sampling devices for the delineation of the extent of waste-rock-derived

contamination was installed in the aquifer. The groundwater velocities in the

aquifer progressively decrease from a maximum at 70 m/yr below the waste rock to

about 2 m/yr at approximately 125 tn downgradient from the waste rock.

Waste-rock-derived contaminant plumes of sulphate, bicarbonate, dissolved

inorganic carbon, 238U, 226Ra, 210Pb, 230Th and 232Th were identified

in the sand aquifer. The maximum zone of groundwater contamination in the sand

aquifer, as identified by elevated concentrations of sulphate, bicarbonate and
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dissolved inorganic carbon, extends approximately 100 to 125 meters laterally

downflow from the piles of waste rock to a swamp nearby. The lateral extent of

238u an,j 23Ay contamination downgradient from the waste rock is less than 80

meters, whereas the lateral extent of 226Ra, 210Pb, 230Th and 232Th

contamination is less than 20 meters. The highest, reported activities of

radionuclides that were found in groundwater below the waste rock in 1979 are

86.90 pCi/1 for 238U, 23.6 pCi/1 for 226Ra, 9.4 pCi/1 for 210Pb, 2.45

pCi/1 for 230Th and 1.10 pCi/1 for 232Th.

Rock-leaching experiments using artificial solutions that represent rain-

water and groundwater from the field site were initiated. The results from

these experiments indicated that the pH of the extractant is the most important

factor affecting the release of radionuclides from waste-rock weathering.

Similarities were drawn between the activities of radionuclides found in the

leachates from the rock-leaching experiments and those found in the contaminated

groundwater below the waste rock at the Greyhawk site.

The observed frontal positions of 238U, 226Ra, 210Pb and 230Th

contamination in groundwater from the waste rock piles were simulated using two

transport models, namely the advection-retardation model with uniform

groundwater velocity and chemistry and the cell model with non-unifora

groundwater velocity and chemistry. Both of these models

utilizedlaboratory-determined parameters, namely: (1) the measured amounts of

radionuclides that are extracted from waste rock upon leaching with artificial

rainwater and groundwater solutions and (2) distribution coefficients for U(VI),

U(1V), Ra(II), Pb(II) and Th(IV). The results from both models indicated good

agreement between the analytical and simulated frontal positions of 22^Ra,
21^Pb and ^!h in the sand aquifer. For the case of the uranium isotopes,

the simulated results from the transport models only partly corresponded with

that of the analytical results.

Radium-226 was the only radioactive contaminant species in groundwater from

this investigation that had been found to exceed the drinking water standards.

The spread of 226Ra contamination in the sand aquifer in the future was

assessed by predictions based on the transport models. Although the 226Ra

contaminated groundwater from the waste rock was predicted to reach the nearby
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swamp after 250,000 years, the activity of 226Ra in groundwater after 250,000

years was calculated to be less than the drinking water standard.

The analytical "*U activity in groundwater was found to progressively

increase with respect to the analytical "°U activity downflow from the waste

rock. That is, the 234U/238U activity ratios in the relatively-young

shallow groundwater increased to as high as 2.05 ± 0.19 from 0.80 ± 0.09. This

distribution pattern of the 23*U/238U activity ratios in the sand aquifer

could not be explained on the basis of previously-developed hypotheses on U

fractionation in groundwater. An explanation was given for this phenomenon

based on the different percentages of the (IV) and (VI) oxidation states of the
23*U and 23°U atoms in the contaminated groundwater. The validity of the

explanation was tested with the aid of the cell model and the laboratory-

determined parameters.

The findings from this investigation on the subsurface migration of radio-

active contaminants from uranium-bearing waste rock at the Greyhawk site were

found to be representative of a relatively-simple case. These findings,

however, are site specific and cannot be used to draw similarities at other

waste-rock sites. Nevertheless, the methodology used for the Greyhawk field

problem can be used at other sites for simulating the subsurface migration of

radionuclides from waste rock.
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CHAPTER I

INTRODUCTION

1.1 Objective and Scope

Nuclear power is becoming a major source of energy. Almost 30 percent of

the electricity that is generated in Ontario today comes from nuclear-power

stations and it is projected that the use of nuclear power will increase even

more in the future. One of the reasons for this is that the natural uranium

fuel that is used in these power stations, is readily available from the Elliot

Lake and Ban i-oft uranium mining districts in Ontario.

A schematic diagram of the Canadian nuclear fuel cycle Is shown in Figure

1.1. As nuclear power production increases, there becomes a need for further

development in the management and disposal of the ever-increasing volumes of

radioactive wastes that are produced from the nuclear fuel cycle. In

particular, research is needed to examine the long-term effects of the disposal

of radioactive wastes on the environment. The production of radioactive wastes

from the fuel cycle include very low-level wastes that are derived from the

mining and milling operations of natural uranium ore, the low and medium level

wastes from nuclear reactor operations and the high-level waste consisting of

spent nuclear fuel. In comparison to the extensive research that is devoted to

the disposal of spent nuclear fuel and associated low and medium level reactor

wastes (Tomlinson, 1982), only a limited amount of research has been directed at

assessing the effects on the environment of surface-deposited uranium mill

wastes (e.g. Blair et al., 1980; Morin et al., 1982). No investigation of the

release and subsurface migration of radionuclides from waste rock have been

reported in the literature.

Waste rock from uranium mines generally has very low levels of

radioactivity but commonly occurs in large volumes that are abandoned on terrain

neighbouring the mine chutes. Unlike other forms of radioactive wastes, uranium

mine wastes are not managed, as no precautions are imposed to shelter

the waste rock from natural weathering. The weathering of waste rock in the
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open atmosphere can result in the release of some long-lived and potentially

hazardous radionuclides belonging to the natural uranium-238, uranium-235 and

thorium-232 decay series (Veska,1983) to the subsurface through the agency of

groundwater.

The objectives of this investigation are: (1) to develop a radioanalytical

method to enable the sequential determination of 238U, 234U, 232Th,
230Th, 226Ra and 210Pb in groundwater and other environmental sampler, (2)

to assess the present-day spread of chemical and radioactive contaminants that

have been derived from waste rock in groundwater, (3) to assess the factors that

affect the release of radionuclides by weathering from waste rock, and (4) to

assess the suitability of laboratory-determined parameters in contaminant

migration models for the simulation of the mobility of waste-rock-derived

radionuclides in shallow groundwater in a sand deposit.

A field site was chosen for this study at an abandoned uranium mine site

near Bancroft, Ontario, where waste rock was left on an unconsolidated sand

deposit during the 1956-1959 period. The piles of the uranium-bearing waste

rock have been undisturbed by man since 1960. It was expected that during the

period of 1957 to 1982, weathering of waste rock had continually produced a

leachate that contained radioactive and non-radioactive constituents. Because

of the uncertainty as to the magnitude of the waste rock piles accumulated in

1956 in comparison to that in 1959, 1957 was chosen as the date for the initial

production of the waste-rock-derived contaminants. For the past 25 years from

1957 to 1982, the leachate was carried downward into the shallow groundwater

zone in a sand aquifer below the waste rock. Groundwater in the sand moves

laterally from the waste rock towards a wetland about 125 meters away. An

investigation of the distribution of radionuclides in this zone of primarily

lateral flow provided a basis for comparison of actual radionudide

distributions with distributions simulated using laboratory-measured parameters

and geochemical concepts. The radionuclides that are considered in this study

are 238U, 23*U, 230rhf 226Ra a n d 210Pb o f t h e M t u r a l
 2 3 % decay

chain and 232Th. A general review of the physical and chemical behaviour of

uranium, thorium, radium and lead in the environment is given in Veska (1983).



The factors that affect the natural release of radionuclides from waste

rock wera assessed in the laboratory as a taeans of characterizing the initial

hydrogeochemical events in the migration of the waste-rock-derived radionuclidas

to the subsurface environment. Some of these factors.include the surface area

of the rock grains, the solid-liquid ratio, the mineralogical composition of the

rock, the weathered and the unweathered types of rock surfaces and the

interaction of rock with solutions of rainwater and groundwater from the field

site. The effect of each of these factors on the degree of dissolution of

radionuclides from the rock was determined by a batch leach procedure. Because

the dissolution rate of radionuclides by a batch leach procedure was expected to

be higher than that which occurs in nature, waste rock was also gradually

leached by a column leach procedure. The combined results from the batch and

column leach procedures were used in part to explain the present-day

distribution of the chemical and radioactive constituents in groundwater found

beneath and beyond the waste rock.

As radioactive contaminants in groundwater migrate laterally from the waste

rock in the sand deposit, some radionuclides are strongly influenced by

adsorption whereas other radionuclides are influenced by several geochemical

processes, such as oxidation-reduction, precipitation-dissolution, cocplexation,

ion pairing and adsorption-desorption. For the simulation of the present-day

distribution of radionuclides in groundwater, two transport models, that have

incorporated the effects of geochemical processes on the migration of

radionuclides from waste rock in groundwater, were applied to the Greyhawk field

problem. These two mo iels were the advection-retardation model and the cell

model. Both of these models are described in Chapter 2. The advection-

retardation model is normally used when the geochemical effects on solute

migration can be described by simple adsorption and/or ion exchange processes.

The cell model is normally used when these and/or other geochemical processes

are effective. In the application of both of these models to contaminant

migration problems, the K<j parameter is utilized. Kd, known as the

distribution coefficient, is a valid representation of the partitioning of a

radioactive solute between the liquid and solid phases only if the reactions



that cause the partitioning are fast and reversible and only if the resulting

sorption isotherm is linear. At the field site, linear sorption isotherms were

expected for radionuclide species released from the waste rock to the underlying

water table because of the low ionic-strength water produced from the natural

weathering of the waste rock.

If equilibrium geochemical conditions exist for contaminant migration in

the sand deposit along the flow path from the waste rock, then a constant K<j

for a radionuclide can be applied in the advection-retardation model. If,

however, the groundwater along the flow path from the waste rock is in dynamic

chemical evolution, the K,j for a radionuclids is then expected to vary from

one location to the next over a period of time (Reardon, 1981) and thus a

constant K<j cannot be used in the advection-retardation model. In this type

of situation, the cell model is more effective in the simulation of dynamic

changes in the groundwater chemistry during flow.

Early in the field investigation, two major groundwater flow paths from the

waste rock were identified. Along one flow path, the groundwater is

predominantly a calcium-bicarbonate water that is relatively-pH constant.

Because the Kg for a radionuclide is not expected to change significantly with

distance along this flow path, the advection-retardation model was applied. The

groundwater in the other flow path evolves from a pH 3.0 calcium-sulphate water

beneath the waste rock to a calcium-bicarbonate water at a pH of 7.0 downflow

from the waste rock. In this situation, the K<j for a radionuclide is not

considered to be constant throughout the sand deposit. The relative mobility of

the waste-rock-derived radionuclides along the latter flow path was simulated by

a cell model that accounted for the variations in Kd with respect to changes

in pH and the chemical composition of groundwater downflow from the waste rock.

The 234y actiVity in groundwater was shown from the field investigation

to increase progressively with respect to the 238y activity downflow from the

waste rock. The observed 234y/238u activity ratios in groundwater increased



to as high as 2.05 ± 0.19 from 0.30 ± 0.09. Explanations for this phenomena in

the relatively-young shallow groundwater could not be obtained from previous

case studies dealing with 23*U fractionation in old groundwaters in deep

confined aquifers (Chapter 2). Therefore, several mechanisms to explain the
23*u-enriched groundwater at Greyhawk were put forward and were tested. One

test involved the application of Kd values of tl(IV) and U(VI) in the cell

model in the evaluation of the preferential migration of 234U in comparison to

238y <jue Co differences in the distribution of the oxidation states of each

atom. This particular test was considered important with regard to the

assessment of the applicability of the Kg concept.

The objectives of this investigation were implemented by performing five

main tasks, namely: (1) the development of a radio-analytical method to enable

the sequential determination of 238U, 234U, 232Th, 230Th, 226Ra and

2l0pb from a single sample of water, soil or rock; (2) the estimation of

groundwater flow rates and the delineation of the spread of chemical and

radioactive contaminants derived from waste rock in the groundwater zone at the

field site; (3) the description of the contaminant' release from the source

material by rock leaching experiments; (4) the determination of the

radionuclide partitioning between soil and groundwater by laboratory

experiments; and (5) the assessment of the suitability of the laboratory-

determined parameters in contaminant migration models for the simulation of the

relative mobility of waste-rock-derived radionuclides in groundwater at the

field site. The effort expended in each of the five tasks is briefly outlined

below. Because no single comprehensive methodology was found for the analyses

of the given suite of radionuclides, an analytical method for task 1 was

developed from a combination of procedures described in the literature. The

most common radioanalytical procedures that are found in the literature, are

summarized in Veska (1983). Task 2 was accomplished by drilling holes in the

granular overburden in areas doviflow from the waste rock, by installing

multilevel piezometers and water cable wells in the drill holes and by



analysing the water pumped from the multilevel devices for natural and

waste-rock-derived chemical and radioactive constituents. The experiments of

task 3 entailed the leaching of waste rock with artificial solutions that

represent rainwater and groundwater from the field site. For task 4, samples of

uncontaminated soil from the field site and three types of simulated groundwater

were equilibrated individually with known amounts of a radioactive standard for

the determination of the batch Kd values. Laboratory batch Kd values were

determined for uranium (IV), uranium (VI), thorium (IV), radium (II) and lead

(II). The fifth task assessed the use of the laboratory-determined parameters

in the transport models. These parameters included batch Kd values and the

measured activities of extracted radionuclides in leachates from the rock

leaching experiments. The assessments were made by comparing the simulated

distances travelled by radionuclides downflow from the waste rock after 25 years

with those found in the sand aquifer in 1982.



CHAPTER 2

LITERATURE SURVEY

2.1 Transport Models of Radionudide Migration

The advection-dispersion equation is most widely used for the prediction of

solute migration in the subsurface. For the case of a one-diaensional flux of a

single solute through a saturated homogeneous granular porous medium, the

equation is expressed as

i£-i£(Doi£)-voi£ (2.D
3t 3x 3x 3x

where C is the concentration of the solute in solution, t is time, x is the

space coordinate, Do is the hydrodynamic dispersion coefficient and VQ is

the average linear groundwater velocity. The advection-dispersion equation is

particularly applicable to the migration of non-reactive solutes in porous

media. For the migration of reactive radioactive solutes in porous aedia,

several transport models have included a reaction term for geocheaical mass

transfer processes in the advection-dispersion equation. These models include

the advection-dispersion-retardation model, the advection-retardation model and

the cell model. Each of the three transport models are discussed in the

following subsections.

2.1.1 Advection-Dispersion-Retardation Model

The one-dimensional form of the advection-dispersion-retardation model for

homogeneous media is expressed as

3t 3x ° 3x ° 3x 7i 3t

where £S_ i s the rate at which the solute is absorbed in the porous medium, p is
3t



the bulk density, n is the porosity and the other parameters have already been

defined above. The three solute transport terms in equation 2.2 are advection

(Vo 3C),hydrodynamic dispersion (3C (Dn3C)) and chemical reaction (p . 3S).
Tx "3x Tic n TE"

Advection and hydrodynamic dispersion constitute the physical transport

processes in the model for a migrating solute. Advection is referred to as plug

or piston flow in porous madium that results from the bulk motion of flowing

groundwater. Hydrodynamic dispersion influences the shape of the advecting

solute front by a spreading phenomenon that results in a sigmoid-shaped front.

This spreading phenomenon or dilution effect results from mechanical mixing due

to microscopic processes and molecular diffusion (Freeze and Cherry, 1979). The

hydrodynamic dispersion coefficient, Do, in equation 2.2, is determined from

the relation,

D - a V + D* (2.3)
o o

where a is the dispersivity of the porous medium and D* is the coefficient of

diffusion. Diffusion is considered important in equation 2.3 only at low

velocities.

The chemical reaction term includes geochemical mass transfer processes

that affect the amount of partitioning of a solute between liquid and solid

phases in groundwater flow systems. Solute partitioning between liquid and

solid phases is commonly derived from a series of batch equilibrium experiments

under isothermal conditions and is expressed in the form of a sorption isotherm

on a logarithmic graph paper. The isotherm defines the relationship of the

solute concentration in solution, C, versus the solute concentration on the

solids, S. From the reaction term in equation 2.2, it follows that

where j|S_ represents the solute partitioning between the liquid and solid phases
3C
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and is the slope of the isothera. The isotherm shapes that are commonly

encountered and their mathematical relationships are discussed by Golubev and

Garibyants (1971) and Smith (1970). The most common isotherm found to

successfully match experimental data by empirical means is the Freundlich

isotherm as expressed by the equation,

S - KCa (2.5)

where K and a are empirical constants and S and C have previously been defined.

The constant a, represents the slope of a log-log plot of S versus C. The

Freundlich relation can be used to describe three different isotherm shapes.

For example, when a. is less than 1, the S/C ratio decreases with increasing C.

When a is greater than 1, the S/C ratio increases with increasing C. In the

case of a linear isothera when a»l, the S/C ratio is constant and equilibrium

conditions exist between the adsorption and desorption reactions.

A plot of the slope of the sorption isotherm fron experimental data versus

C is used as a means to examine further the solute distribution between the

solid and solution phases. This plot is known as the distribution function,

Kf. Differentiating equation 2.5°with respect to C,

Kf - U - KaC*"
1 (2.6)

and thus the equation for the Freundlich distribution function simplifies to

Kf - KaC*
1 (2.7)

When a-1, the sorption isotherm is linear and K« is represented as a

horizontal line with respect to the C axis on a Kf versus C plot. For this

special case, Kf is equal to an equilibrium constant for the solute reactions

between the solid and solution phases. This constant is commonly known as the

distribution coefficient, Kg.
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Sorption isotherms are generally linear (eg. a«l) for trace levels of

radioactive solutes* Wahlberg and Fishman (1962) applied the law of mass-action

(or chemical equilibrium) of ion exchange to prove that the sorption isotherm is

linear when the solute concentrations added in batch reactors are small compared

to that of the concentration of the competing cation* Non-linear sorption

isotherms were observed by Wahlberg and Fishman only when the concentration of

the solute in solution far exceeded that of the competing cation concentration

and when the amount of the adsorbed solute approached the cation exchange

capacity of the soil.

In situations where the K^ concept is applicable in equation 2.2, the

advection-dispersion-retardation model is modified as

! £ . ! £ ( D !£)-v i£-£ic, i£. (2.8)
3t 3x ° 3x ° 3x n 3t

Analytical solutions for this model and its related two- and three-dimensional

forms are given by Baetsle (1967,1969) and Cleary (1978). The applicability of

the advection-dispersion-retardation model to real systems was reviewed by

Gillham and Cherry (1982). They found that accurate predictions have not been

made by this model for the migration of reactive solutes in saturated laboratory

columns of porous, homogeneous geological materials. The applications of this

mathematical model to field-related problems, that have the added complexity of

heterogeneity in the system, were expected to be entirely empirical (Gillham and

Cherry, 1982). Although there are several limitations to the model, the

alternative models for contaminant migration are either empirical and

unrepresentative of the actual field conditions or more sophisticated but in the

early stages of development (Gillham and Cherry, 1982).
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2.1.2 Advection-Retardation Model

The advection-retardation model is becoming a widely-used transport model

by hydrogeologista for the evaluation of contaminant migration in groundwater.

This model is derived from the advection-dispersion-retardation equation by

assuming negligible dispersion In the porous medium and the applicability of the

Kg concept. The advection-dispersion-retardatioa equation, or equation 2.8,

is rearranged to yield,

3C 3C f- 3C-» . s 3C (« o\

where

1 + o •
If

(2.10)

and

V,,
(2.11)

Equation 2.11 is known as the retardation equation and also the equation for Che

advection-retardation model. The advection-retardation model determines the

retardation of the 50 percentile concentration point on a contaminant front

emanating from a continuous source in porous medium. In some situations, a

source can be discontinued and thus the flushing of low concentration

groundwater through the previously-contaminated zone causes the contaminants to

move as a cloud or slug through the flow system (Pickens and Lennox, 1976). For

these situations, the advection-retardation model determines the retardation of

the centre ox the contaminant cloud or slug moving from the point source while

undergoing processes of adsorption and desorption (Saetsle, 1969). A few
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examples of the applicability of this simple model for the prediction of

contaminant migration in subsurface environments are given by Higgins (1959),

Baetsle (1967, 1969) and Grisak and Jackson (1978). The accuracy of the

predictions made by these Investigators was found to be dependent on the

validity of the following assumptions: (1) that the dispersive process was

negligible and (2) that the Kj was representative of the interactions between

the solute and the porous medium.

2.1.3 Cell Model

Models that simulate the migration of a reactive solute in a flow regime

with respect to dynamic changes in the groundwater chemistry are in the early

stages of development. Because the advection-retardation model cannot be used

to simulate accurately solute migration as a function of reaction progress in a

flow regime, a conceptual model called the cell model has been developed for

this purpose. Simpson (1973) defined the finite state cell model as a

conceptual array of one or more interconnected mixing cells that represent a

flow system by a sequence of finite states. For the case of a single mixing

cell, there is a single input and single output. At each iteration, the

injection of a given volume of input solute solution into the influent end of

the cell causes the expulsion of an equal volume of the previous cell solution

out of the effluent end of the cell. Simpson (1973) stated that the

conservation of mass must be obeyed in each cell for each iteration. That is,

the solute concentration within the cell at the present iteration is equal to

the solute concentration within the cell from the previous iteration, plus the

solute concentration entering the cell at the present iteration, minus the

solute concentration leaving the cell at the present iteration. A time interval

between the successive iterations is assigned to the model in order to relate

the solute concentrations in each of the cells to time (Simpson,1973).

Solute dispersion and retardation are also programmable into a cell model

(Simpson, 1973). Dispersion is accounted for by assigning a fraction of the

solute concentration in any one cell to be instantaneously placed downflow into

the next cell. The fraction size depends on the dispersivity and the water
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velocity in the porous medium. As for the effects of solute retardation in the

porous medium, various fractions of the solute concentrations are assigned in

Che sorbed and solution states. These fractions are determined from the

sorption isotherms for a particular solute.

The testing and application of a cell model in the simulation of solute

transport through a laboratory soil column are given by Reynolds (1978).

Reynolds had arranged the cells in a series that paralleled the column's flow

path, with two impermeable cell boundaries for aach cell normal to the flow

lines. A set of recursive equations was used to perform a solute mass balance

in each cell, is. beginning with the first cell and serially working downflow to

the last cell. One of the main recursive equations was that for the sorption

term as,

BT

where C » mass of solute in solution in a given cell

W » total mass of solute in the cell (eg. the summation of the sorbed

solute mass and the solution solute mass).

&£ » retardation factor, where Rf • 1 + o..Kd
n

Reynolds (1978) tested the behaviour of the cell model by varying the

number of cells, the retardation factor, dispersion factor and groundwater

velocity. The more cells that were assigned in the model, the more the slope of

the simulated breakthrough curve was found to increase and converge to a

particular shape and degree of symmetry. Reynolds reported that the number of

cells employed directly affected the degree of approximation of the answer. The

accuracy of the approximation increased with Che number of finite unics employed

until a certain end point was reached; thereafter, any increase caused model



15

breakdown. (Carberry and Bretton (1958) and Banks (1974) have developed

equations for'the determination of the number of cells and the length of each

cell that are required to simulate a flow domain). The influence of the

magnitude of the retardation factor (Rf) and the dispersion factor on the cell

model was also investigated. For high values of Rf and Kd, the influence of

dispersion on the shape of the breakthrough curve was negligable. As the Rf

and Kd values decreased, the shape and position of the breakthrough curve were

controlled by the dispersion factor. Different flow rates were found to have no

effect on the shape of the breakthrough curves.

Reynolds (1978) also tested the results from the cell model with respect to

the results from three solutions of the advection-dispersion-retardation model

in the simulation of solute transport. These solutions were the finite

difference model, the finite element model and an analytical solution. The main

difference between the four models was that the cell model treated solute

sorption separately from dispersion. For example, if the K,j»s for the solute

were high, then dispersion and advection had little influence on solute

movement. For the other three solutions, the velocity and dispersion terms were

found to exert the controlling influence on the tracer migration in the porous

medium, regardless of the magnitude of K<j.

The cell model developed by Grove and Wood (1979) was different from that

developed by Reynolds (1978). The difference was that the Grove and Wood model

employed equilibrium chemical routines of various mass transfer reactions and

calculated values of ion-exchange selectivity coefficients from laboratory batch

experiments. The Kd parameter was not included in the Grove and Wood model.

Their model provided acceptable results for the prediction of solute migration

in laboratory column experiments. Other successful applications of the cell

model using continuous simulation modelling programmes to simulate experimental

and field data are given by Van Beek and Pal (1978) and Dance and Reardon

(1980).
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2.2 Isotopic Disequilibria in the Uranium-238 Series

2.2.1 Introduction

Geological materials in closed systems older than ten million years contain

activity ratios of 234^238^ 230Th/238O) 226Ra/238u a n d

210pb/23^U that are equal to unity. This means that the daughter products

of the uranium-238 series (Veska, 1983) are not fractionated from the parent,
238U, and that a condition of secular equilibrium is attained within the

system. Such equilibrium conditions exist ideally in permanently dry

environments, such as on the moon (Fleisher, 1980), If, however, geological

materials are brought out of the closed system and into a surficial environment,

the material becomes exposed to weathering processes and to surface water and

groundwater. This would cause the activity ratios of 3^U/ - % ,

23Orh/238u> 22^/238,; a n d 210pb/238u to d e p a r t f r o m u n i C y l a t h e

rock as well as in the resulting leachate. In other words, a state of

disequilibria would exist amongst the members of the uraniusr-238 series. Once

disequilibria in the uranium-238 series is attained in some material and then

returned back into a closed system, the required time interval for equilibrium

to be achieved again is approximately 2.5 million years.

2.2.2 Disequilibria in Hydrogeological Systems

Disequilibrium activity ratios (abbrev. as A.R.'s) of 234U/238U in

nature were first noted by Cherdynstev et al. (1955). Since then, 234U/238U

disequilibrium activity ratios in natural systems have been used for studies

involving hydrogeology, age dating, marine chemisty and geochemical exploration

(Thurber, 1962; Rosholt, 1958; Dooley et at. 1966; Osmond et at. 1974; Cowart et

al. 1978, Cowart and Osmond, 1977; Tltayeva and Veksler, 1977; Levinson and

Coetzee, 1978; Kronfeld, 1974; Chalov and Merkulova (1969); Asikainen, 1981;

Sussain and Krishuaswami, 1980). A review of the fractionation of 234U in

aydrolegic systems is given by Osmond and Cowart, 1976. In comparison to the

extensive literature on 234U/238U disequilibrium in groundwater regimes,

little is reported on the disequilibria of 23oTh/238U, 226Ra/238U and

2l0pj,/238u i n a simile environment.
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Isotopic disequilibrium between 3*U and % has been found in the

hydrosphere to vary from 0.8 to 2.5 in terrestrial surface waters and between

0.5 to 12.0 in groundwaters (Osmond and Cowart, 1976). The extreme

fractionation of ^J that ranges from 4.0 to 12.0 in groundwater is generally

found in old groundwater regimes in deep confined aquifers (Kronfeld 1974;

Cowart and Osmond 1974). Previous investigations on these high 234U/238U

A.R. in deep groundwaters on a regional hydrogeological scale have revealed that

234y c a n s e r v e as a natural isotopic tracer and hold the potential of defining

groundwater movement, deep-water mixing and time transit (Szabo, 1982). In

contrast, little or no attention has been given in the past to 234y

fractionation in relatively-young groundwater from an uranium source on a local

hydrogeological scale.

2.2.3 Theories on the Fractionation of Elements in the Uranium-238 Series

With the exception of 234U, the fractionation of the decay products in

the uranium-238 series can be explained by the different chemical and physical

properties in comparison to the parent, "°U. In the case of HJ, both
23^u and 2^°U atoms behave the same chemically, and it would not be expected

for fractionation of 234U to occur. However, natural enrichments in 23<iU

rather than 23®U are normally found in water in contact with weathered uranium

minerals (Cherdyntsev, 1971). In most case studies, the enriched 23*U water

had left the rocks through which it had flowed, depleted in 234U (Fleischer

and Raabe, 1978). The common hypothesis for "TI enrichment in water from

surficial weathering of uranium minerals is by the decay-related oxidation

theory (Cherdyntsev, 1971; Rosholt et al., 1965; Osmond and Cowart, 1976). Two

different views on this theory are taken by Cherdyntsev (1971) and Rosholt et

al., (1965). Cherdyntsev (1971) stated that some of the 234U atoms were

removed from the original positions in the uranium mineral by recoil during

geological time and were relocated into crystal defects and microcracks, where

it was liable to become more readily eliminated out of the mineral than the

parent isotope, 238U. Because of the selective exposure of the dislocated

atoms in the mineral, 23^U became more readily oxidized
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than 23% un<jer oxidizing conditions in the surface layers of che earth. In

contrast, Rosholt ec al. (1965) suggested another mechanists. For example,

hexavalent 234TJ ac o m s have been formed by the stripping of two electrons from

recoil and bond breakage in the rode during geological time, and later, some of

these atoms have been reduced back to U(IV) atoms by insitu reduction.

Regardless of the mechanism for 234U fractionation in rocks, Kolodny and

Kaplan (1970) have determined that approximately one-third of the

decay-generated 23*U a t 0 B S within unweathered rocks is in the (VI) oxidation

state, whereas the remaining two-thirds is in the (IV) oxidation state- These

investigators have also determined that 2 3 % atoms in unweathered rocks are

predominantly in the (IV) oxidation state. In a laboratory study, Chalov and

Merkulova (1969) carefully separated U(IV) from U(VI) in secondary minerals by

chemical means and found that the U(VI) fraction had a higher 234U/238U

A.R. than the U(IV) fraction. Also, Chalov and Merkulova found that the

external oxidation of uranium in the microscopic dislocations caused the

234u/238y A.£, t0 tacrease in the aqueous extract. The leaching experiments

of uranium ore with various extractants by Vaeaoto (1973) showed a high

234U/238U A < R < aC ^357 i n t h e ieachace. With increased leaching time and

fractional extraction of uranium in solution, the activity ratio in the leachate

decreased to 0.886. Umemoto (1973) explained the high 2340/238u A t R. d u r i n g

the first set of extractions as being due to the leaching of the more easily

extractable hexavalent 234y atoms from the crystal lattice.

The degree of 23AU fractionation in water that can be explained by

selective leaching of "*U atoms from rocks are in the order of a few tens of

percent. However, deep groundwaters stich as the groundwater in the Trinity

Aquifer in Texas, contain 234U fractionation as great as 1200Z (Kronfeld,

1974). Kronfeld (1974) explained the excess 234U in the deep groundwater as

the result of the production of 234U atoms from the decay of the entrapped
23*Th and 238U atoms in the sediments over geological time. Kronfeld's

explanation was based on the experiments from Kigoshl (1971), who found that

uranium separation could occur independent of leaching. Kigoshi suggested from

his findings that the alpha-recoil 234Th atoms that were ejected into

groundwater from "8p decay, had produced the excess
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2.3 Previous Studies at the Field Site

A survey was conducted on twelve mine waste disposal sites in the Bancroft

uranium mining district in 1977 by the Department of Earth Sciences of the

University of Waterloo. The purpose of this survey was to locate possible

waste-rock sites for the study of migration of long-lived radionuclides in

unconsolidated sand deposits (Gillham et al, 1978). The investigation revealed

that the conditions at the abandoned Greyhawk mine site appeared to be the most

favourable. The rationale for the selection of this site is because it contains

two types of waste rock that vary in degrees of radioactivity and that have been

exposed to weathering processes since 1956. Although the mine has been

abandoned since 1960, the continuation of weathering of the waste debris to the

present time has served as a natural source of radionuclides to the subsurface

environment. The mine waste is situated on a sand aquifer that has desirable

hydrogeological features for a study on the subsurface migration of the

waste-rock-derived radionuclides.

The Greyhawk mine is situated on a large intrusive batholith, that consists

mainly of pegmatitic granite and intruding gabbro (Lang et al, 1962). This

batholith, which is located in the Grenville Province of the Canadian Shield, is

of Precambrian age (i.e. an approximate age of 0.9-1.2 billion years (Woodford,

1965)).

At the field site, pegmatite is the major radioactive rock type, containing

uraninite and uranothorite as the ore minerals (Lang et al, 1962). In fact,

the Bancroft area contains the only deposits in Canada of the pegmatitic type

that have produced uranium (Hewitt, 1978; Lang et al, 1962). Gabbro, the other

predominant rock type at Greyhawk, contains visible pyrite grains and negligible

amounts of radioactivity. No ore is generally found in the gabbro except in

contact with the pegmatitic rock (Lang et al, 1962; Morse, 1971). A detailed

description of the regional geology of the area is reported by Hewitt (1937,

1959) and Lang et al, (1962).

The regional topography and site location are shown in Figure 2.1 and the

detailed surficial features of the study area are shown in Figure 2.2. The sand
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plain in Figure 2.2 is the principal geologic feature of relevance to the

present study. The plain, with a surficial area of approximately 2.0 hectares,

is bounded on the north by the waste rock and outcrop, on the east and south by

the swanp and in the west by a snail creek. The topography of the sand plain is

generally of low relief, with a gentle slope towards the swamp area, which is

the only major surface drainage feature in the study area. Because there was no

visible evidence of surface channels caused by surface runoff and because the

soil is quite permeable, it is reasonable to expect that nearly all of the

precipitation that falls on the sand plain, except for water lost by

evapotranspiration, recharges the groundwater zone in the sand deposit.

Uranium ore averaging 0.095 percent U30e, was removed from the Greyhawk

mine from 1956 to 1959 and was transported to a nearby processing facility. The

mine waste at Greyhawk, consisting entirely of pegmatitic and gabbroic waste

rocks deficient in U308 (i.e. less than 0.01 percent), was dumped over the side

of the bedrock outcrop onto the sandy plain. Ihe piles of waste rock range from

approximately three to five meters in total height. In addition, waste rock was

discharged into the swamp at a point north-east of the study area and was also

used in the construction of the gravel road across the sand plain (Figure 2.2).

Weathering of the waste rock at the site had been expected to effect the

chemical composition of the underlying groundwater, as well as the surface water

in the creek and swamp. Although the distributions of radionuclides in

groundwater at the study .area have not been previously investigated, the

distributions of 2^&Ra g^^ uranium in the bottom sediments of the surface

drainage system at the Greyhawk site have been investigated by Morse (1971).

Morse found the 26Ra activities and the uranium concentrations in the bottom

sediments of the creek draining southwards from the waste rock (Figure 2.2), to

decrease with distance from 7 to 4.5 pCi/g and from 33 to 12 ug/g, respectively.
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With the exception of the Greyhawk site, Chamberlain (1964) investigated

the distribution of uranium concentrations in surface waters adjacent to several

uranium-mine waste dump sites in the Bancroft area. Chamberlain found high

concentrations of uranium in surface waters in the vicinity of the waste dumps,

as high as-720 ug/1, and less than two ug/1 in surface waters downstream from

the dumps.

The hydrogeochemistry of 226R 3 ±n th e Bancroft area is reported in

Ontario Water Resources (19o5). Ontario Water Resources (1965) stated the mean
226Ra activity in surface water at less than 3 pCi/1. 226Ra activities as

high as 106 pCi/1 were found in some uranium mine-influenced groundwater

samples.
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CHAPTER 3

RADIOANALYTICAL METHOD

In order to map the activities of 2 3 % , 234U, 232Th, 230Th, 226Ra

and 2^Pb in groundwater in the sand aquifer, it became desirable to develop a

method for the sequential determination of these nuclides from a single

groundwater sample. The literature contains several nethods of analysis for

each radionuclide of interest, as summarized in Veska (1983), and even aethods

for the sequential determination of two or more of these radionuclides (Sill,

1969; Sill, 1977; Thompson, 1973; Percival and Martin, 1974). However, no

Single comprehensive methodology could be found for the sequential determination

of these radionuclides with the desired chemical recovery, accuracy, precision

and sensitivity. Therefore, an effort has been made to develop such an

analytical method.

3.1 Analytical Scheme

A method ' for the sequential determination of 2 3 % , 234U, 232Th,
23^Th, 22^Ra and *^Pb in environmental samples has been formulated from a

combination of various procedures that are given in the literature. The

analytical scheme for this method is presented in stages in Figures 3.1, 3.2,

3.3, 3.4, 3.6 and 3.8. The scheme includes sample preparation techniques,

radiochemical separation techniques of IT, Th, Ra and Pb and then finally,

radioanalytical determinations of each of the radionuclides of interest. The

method is described in stages below.

The first stage includes the sample preparation techniques for groundwater,

rock and soil samples as outlined in Figure 3.1. Because of the trace levels of

activities of radionuclides that are generally round in groundwater, large

volumes of filtered water are usually collected from a field site. After

filtration of ,water through a 0.45 u membrane filter, concentrated nitric acid

along with 1 mg ferric and 1 ing barium carriers are added as preservatives to

the sample. Enough nitric acid is added to decrease the pH of the water to pH
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ANALYTICAL SCHEME

ROCK, SOIL SAMPLES

TOTAL ACID DIGESTION
(Preliminary testing with o
H N 0 3 / H C I 0 4 / H F digtstfon
technique at 180° In o teflon
bomb + H 4 Th, ts*U tracers)

CARRIERS

( Ima F?*+ I ma

WATER SAMPLES

I
FIELD SAMPLING
(optimum l?4 liters)

FILTRATION
(0.49 it membrane filter)

ACIDIFICATION
( I % HNO3 In sample )

, " * U tracers

In I liter)

SAMPLE SOLUTION

N.B. Acidified water somp(es stored for more than 30 days
to ensure lwPb/ M B i equilibrium

Figure 3.1 Stage 1: Sample preparation.
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1.0. 2 ^ h an<j 232^ a s traCe-s, are added to the sample for monitoring the

chemical recoveries of thorium and uranium. The acidified sample solution is

stored for more than 30 days to ensure 210Bi/2i(^Pb equilibrium vithin che

sample. The reason for the storage time is that bismuth compounds tend to

precipitate in the pH range of most natural waters and thus tends to create

210B1/210pb disequilibrium.

In the rock and soil sample preparation technique, solid samples are

digested with a HNO3/HCIO4/HF mixture (5:5:10) along with 23ATh and 232U

tracers in a 75-ml volume teflon bomb at 180°C. After the digestion, the

solution is evaporated to near dryness under a heat lamp to remove the HF(g)

and Si?4(g) gases. The contents are then dissolved in a solution containing

dilute HC1 and ferric and barium carriers. The recoveries of uranium and

thorium from the bomb method range from 60 to 90S. Other digestion techniques

are available in the literature but they have neither been tested nor applied in

this investigation.

Next is the preconcentration stage for all the radioelements of interest as

outlined in Figure 3.2. The sample solution is adjusted to pH of 3.0 by the

addition of NH4OH and is passed through a 1.7 cm x 10.0 cm cation exchange

resin column with Dowex 50x8 resin (200-400 mesh), at a flow rate of 1.5

ail/ann. All radionuclides of interest are retained in the column. Because the

total cation exchange capacity in the 1.7 cm x 10.0 cm resin column is equal to

39 milliequlvalents, the total amount of cations in the sample solution must be

restricted to under 39 miHiequivalents or a larger amount of resin must be

taken. The exchange ; ̂actions that display the equilibria between the hydrogen

ion and each of the radionuclides of interest are given in Figure 3.2.

After the adsorption of radionuclides on the cation exchanger, the

following stage, as shown in Figure 3.3, consists of techniques for the

separation of U, Th, &a and ?b. A solution of 200 ml 12 M HC1 is added to the

cation exchange resin column to elute U, Ra, Pb and Bi. Thorium is not eluted

by the 12 M HC1 solution. Instead, thorium is subsequently eluted from the

column with 200 ml of 0.5 M oxalic acid (Hyde, 1960). The exchange reaction of

thorium in the presence of oxalic acid is shown in Figure 3.3.
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SAMPLE SOLUTION

pH 3.0 by NH4OH

ADSORPTION OF CATIONS (including UtTh,Ro,Pb,BI,..) ON CATION EXCHANGER

( OOWEX S 0 - X 8 , 200-400mesh,Resin Column-1.7cmxlOcm,Total CEC*39meq/23ml
of swollen cation resin)

Th*+ Z

2HlRsS0g+

2 H+RsSO~+ Pb2+ Z

2H

4H

2H

2H

Bi 3 + Z Bi3+(RsS0~)3 + 3H +

Exchange
Reactions

Rs * Resin Matrix

Figure 3.2 Stage 2: Preconcentration of elements on cation exchange
resin.
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SAMPLE
SOLUTION

— CATION EXCHANGER

(Adsorbtd Cationsi U,Th,Ro,Pb,3i,...)

.,, _ ^ Row Rot* » 1.5 ml/min
(I) Effluent

(2) Etuant-200ml I2M HCI

U,Ro,Pb,BJ

(3) Eluont-200 ml 0l5M

Th

2H ++ Th(C204)f"+

SEPARATION OF U FROM Ro,Pb,B) ON ANION EXCHANGER
( Oow«x I -X8 , 100 -200 mwh J Resin Column -0 .6cm x 20cmi

Total AEC * 7 m«q/6 ml of swolltn anion rtsin)
Flow Rat* * 0.5 ml/min

Wash-300 ml 9M HCI

Non-adsorbed tons

Ra, Pb,BI

I
Adsorbed Ions

U,F*

+ (uqpg ~ RsN(cHs}lajo3cg + ci
2 -

(cn3)3a + (uOjCg z RSN{CH,)S{UO,CI3) + 2a

Figure 3.3 Scage 3: Separation of U, Th, Ra and Pb.
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Because uranium exists as an anionic species in the concentrated HC1 eluant

and because these complexes are strongly adsorbed on anion exchange resins

(Korkisch, 1969), uranium can be separated from Ra, Pb, Bi and other elements

with the help of anion exchange resins. The solution containing U, Ra, Pb and

Bi in the 12 M HC1 eluant is passed through a 0.6 cm x 20.0 cm column that is

pre-packed with Dowex 1-X8 (100-200 mesh) anion exchange resin. The column is

then washed with 300 ml of 9N HC1. Uranium is retained on the resin in the form

as shown in the exchange reaction in Figure 3.3. Ra, Pb, Bi and other ions, on

the other hand, are eluted through the column at such high concentration of

HC1. Ions such as Fe, Mn and Co, form anionic chloride complexes and are also

retained in the resin along with uranium (Korkisch, 1969).

Stage 4 in the analytical scheme, as shown in Figure 3.4, is the

purification and the radioanalytical determination of thorium. For the

purification step of thorium, the solution containing the thorium oxalate eluant

from the cation exchanger in stage 3 is repetitively oxidized with a mixture of

nitric and perchloric acids and heat. Sodium bisulphate is added to the

solution so as to prevent hydrolysis of Th*+ prior to evaporation of water

from the sample. The residue is dissolved in 20 ml of 0.1 M HNO3 and the pH

of the resulting solution is adjusted to 1.5. Thorium is extracted from the pH

1.5 solution by shaking the solution with 20 ml of 0.25 M

thenoyltrifluoroacetone (TTA) in benzene in a 125 ml separatory funnel for five

minutes (Smithson et al., 1979). The reaction for this extraction is shown in

Figure 3.4. Subsequently, the remaining thorium in the aqueous layer is

extracted twice with additional 20 ml portions of the 0.25 M TTA-benzene

extractant. The combined organic extracts containing the thorium complex are

washed twice with 20 ml of 0.03 M HNO3. The time of shaking is two minutes

for each wash. The thorium in the organic layer is then back extracted three

times by contacting it with 20 ml of 2 M HNO3. The time of shaking is five

minutes for each back extraction.

The preparation of a purified thorium source from the solution is carried

out by electrodeposition using the Puphal and Olson (1972) technique. The

thorium solution is evaporated to dryness with sodium bisulphate. The residue

is then dissolved in 1.0 ml of 6 M HC1 and a few drops of 1.0 M ammonium
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(3) 0.3 M

SAMPLE - — — C A T I O N - -?- -2- -S—Th-Oxolot»
SOLUTION EXCHANGER

{Adsorbtd cottons*
U,Th,RoIPb,BI,.J HN0 3 /HCI0 4

Add NaHS04, dry up
0.1 M HNO3 (pH 1.5)(JJI2MHCI

U, Ro, Pb,BI

THORIUM PURIFICATION BY SOLVENT EXTRACTION WITH 0-25M TTA(b«n»ne)

r
Aq

1x3) TTA Extroctlcns

4+ —

(x 2) W05h - pH 1.3 HN03

4+ +
Th + 4HTTA r TKTTA)4+ 4H

2 M HNO3 (x 3) Stripping*

r
Aq Org

Elccfropiat* on
stainitsa st««i pionchot

COUNTING BY ALPHA SPECTROMETRY

Figure 3.4 Stage 4: Thorium purification and radioanalytical technique.
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diechylenetriaminepentaacetate. The thorium solution is transferred to a

electrodeposicion cell containing a mixed oxalate-chloride electrolyte and a few

drops of saturated hydroxylamine hydrochloride. Methyl red is used as an

indicator for the pH adjustment of the solution to a pH of about 4.0. After the

pH adjustment of the solution, the electrodeposition is started. Thorium

hydroxide is deposited on a 3.0 cm diameter stainless steel planchet at 7.0

volts and at a current of about 1.5 amperes for two hours at room temperature.

The alpha activity of the plated sample due to 232Th and 230Th is

assayed radioanalytically by alpha spectrometry. Alpha spectrometry is based

upon the measurement of the energy of alpha particles emitted by radionuclides.

For example, 232Th emits 4.016 MeV alpha particles and 230Th emits 4.688 teV

alpha particles. An example of a spectrum of alpha particles from thorium is

shown in Figure 3.5. The alpha particles of each radionucllde are detected by

an Ortec EA-21-45-100 partially-depleted silicon surface barrier detector with

an active surface area of 450 mm2. The detector gave a counting efficiency of

30%. The detector is connected to an Ortec 142-B preamplifier, and an Ortec 210

power supply, an Ortec 440 amplifier and a Nuclear Data Model 60 multichannel

pulse height analyzer with 512 channels. The resolution of the alpha peaks from

the spectrometer generally ranges from 50 to 150 KeV. The number of events due

to alpha particles in the alpha particle energy spectrum is read by a Model 743

teletype terminal printer. The beta activity due to the 23*Th tracer in the

plated sample is assayed with a Geiger Muller counter. The measurement of the
234Th activity provides data for estimating the chemical recovery of thorium.

The procedure for the isolation of uranium is given in Figure 3.6. Uranium

present in the aalon-exchange column is eluted with 300 ml of 0.1 M HC1. The

dilute hydrochloric acid solution also elutes iron. The concentration of iron

in environmental samples is often high and therefore its presence in the sample

would lead to a thick deposit upon evaporation, which is considered unsuitable
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SAMPLE —>CATION( '--- "—AN1ON EXCHANGER—-Norradsorbed ions•

SOLUTION EXCHANGER (Adsorbed ions: U,Fe) (Ra.Pb.Bi)
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U,Th,Ra,Pb,Bi,...}

(Ji)0.5M

Flow Rate * 0.5 ml/min

Eluant, 300 ml 0.1 M HC1
U.F9

Th

Dry up , 9N HCI

IRON ELIMINATION BY SOLVENT EXTRACTtON WITH ISOPROPYL ETHER

Org
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R20• H

oxonium
ion

where R >

Aq
u

ion association complex

Electroplate on
stainless steel
pianchett

COUNTING BY ALPHA SPECTRCMETRY

Figure 3.6 Stage 5: Uranium separation and radioanalytical technique.
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for alpha spectrometry. For example, the presence of iron in the assay of a

source of uranium by alpha spectrometry results in a thick source which is

considered unsuitable for resolving peaks of alpha particles from 238uf 234u

and 232U. Iron, therefore, is removed by extracting it from the aqueous

solution by isopropyl ether. First, the 0.1 M HC1 eluant from the anion

exchange column is evaporated to near dryness, and subsequently, 30 ml of 9 N

HC1 is added. Fe(III) is extracted into 3 x 30 ml aliquots of isopropyl ether

by contacting it for two minutes in a 250 ml separatory funnel. The extraction

technique is in accordance with the procedure outlined by Thompson (1973). The

organic layer containing Fe(III) is discarded. A possible mechanism for the

elimination of Fe(III) into the ether layer as an ion association complex is

given in Figure 3.6 by Korkisch (1969).

The uranium in the aqueous solution is evaporated to near-dryness after the

addition of sodium bisulphate and then is transferred, along with a few drops of

1.0 M ammonium diethylenetriaminepentaacetate, to the electrodeposition cell

containing a mixed oxalate-chloride electrolyte and a few drops of saturated

hydroxylamine hydrochloride (Puphal and Olsen, 1972). The pH of the solution in

the cell is adjusted to about 4.0 and subsequently, uranium is plated as a

hydroxide on a 3.0 cm diameter stainless steel planchet at 7.0 volts and at a

current of about 1.5 amperes for two hours at room temperature. The alpha

activity of the plated sample due to 238U, 23i!tU and 232U is assayed using

alpha spectrometry. An .example of an uranium spectrum is shown in Figure 3.7.

The alpha activity due to the 232U tracer present in the plated sample,

provides information for the estimation of the chemical recovery of uranium.

The steps for the separation of Ra from Pb and Bi are shown in Figure 3.8.

The 12 M HC1 solution after the passage through the anion-exchange column,

contains Ra, Pb and Bi. The solution is evaporated from about 500 ml to

approximately 30 ml and is subsequently diluted to 60 ml. This procedure

results in having 3 M HC1 in the solution. One ndcrogram of inactive lead
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Figure 3.8 Stage 6: Radium-226 and lead-210 deterainacions.
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carrier and one microgram of inactive bismuth carrier, along with hydrazine

dihydrochloride and about 1.0 ml of p-xylene are added to this solution. The

solution is stored for approximately one week in a sealed container. After the

ingrowth period of one week or more, lead and bismith in the stored solution are

extracted in diethylammonium diethyldithiocarbamate (DDTC), leaving radium in

the aqueous phase. The organic fraction containing 214Pb, 214Bi, 210Pb

and ^lOgj^ is evaporated on a planchet and is counted within 20 minutes after

the initial separation of lead and bismuth from radium. The elapsed time

between the initial time of extraction and the initial time of counting is

recorded. The total beta activity due to 2*4Pb, 214Bi, 210Pb a n d 210Bi

on the planchet, is counted using the Canberra Model 2200 ultra low background

proportional counter. The detector efficiency of the counter is approximately

30%. Fours hours after the end of the DDTC solvent extraction, the same

planchet is again counted using the proportional counter. At this time, the

activity due to the short-lived isotopes of 214Pb and 214Bi has decayed

away, leaving 2l0Pb and 210Bi on the sample. The activity of 226Ra in the

sample is determined by following the decay and growth equations. The details

on the 22^Ra and 2*^Pb calculations are summarized below and also in

Veska (1983).

The principle of the calculations in the determination of 2 2 % a involves

the ingrowth of its daughters, 222Rn, 218Po, 214Pb and 214Bi. The

details of the calculations are outlined in equations 3.1.1 to 3.1.7 inclusively

in Veska (1983). The value of AT» representing the decay of 214Pb plus the

decay of 2i4Bi plus the production of 214Bi from the decay of 214Pb, is

integrated from the time elapsed to the time elapsed plus the time of counting

in equation 3.1.1. After integration and assuming 214Bi/214pb equilibrium,

the activity due to 22^Ra can be determined from the activity of 214Pb and

the time of ingrowth. The 22^Ra activity in the sample is obtained by

miltiplying the 22^Ra activity by a constant value representing the chemical

recovery of radium in this procedure (eg. 90-100%). Similarily, the activity of
210Pb is calculated by nultiplying the 210Pb activity by a constant value

representing the chemical recovery of 2*^Pb in this procedure (eg. 90-100%).
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3.2 Accuracy and Reproducibility Tests

The analytical scheme in the determination of the activities of uranium,

thorium, radium and lead isotopes in environmental samples was tested for

accuracy and reproducibility. Standard solutions of 238U, 232Th, 210Pb

and 22^Ra were made separately into one liter volumes of 0.1 N HC1. Aliquots

from these solutions were evaporated on stainless-steel planchets and analyzed

radiometrically. Activities of 238U, 232Th and 226Ra on the planchets

were analyzed by alpha spectrometry whereas the planchet with the

activity was analyzed by the proportional counter, ie. assuming

equilibrium. An example of the alpha spectrum of 2 2 % a is given in Figure

3.9. The procedures of the analytical scheme were followed through for each of

the radionudide determinations in aliquots taken from the standard solutions.

After the completion of the analyses, values of the mean, standard deviation,

coefficientof variation and relative error were calculated for each group of

determinations. These calculated values for the 238U, 232Th, 210Pb and
226Ra determinations are given in Tables 3.1, 3.2, 3.3 and 3.4, respectively.

The standard deviation, <j, is defined from the equation,

JJ — 1/2
o - <(1/(H-1)) Jx 0 ^ - x)

2) 3.1

where, N » number of measurements

x± " observed measurement

x * mean of a number of observed measurements

The reproducibility, R, is related to the precision of the determination and is

expressed here as the coefficient of variation at the 95Z confidence level, as
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TABLE 3.1

ACCURACY AND REPRODUCIBILITY TESTS WITH 2 3 8U STANDARD

Sample
Number TJ Recovery TJ Recovered Percentage TJ

.3 ,ug Recovery

1

2

3

4

5

109.0 ± 2.1

109.0 ± 2.1

109.0 ± 2.1

109.0 t 2.1

109.0 ± 2.1

41

89

74

71

89

104.2 ± 3.2

102.5 ± 2.2

97.4 ± 2.4

103.1 t 2.5

94.0 ± 2.1

MEAN - 100.2 ug

STANDARD DEVIATION - 4.4 ug

REPRODUCIBILITY @ 952 CONFIDENCE - 92

RELATIVE E.RROR - -&Z

962

94*

89%

953J

86%
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TABLE 3.2

ACCURACY AND REPRODUCIBILITY TESTS WITH 232Th STANDARD

Sample 232^ Ad(Jed 234^ g ^ 232^ 2ecomnd percentage
32Th

riumoer w _
,ug ,% ÛJJ Recovery

1 258.5 ± 2.0

2 258.5 ± 2.0

3 258.5 ± 2.0

4 258.5 ± 2.0

MEAN - 241.6 ug

STANDARD DEVIATION - 13.4 ug

REPRODUCIBILITY @ 95% CONFIDENCE - 11%

RELATIVE ERROR - -7%

38

36

14

27

251

226

254

234

.5 ±

.6 ±

.3 ±

.1 ±

6.5

6.4

10.7

7.4

972

882

982

91%
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TABLE 3.3

ACCURACY AND REPRODUCIBILITY TESTS WITH 210Pb STANDARD

Saaple
Number

1

2

3

210Pb

68.5 ±

68.5 ±

68.5 ±

Added
:i

1.4

1.4

1.4

210Pb

61.

66.

65.

Recovered
pCi

7 ± 1.3

1 ± 1.4

6 ± 1.4

210
Percentage Pb

Recovers

902

972

962

MEAN - 64.47 pCi

STANDARD DEVIATION - 2.41 pCi

REPRODUCIBILITY 3 952 CONFIDENCE - 82

RELATIVE ERROR - -62
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TABLE 3.4

ACCURACY AND REPRODUCIBILITY TESTS WITH 226Ra STANDARD

Sample 226^ Added 226^ ̂ coveTed Percentage 226Ra
Number ,££1 l£Ci Recovery

1 24.5 ± 1.0 23.8 ± 1.5 98%

2 24.5 ± 1.0 24.4 + 1.5 1002

3 24.5 ± 1.0 24.0 ± 1.5 98%

MEAN - 2 4 . 0 7 pCi

STANDARD DEVIATION - 0 . 3 1 pCi

REPRODUCIBILITY @ 95% CONFIDENCE - 3%

RELATIVE ERROR - - 2 %



TABLE 3.5

ACCURACY AND REPRODUCIBILITY TESTS WITH 226Ra STANDARD

Sample
Number

1

2

3

226Ra

135.0

135.0

135.0

Added
,pCi

± 1.9

± 1.9

± 1.9

226_ _ .
Ra Recovered

,oCi

133.8 ± 1.5

122.0 ± 1.8

129.0 ± 1.6

Percentage Ra
Recover?

99 Z

90Z

962

MEAN • 128.3 pCi

STANDARD DEVIATION • 5.93 pCi

REPRODUCIBILITY 9 952 CONFIDENCE ~ 97.

RELATIVE ERROR - -57.



TABLE 3.6

REPRODUCIBILITY TESTS WITH GROUNDWATER SAMPLE A-5.8

*2

*3

X

a

C.V.

3.

3.

3.

3.

3.

226Ra
pCi/jl

4+0.

7 + 0.

3+0.

5+0.

2+0.

3.4

0.19

11%

4

4

4

4

4

210Pb
,pCi/4

<0.5

<0.5

<0.5

<0.5

<0.5

-

-

-

2.

2.

2.

2.

2.

2 3 8u

09

33

51

26

10

2.

0.

+ 0.

+ 0.

+ 0.

+ 0.

+ 0.

26

17

15%

08

08

08

08

08

2.

2.

2.

2.

2.

2

15

71

52

37

27

2.

0.

+ 0.

+ 0.

+ 0.

+ 0.

+ 0.

40

22

18%

08

09

09

09

09

2:

1.

1.

1.

1.

1.

i

03

16

00

05

08

1.

0.

/238u

V.R.

+ 0

+ 0

+ 0.

+ 0,

+ 0.

06

06

12%

.05

06

.05

05

06

where Xj, x2... sample numbers

x mean

a standard deviation

C.V. coefficient of variation at the
95% confidence level
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TABLE 3.7

REPRODUCIBILm TESTS WITH GROUNDWATER SAMPLE L

XI

X 2

X 3

*S

X

a

C.V.

226Ra
,pCiAl

12.5 ft 1.6

11.6 ± 1.7

11.3 ± 1.7

10.2 ± 1.7
*

11.3 ± 1.7

11.38

0.82

142

2 1 0
? b

,pCi/i

14.4 ± 1.1

15.2 ± 1.1

15.0 ± 1.1

14.9 ± 1.1

13.2 ± 1.1

14.5

0.81

12Z

2 3 ^

,pCi/4

39.11 ± 1.45

34.89 ± 1.16

36.00 ± 2.80

30.90 ± 1.15

35.50 ± 1.90

35.28

2.94

16S

,pCi/i

38.11 ± 1.47

32.01 ± 1.14

32.18 ± 2.65

29.49 ± 1.16

35.30 ± 2.10

33.42

3.34

20%

234U /238u

A.R.

0.98 ± 0.05

0.92 ± 0.05

0.90 ± 0.10

0.95 ± 0.05

0.99 ± 0.08

0.95

0.04

87.

232Th
,pCi/i

0.42 ± 0.17

0.48 ± 0.14

0.52 ± 0.12

0.47 ± 0.12

0.55 ± 0.09

0.49

0.05

20X

230Th
,pCi/i

2.47 ± 0.39

2.19 ± 0.29

2.37 ± 0.26

2.33 ± 0.26

2.21 i 0.19

2.31

0.12

102

where x i , X2 , . . « sanple numbers

x mean

a standard deviation

C.V. coefficient of variation at the
95Z confidence level
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R - (2a/x)100% 3,2

The accuracy of each determination is referred to as Che relative error, £,

where

E - ((x - True x)/True x)100% 3.3

The values of relative error for 238U, 232Th, 210Pb and 226Ra are listed

in Tables 3.1 to 3.4 inclusively at -8%, -17., -6% and -27. respectively. A

relative error value at 0% for both 23*U and
 232Th w a s expected because of

the 232U and 23TTh tracers which were added to monitor the chemical

recoveries. The variations between the added amounts and the recovered amounts

for 238U and 232Th in Tables 3.1 and 3.2 can be explained due to counting

statistics. The coefficient of variation values for 238U, 232rh, 210Pb

and 226Ra, as shown in Tables 3.1 to 3.4, are 9%, 11%, 8%, and

3%, respectively. Values of the coefficient of variation and relative error

appear to be the lowest in the case of the " DRa determination. However, in

another Ra reproducibility and accuracy test, an increase in the original,

initial amount of the 22°Ra was found to increase the values of the

coefficient of variation to 9% and the relative error to -5%. These results are

shown in Table 3.5.

Reproducibility tests were also carried out for the determinations of

226Ra, 210Pbj 232Thf 230thf 238u, 234u a n d t h e 234u/238u A.R.

in aliquots of natural groundwater samples taken from the field site. Two

groundwater sample types that contained high and low activities of radionudides

were chosen from the site, i.e. samples L and A5.8, respectively. The

reproducibility results for each determination are given in Tables 3.6 and 3.7.

The coefficient of variation values from each of the radionuclide determinations

show no significant difference between the two groundwater types in these

tables. For example, the values of the coefficient of variation for 2 *hla,

23%, 234u a n d 234^23% A # R # a r e 1 U > 15X> 18%> a n d n% i n s a m p l e A5. 8

and 14%, 16Z, 20% and 8% in sample L. The values of the coefficient of

variation for 210Pb, 232Th and 230Th in sample L are 12%, 20% and 10%.
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The detection Units for the determination of the uranium isotopes, thorium

isotopes, 22^Ra g ^ 210pi, £n groundwaCer were calculated. The equation used

to calculate these detection limits is given by Smithson et al.(1979) as

follows:

LLD - 4.66 OJ) 1 / 2 3.4
t

where LLD - lower limit of detection (cpm)

N " total number of background counts in time, t (min)

The detection limits for the analyses of 238U, 234U, 232Th, 230Th,
226Ra and 210Pb in natural waters by this analytical scheme are 0.1, 0.1,

0.1, 0.1, 0.5 and 0.5 pCi,respectively.

3.3 Summary

An analytical method, formulated from a combination of previous-reported

procedures, has been proven successful in the sequential determination of

23% f 234U> 232Th> 2 3 0 ^ 226^ a n d 210Pb f r o m a s l n g l e s a m p i e of

natural water, soil or rode. For the determination of these radionuclides in

natural waters, the relative error is less than 10% for activities greater than

20 pCi/1 and the coefficient of variation ranges from approximately 52 to a

maximum of 202 for activities greater than 2 pCi/1. The detection limit for the

isotopes, 238U, 234U, 232Th, 230Th, is 0.1 pCi. The detection limit for
22&EU and 210Pb is 0.5 pCi.
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CHAPTER 4

HYDROGEOLOGY OF THE FIELD SITE

The first major stage in the delineation of the spread of

waste-rock-derived contaminants in the groundwater was an investigation of the

site hydrogeology. This investigation took place during the period from 1978 to

1982. This chapter describes the hydrogeological findings during the four year

period, including the instrumentation, the hydrostratigraphy, the directions and

velocity estimates of groundwater flow and the identification of groundwater

sources and age. The directions and velocity estimates of groundwater flow

provided the necessary' components of input for the contaminant analyses and

modelling in Chapters 8 and 9.

4.1 Methods of Investigation

To determine the directions of groundwater flow in the sand aquifer and to

provide means for groundwater sampling at the site, a network of water-table

monitoring wells and multilevel sampling devices was installed in the sand

deposit. During 1978 to 1979, 44 water-table wells, 11 deep piezometers and 28

multilevel samplers were placed in the sand aquifer at locations shown in Figure

4.1. An additional 19 multilevel samplers, as indicated by the M-series (ie.

from sites Ml to M19) in Figure 4.2, were installed in May 1982.

Each water table well consisted of 3.2 cm ID, Schedule 40 PVC pipe, with

the bottom 0.3 m slotted and wrapped with nylon screen and masking tape.

Because of the shallow depth to the water table, the wells were installed in

holes that were augered by hand to a depth of about 3.0 m to the water table.

The water-table wells were used to determine the general direction of shallow
t

groundwater flow in the sand deposit.

A CME Model 55, truck-mounted auger drill was used to drill holes in the

sand aquifer in order to determine the depth to bedrock, to obtain split-spoon

samples and to install deep piezometers and multilevel samplers. Split-spoon



• MULTILEVEL SAMPLER (WATEH
TABLE AND/OH DEEP PIEZOMETER
OFTEN INSTALLED. AT SAME
LOCATION)

• WATERTABLE PIEZOMETER
O PIEZOMETER TO DEDROCK
V WATER LEVEL GAUGE

O

Figure 4.1 Map of the study area showing the locations of instruments installed at the site.
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t Figure 4.2 Location of multi-level piezometers. The M-series piezometers
from sites Ml to M19, inclusively, were installed in 1982.



52

samples were collected at vertical intervals of 1.5 m at some sites for visual

inspection of the stratigraphy of the sand deposit. The deep piezometers

consisted of 3.2 cm IS, Schedule 40 PVC pipe with the bottom 0.3 m section

slotted and wrapped with nylon screen and tape. These deep sampling points

ranged in depth from 15 to 25 meters below ground. During the 1978 to 1979

installation period, the multilevel samplers consisted of a 6.1 m centre tube of

1.27 ca ID Schedule 80 FVC pipe. The bottom 0.2 m of the pipe was perforated

with holes and wrapped with nylon screen and masking tape. Eight to ten lengths

of 0.64 cm ID Tygon tubing were taped to the centre tube and each tube was

terminated at a different depth to give a vertical sampling interval of

approximately 0.5 m. Each tube was fitted with a screened sampling tip

approximately 9 cm in length. Before installation, most multilevel samplers had

moist bentonite packed around the sampling tubes between successive sampling

tips. The bentonite was held in place by wrapping with a coarse fabric

material. This was to prevent vertical circulation of groundwater along the

sampling device. In 1982, multilevel samplers of a different type were

installed. Each of these consisted of eight to ten lengths of 0.95 cm I.D.

polyethylene tubing instead of the 0.64 cm I.D. Tygon tubing. The tubes were

taped around the 1.27 cm I.D. FVC pipe. The length of PVC pipe was selected to

equal the maximum depth of drilling for that site. Each 0.95 cm I.D.

polyethylene tube was terminated at a different depth to give vertical sampling

intervals equally spaced between the water table and the maximum depth of

drilling. The deepest piezometer installed in 1982 was 27.5 m below ground

surface. Bentonite packings were not used in the 1982 multilevel

installations. A typical multilevel installation is shown in Figure 4.3. The

multilevel devices and the deep sampling points were used to obtain water

samples for field geochemical measurements, to obtain water samples for

laboratory analysis and to provide measurements of the hydraulic head.

Groundwater and sand samples were also collected below the waste rock. A

bulldozer was brought onto the site in September, 1979, to excavate the waste
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Figure 4.3 Schematic illustration of a typical multi-level groundwater
sampling installation.
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rock from two locations. One location was in an area of pegnatitic and gabbroic

rock near piezometer L (Figure 4.1), while the other was ia an area of

pegmatitic rock near piezometer A (Figure 4.1). The excavations exposed the top

of the sand deposit for a lateral distance of about 5 a inward from the original

outer edge of the rock pile. Continuous core samples were collected from the

ground surface to bedrock. Cores were obtained in aluminum tubes driven into the

sand, followed by removal with the use of jacks. To prevent the core material

from falling out of the tube, suction was applied to the top of the tubes when

the tubes were jacked out of the ground. Multilevel groundwater sampling

devices and piezometers were installed at core-sampling locations GR9, GH.10,

GB.ll, GR4 and GR6 (Figure 4.1).

4.2 Hydrostratigraphy

Two hydrostratigraphic cross sections, X-X' and Y-Y', in Figure 4.4, the

locations of which are shown in plan view in Figure 4.1, show the depths of some

of the multilevel and deep samplers and give an indication of the slope of the

bedrock surface towards the swamp. The depth to bedrock surface increases

rapidly with distance from the bedrock outcrop, being in excess of 21 a at a

distance of about 60 m from the outcrop.

In most of the study area, medium to fine-grained sand extends from the

maximum depth of drilling to Che ground surface. The upper part of the sand

unit (about 1.0 m) was light yellow to light brown in colour, whereas at greater

depths the sand was uniformly dark grey. The change in colour occurred near the

water table and undoubtedly reflects a change in the redox condition with

depth. Examination of the split-spoon and core samples showed the sand to be

very heterogeneous, with distinct horizontal layers. The horizontal layering

was believed to represent a complex array of lenses rather than continuous

layering. The medium to fine sands were found to grade to a silty-fine sand in

the north-west sector of the study area. The silty-fine sand in this sector

showed considerable heterogeniety in the vertical direction. The sand aquifer
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is believed Co be glacial fluvial in origin.

Measurements of hydraulic conductivity in the aquifer have been made by

single piezometer response tests using the Kvorslev (1951) method. The tests

were performed by Clarke (19S0) in the medium to fine sands of the central

region of the study area. Hydraulic conductivity values determined from these

slug tests ranged from a low of 1.91 x 10"* cms"1 to a high of 1.61 x 10~J

cms" .

4.3 Hydraulic Gradients and Groundvater Flow Direction

The general direction of groundwater flow was derived from the measurement

of the water-level elevations in the water-table wells. Water-level

measurements with an accuracy of t 0.2 CB were made on June 1, 1979 using an Ott

electric contact gauge. The elevations were measured with respect to an

arbitrary 100 m datum established above the ground surface. Contours of equal

elevation or equal hydraulic head are shown in Figure 4.5. The direction of

groundwater flow can be evaluated by constructing perpendiculars to these

equipotential contours in the direction of the maximum potential gradient.

There are'two major groundwater flow domains as shown in Figure 4.5. One flow

domain originates to the northeast of the site whereas a s-acond flow domain

appears to originate to the north northwest of the study area. Both flow

domains converge to the center of the study area and appear to exist in parallel

near the access road toward the sand pit. The curvature of the water-table

contour lines from both flow domains suggests that a significant amount of

recharge occurs as infiltration through the waste rock or runoff from the

bedrock outcrop.

Water table elevations from the water-table wells were monitored from May

to September of 1979. The measured values of equal hydraulic head from the

water-tjable wells on May 29, June 1, August 16 and September 5 of 1979, were

plotted and contoured as four, separate water table maps (Figure 4.6). From May

to August, the contours are found to narrow progressively toward the centre
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Figure 4 . 5 Water-Table Map, June 1 , 1979.
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May 26,1979

June I, 1979

August 16,1979

I September 5,1979

Figure 4.6 Variation* ia the water-table elevations between May 26, 1979 and
September 5, 1979. The units of the water-table contours are in
meters. Representative streamlines from the waste rock are shown
at right angles to the water-table contours.
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of the site. That is, the water-table declines more sharply with time during

this period by approximately 0.7 meters. From August to September, the acute

shape of Che contours in the centre of the site widens, corresponding to an

increase in the water-table level.

Water-table elevations in the same water-table wells were remeasured three

years later on June 7th, 1982. Hater-table elevations were also measured from

the newly-installed piezometers, Ml, M2, M12, M13, underlying the waste rock on

the same date. Measurements were taken with a Roctest electric contact gauge.

The equipotential contours from the 1982 water-level measurements are displayed

in the water-table map in Figure 4.7. Similar to the water-table maps in

Figures 4.5 and 4.6, Figure 4.7 shows the existence of two major flow regimes

originating from the northwest and from the northeast. However, a difference

does exist between the water table elevations measured on June 1, 1979 and on

June 7, 1982. For example, the hydraulic head measurements are approximately

0.75 m lower in June 1982 than in June 1979. Possible reasons for this decrease

in hydraulic-head values during the three year period include: (1) a dry

season and (2) the slow draining process of the swamp, which is in direct

hydraulic connection with the groundwater in the study area.

Vertical hydraulic head profiles were obtained from each of the multilevel

bundles. Elevations of the hydraulic head were made relative to the 100 m datum

located above the ground surface. Head measurements were first taken on April

23, 1980 with a specially-constructed 0.5 cm diameter electric contact gauge.

The values are tabulated in Veska (1983) and are displayed in Figure 4.8 as

graphs of hydraulic head vs. depth on a plan view map of the study area. From

the distribution of hydraulic head values in Figure 4.8, the values decrease

with depth and with flow downgradient from the NE and NW recharge areas.

In 1982, hydraulic head values were measured in a detailed network of

multilevel sampling points that parallelled the two major groundwater flow

paths. The measurements were made with a Roctest electric contact gauge on May
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Figure 4. 7 Water table map, June 7, 1982. Superimposed are cross
sections A-A!, B-B* and C-C* and the locations of the
piezometers and multi-level piezometers that either
intersect or are adjacent to the traverses of these cross
sections.
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• MULTILEVEL PIEZOMETER

HYDRAULIC HEAD

Figure 4.8 Distribution of hydraulic head values from multi-level
sampling points at sites 0, R, T, U, V and Y, in April
23, 1980.
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12, 1982 and June 7, 1982. These measured values, that indicate a downward

component in the hydraulic gradients at each site, are recorded in Veska (1983)

and are contoured along cross sections A-A'-C-C' and B-3' in Figures 4.9 and

4.10. The plan-view locations of cross sections, A-A'-C-C1 and B-E', are shown

in Figure 4.7. Cross sections A-A' and B-S* are oriented perpendicular to the

water-table contours, and therefore, it is likely that they are situated

generally along groundwater flow paths. Cross section C-C' represents the

general groundwater flow direction from the centre of the study area towards the

swamp, along multilevels, M6, M7, M8, M9 and M10. It is at the centre of the

study area where the NW and NE flow regimes converge. This convergence has been

shown to be present at various times of the year by the streamline patterns in

the water-table contour naps in Figure 4.6. Sample elevation readings of the

hydraulic head from the 1982 measurements, that are representative of the data

in Figures 4.9 and 4.10, are given for a few of che multilevels in Table 4.1.

It is noted in Table 4.1 that the elevations in June are lower than that in May

by approximately 20 cm.

From the equipotential contours in Figures 4.9 and 4.10, the groundwater

flow direction, as represented by the arrows, was estimated. Below the waste

rock along A-A', the recharge water enters the water-table zone and flows

laterally from the vicinity of site L towards site M3. The hydraulic gradient

in the zone between sites L and M3 is large, approximately 0.05. The

groundwater flow from sites M3 towards M4 occurs under the influence of a

smaller hydraulic gradient, approximately 0.01. From sites M4 to M7, the

hydraulic gradient is approximately 0.005 and further downflow from site M7

toward site M10, the gradients decline to 0.001. The hydraulic gradients along

the B-B1 flow path are approximately a factor of 10 less than the gradients

along the A-A1 flow path. For example, the hydraulic gradients from sites Ml5

to M17, from sites M17 to M18 and from sites M18 to M6 are 0.0063, 0.0046 and

0.0044, respectively. Both cross sections Indicate large hydraulic gradients in

the vicinity of the waste rock and progressively smaller gradients downflow from

the waste rock. These lateral gradients decrease only slightly with decrease in

the water table from May to June in 1982.
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TABLE 4.1

HYDRAULIC HEAD ELEVATIONS AT REPRESENTATIVE SITES HI4, H16, H7, H9

Sample
Depth at
Site
H14, •

3.53
4.55
5.46
6.37
7.28
B.07
9.07

Elevation,*

Hay
1982

97.05
9/.05
97.02
97.02
97.01
96.98
96.98

June
1982

96.88
96.87
96.67
96.87
96.86
96.85
96.84

Saaple
Depth at
Site
H16.M

2.14
3.06
3.94
4.84
5.75
6.65
7.57
8.47
9.38

Elevation,*

May
1982

97.05
97.02
97.02
97.02
97.01
97.01
97.00
96.94
96.93

June
1982

96.85
96.85
96.85
96.84
96.83
96.83
96.82
96.79
96.77

Sanple
Depth at
Site
M7,«

3.21
5.18
7.19
9.19
11.20
13.10
15.17
17.13

Elevation,!!

Hay
1982

96.95
96.82
96.79
96.79
96.80
96.79
96.81
96.85

June
1982

96.76
96.69
96.66
96.64
96.65
96.66
96.67
96.72

Saaple
Depth at
Site
M9,B

3.00
6.06
9.09
12.17
15.25
18.21
21.58
24.45
27.47

Elevatlon,n

May
1982

96.82
96.77
96.77
96.77
96.77
96.78
96.82
96.85
96.95

June
1902

96.67
96.65
96.65
96.64
96.63
96.66
96.71
96.72
96.73

p
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The hydraulic-head pattern between sites M6 and M10 in Figures 4.9 and A.10

indicates a deep, upward component of flow from the bedrock and a shallow

downward component of flow from the water table. Both components of flow are

directed towards the middle of the sand aquifer. According to the equipotentlal

contours in both figures, the groundwater from the middle of the sand aquifer

moves laterally to areas of apparent discharge into the swamp.

4.4 Oxygen-18 as an Indicator of the Groundwater Source.

To determine whether the groundwater in the sand aquifer has zones of

distinctly different origin, a group of water samples fron some of the

sultilevel sampling devices and from the swamp were analyzed for concentrations

of 0. The samples were collected on July 5, 1979, September 5, 1979 and

October 19, 1981 and were analyzed in the isotope geochemistry laboratory at the

University of Waterloo. What follows is a discussion of the 180 results as

they relate to the interpretations of the groundwater flow patterns based on the

hydraulic-head data.

Oxygen-18 offers the potential to identify zones of groundwater derived

from various sources of recharge. The two main sources are the infiltration of

rain and snowmelt and the lateral seepage from the swamp. The 180 composition

of groundwater generally represents an average of precipitation that falls

throughout the year. If groundwater originates as swamp water, the groundwater

should then reflect the 18O composition of the swamp instead of that of local

precipitation. Because the swamp is a slow-draining water body, evaporation

should cause the swamp water to be considerably enriched in 1 80.

Oxygen-18 concentrations in the swamp water are shown in Table 4.2. The

swamp water in the month of July, 1979 was particularly high in I80 values,

which ranged from -4.7 to -5.1°/oo. These values indicate that significant

evaporation had occurred. During September 1979, the i 8 0 v a l u e s decreased to a

range of -7.5 to -8.5°/00. These seasonal 0 variations in surface water can

be compared to those found by Welhan (1974) in Perch Lake, a small lake located

approximately 120 km northwest of Bancroft. Welhan (1974) found i90 values in

surface water at approximately -8°/00 in the summer months of June and July and
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TABLE 4.2

VARIATION IN 1BO and aH IN SWAMP WATER DURING

THE MONTHS OF JULY AND SEPTEMBER IN 1979

Location of 180 a 80 3H
Swamp Water , ° / 0 0 , ° / u u ,T.U.
Sample July 5, 1979 Sept.5/1979 Sept.5/1979

WL3 -4.8 -7.5 54

WL6 -4.7 -8.2 63

WL9 -5.1 -8.5 72



68

progressively decreasing i80 values towards the fall (eg. approximately -10°/00)

and the spring months (e.g. about-13°/00). This decrease in l30 values in lake

or swamp water during fall and spring is expected because fall and winter

precipitation is isotopically much lighter than summer precipitation.

In order to determine if the swamp water recharges the sand aquifer,

fifteen groundwater samples collected on September 5, 1979 were analyzed for
l80 from TBiltilevels Y, S and R, located 10, 30 and 60 meters respectively

from the swamp. The 18O results ia */oo are tabulated in Table A.3. The

overall uncertainty in each determination is ± 0.2°/oo. 180 values similar to

. those of the swamp are found in the shallow groundwater at cultilevels S and Y.

For example, the shallow groundwater from 2.52 m to 4.06 m below ground surface

at site S, ranges in ^ 0 values from -6.4 to -7.6 /oo. The deep water at 25 a

below ground surface at site S is lower in 0 at -11.42 /oo and therefore the

latter value probably represents water that is not derived from the swamp. At

site Y, tha ***0 concentration is relatively constant at -11.2 /oo in

groundwater below the water table to the three meter depth and also in

groundwater between the five and fifteen meter depths below ground surface.

Between the three and five meter depths at site Y, the 0 concentrations in

groundwater, ranging as high as 9.9 9/oo, are close to those values found in the

swamp water. The range of 18O values in groundwater between the three and

five meter depths is probably a result of mixing because the values are between

Chose obtained from the swamp water and those from the shallow and deep

groundwater.

Twenty groundwater samples collected at multilevels 3, K, U, GR9, GR10 and

GR4 on September 5, 1979 were analyzed for *°0 in order to determine the

dominant source of recharge in the immediate vicinity of the waste rock. The
I3O results are tabulated in Table 4.4. The 180 values range from -11.5 to

-13.7/00. One exceptional value at -15.1°/oo is found in groundwater at 1.72 m

below the ground surface at site K. Although the ^ 0 values in Table 4.4 show

considerable variation in groundwater with depth, no distinct trends vs.th depth

are found. No indication of the presence of ewaap water is detected in the

shallow grouncw»c«r »t these sites.
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TABLE 4.3

SPATIAL VARIATION OF 18O AND 3H IN GROUNDWATER* IN THE

SAMPLE
NUMBER

Y-2.52
Y-3.29
Y-4.06
Y-4.83
Y-5.60
Y-6.37
Y-7.14
Y-7.91
Y-8.89

Y-14.45

S-2.52
S-3.29
S-4.06
S-4.83
S-5.60
S-6.37
S-7.14
S-7.91
S-8.89

S-25.05

R-8.89
R-25.O5

SAND AQUIFER NEAR THE

DEPTH BELOW
GROUND, m

2.52
3.29
4.06
4.83
5.60
6.37
7.14
7.91
8.89

14.45

2.52
3.29
4.06
4.83
5.60
6.37
7.14
7.91
8.89

25.05

8.89
25.05

SWAMP

18O

.°/oo

-11.2
-10.8
-10.5
- 9.9
-11.0
-11.3
-11.2
-11.2
-11.3
-11.4

- 6.7
- 7.6
- 6.4

-
—
-
-
—
-

-11.42

_
-11.7

3H
,T.U.

-
-
-
-
-
-
-
-
-

72
81
72
75
60
65
73
60
99
61

56
25

*Sanples collected on September 5, 1979
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SPATIAL VARIATION OF 180

TABLE 4.4

AND 3H IN GROUNDWATER* IN THE
VICINITY OF THE WASTE ROCK

SAMPLE
NUMBER

B-2.2
B-2.7
B-3.7
B-4.7
B-5.7
B-7.7

K-1.72
K-2.22
K-2.72
K-3.22
K-3.72
K-4.22
K-4.60
K-8.03

U-2.52
U-4.06
0-5.60
U-7.14
U-8.89
U-11.80

GR9-2.32
GR9-2.57

GR:0-2.35
GR10-2.90

GRA-0.89
GR4-1.14
GR4-1.64

DEPTH BELOW
GROUND, m

2.2
2.7
3.7
4.7
5.7
7.7

1.72
2.22
2.72
3.22
3.72
4.22
4.60
8.03

2.52
4.06
5.60
7.14
8.89
11.80

2.32
2.57

2.35
2.90

0.89
1.14
1.64

180

.°/oo

-
—
-
-
—

-15.1
-12.7
-13.3
-12.5
-13.7
-13.2
-11.5
-11.9

-13.7
-12.6
-12.0
-11.8
-12.7
-

-12.9
-12.7

-13.0
-11.8

-11.6
-11.8
-11.7

IMMEDIATE

3H
,T.O.

55
53
52
72
66
51

_
-
-
-
-
-
-
-

39
65
62
77
44
94

-

-

_
-

* Samples collected on Sepcember 5, 1979
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TABLE 4.5

SPATIAL

SAMPLE
NUMBER

T-10.72

U-11.80

V-16.59

S-24.77

R-25.05

VARIATION OF 18O,

DEPTH BELOW
GROUND, m

10.72

11.80

16.59

24.77

25.05

2H AND 3H IN

i ^00

-11.3

-11.6

-11.8

-11.4

-11.4

DEEP GROUNDWATER*

» ^00

-82

-87

-84

-82

-84

3H
,T.U.

+64

+68

+71

+68

<0

* Samples collected in October 19, 1981
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Oxygen-18 and deuterium ( H) were analyzed in groundwater from five deep

piezometers in the general study area on October 19, 1981. The analytical

results are given in Table 4.5. The 0 values are spatially consistent and

range from -11.3 to -11.8°/oo» Similar to the 180 findings, the dueterium

results show no indication of seepage from the swamp water. The overall

uncertainty in the dueCerium analysis by the isotope geochemistry laboratory at

the University of Waterloo is ± 5°/oo.

In conclusion, the shallow and deep groundwacer in the iscediace vicinity

of the waste rock is the result of infiltration of rain and snownelt.

. Approximately 80 meters downflow from the waste rock, shallow groundwacer from

the water table to five meters below the ground surface, represents a mixture of

' the swamp seepage and the infiltration from rain and snowmelt. The deeper water

is not derived from seepage of the swamp water.

4.5 Tritium as an Indicator of the Croundwater Age

Tritium in groundwacer has been analyzed because the measurements can give

information on the age of the water in the aquifer. Tritium analyses were

performed by the isotope geochemistry laboratory at the University of Waterloo.

Tritium values that are below the detection limit of about 20 T.U., indicate

Chat very little water younger than 30 years is present. Hater of tritium

contest above about 20 T.U. is of recent origin, since the tritium concent of

atmospheric precipitation increased as a result of thermonuclear testing after

1953 (Brown, 1961). Therefore, % values in groundwater from the study area

can be used as an indicator to discriminate between the shallow groundwater zone

influenced by young precipitation sources and the deeper groundwater zone

influenced by a possibly older precipitation source. This discrimination

between two groundwater types of different age would aid in she delineation of

the maxisnim extent of travel of the recharge water that infiltrated through the

waste rock from 1957 to 1982.
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The tritium content in 25 groundwater samples that were collected in

September 1979 is represented in Tables 4.3 and 4.4. At levels above 20 T.U.,

the precision of the % measurements is t 8 T.U. The tritium values in

groundwater range from 39 to 99 T.U., suggesting groundwater of recent origin.

The exception is the value of 27 T.U. in groundwater at 25 m below ground

surface at siie R. The latter value is near the detection limit of 20 T.U.

which suggests that water at this point is in the transition zone between young

and older water. There is a possibility that the tritium content ta this

transition zone was masked by some drilling effects, since groundwater was

sampled for % analysis shortly after the installation of the piezometers.

Additional sampling of groundwater for ^H determinations was made on

October 19, 1981 and June 11, 1982 to provide more conclusive evidence of the

age of the deep groundwater. Tritium results for these samples are given in

Tables 4.5 and 4.6, respectively. The tritium values of groundwater from deep

piezometers, T, U, V, S and R in Figure 4.5, indicate that this groundwater is

younger than about 30 years in age. An exception occurs at the 25 m depth at

site R, where no detectable tritium is found. Tritium values in Table 4.6

represent the analysis of 19 groundwater samples from multilevel bundles at

sites M6, Q, M7, M8, R, M9 and M10. With the exception of groundwater samples

without tritium (M8-24.19, R-25.05, M9-27.47 and possibly M10-26.18), the ages

of the groundwater in the other 15 samples are less than 30 years.

The tritium values from Tables 4.4 and 4.6 are displayed on a cross

sectional diagram along B-B' and C-C* in Figure 4.11. This figure shows a deep

bomb tritium boundary at approximately 25m below the ground surface. The

boundary represents the 20 T.U. detection limit for % in groundwater and

marks the division between pre-1953 recharge water and post-1953 recharge

water. Identification of the zone in which tritium occurs is significant because

it is within this zone where waste-rock-derived contaminants can occur.
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SPATIAL VARIATION

TABLE 4 . 6

OF 2H IN GROUNDWATER* IN THE CENTRAL
SECTION OF THE STUDY AREA

SAMPLE
NUMBER

M6-9.99

Q-2.65
Q-5.15
Q-15.43

M7-9.19
M7-13.1O
M7-17.13

M8-14.59
M8-21.73
M8-24.19

R-25.05

M9-9.09
M9-15.25
M9-21.58
M9-27.47

Ml0-14.30
Ml 0 -20 .38
Ml 0-23 .45
Ml 0 -26 .18

DEPTH BELOW
GROUND, m

9.99

2.65
5.15

15.43

9.19
13.10
17.13

14.59
21.73
24.19

25.05

9.09
15.25
21.58
27.47

14.30
20.38
23.45
26.18

3H
,T.U.

+91

+47
+86
+93

+80
+75
+55

+91
+97
<0

<0

+80
+44
+84
+10

+213
+113
+81
+26

* Samples collected in June 11, 1982
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Figure 4.11 Tritium distribution in groundwater along cross sections B-B1 and C-C'.
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4.6 Methods of Groundwater Velocity Analysis

Three independent methods have been used for the determination of

groundwater velocities along two extended cross sections, A-A' to C-C' and B-3'

to C-C'. The three methods of groundwater velocity analysis include: (1) the

trial and error calculations that are based on the maximum extent of sulphate

contamination and on the hydraulic-head gradients; (2) velocity calculations

that are based directly on the Darcy equation; and (3) the borehole dilution

technique.

The first method is based on an estimate of the lateral maximum extent of

sulphate contamination in the aquifer. It is believed that most of the sulphate

in the sand aquifer has originated by geochemical weathering of the waste rock

since 19S7. The lateral extent of an identifiable plume of sulphate in

groundwater was estimated to be approximately 100 m from the waste rock. The

data upon which this estimate is based are presented in Chapter 5. From the

hydraulic head data collected during the summer of 1982, groundwater velocities

between multilevel piezometers were calculated in a successive manner on a trial

and error basis until a match was reached between the calculated 25 year

groundwater travel position and the observed lateral extent of travel of

sulphate contamination from the waste rock. The results of this kind of

velocity analysis along the A-A' to C-C1 cross section and the 3-3' to C-C'

cross section are given in Figure 4.12. Along the A-A'-C-C' cross section, the

groundwater velocities decrease from 70 to 69 m/yr at sites L to M3, from 15 to

6.4 m/yr at sites M3 to M7 and from 4.4 to 1.6 m/yr at sites M7 to M10. In

comparison, the groundwater velocities along the 3-B'-C-C' profile show less

pronounced decreases. For example, the velocities decrease from 10 m/yr to 7

m/yr downflow from site M15 to site M7 and from 4.4 m/yr to 1.8 m/yr downflow

from site M7 to site M10.

Since it is possible that the actual sulphate front, although not

detectable, is somewhat farther than 100m from the waste rock, the above

velocity estimates may be somewhat smaller than the true values. This statement

is supported by the following interpretation of the tritium distribution in

groundwater in Figure 4.11. Sulphate and tritium are considered to be both

non-reactive constituents in groundwater in this field investigation. Tritium
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used in the first method. Maximum and minimum values of measured hydraulic

conductivities in the sand aquifer were used to represent the K parameter in

equation 4.1. An estimated value of 0.33 was used to represent the porosity of

the sand. The results of the calculated average linear velocities are displayed

in Figure 4.12, but only from sites L to M2 along A-A1 and from sites M15 to Ml7

along B-B'. Although other velocities downflow from these sites have been

calculated, the average linear velocity values given in Figure 4.12 are

sufficient to make comparisons with the velocities determined from the first

method. The groundwater velocity range of flow from sites L to M2 is between 9

m/yr and 74 m/yr, as calculated from the respective minimum and maximum

hydraulic conductivity values. The groundwater velocity range from sites M15 to

M17 is between 1.1 m/yr and 10 m/yr, as calculated from the respective minimum

and maximum hydraulic conductivities. Comparing the first two methods of

groundwater velocity analysis, the velocity calculated by the first method

corresponds well to the maximum velocity calculated from the second method.

The third method of groundwater velocity analysis was the borehole dilution

technique. The application of this technique to the field site on June 29,

1982, involved the injection of a mild sodium chloride tracer solution into an

isolated segment of driven well point. The isolated well segment was installed

approximately 30 cm below the water table. Lateral groundwater flow continually

mixed and removed the tracer from the well screen. From direct measurements of

the electrical conductance of the diluted tracer in the well with time, the

groundwater velocity (Vf) in the sand was calculated from the equation given

by Grisak et al. (1977), where

Vf - <-V/(aAt))lnC/C0 4.2

The parameters in equation 4.2 are identified as the following: t • time; Co *

injection concentration at t • 0; C » concentration at time, t, after the tracer

was injected; V » volume in which dilution occurs; A « cross-sectional area of

flow; and ct " correction factor (2.5). An average linear groundwater velocity

for the sand aquifer was calculated by dividing Vf by the value for porosity.

The porosity of the sand was assumed at 0.33 (Freeze and Cherry, 1979).
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Borehole dilutions were carried out at two sites in the study area. One

site is located approximately one meter downflow from site M3 and the other site

is located approximately two meters adjacent to site Ml6. The locations of

these test sites and the measured groundwater velocities at these sites are

given in Figure 4.12. The measured groundwater velocity at the site downflow

from site M3 is 15 m/yr, which is equal to the calculated value of 15 m/yr by

the first method. In comparison, the measured groundwater velocity at the site

adjacent to site Ml6 is 42 m/yr or approximately a factor of four greater than

the calculated value by the first method. The accuracy of the 42 m/yr value is

in doubt because problems were encountered in the installation of the well point

adjacent to site Ml6. That is, the isolated well segment was exposed to

groundwater flow at only 15 cm below the water table instead of the usual 30 cm

depth exposure.

Hydraulic conductivities (K) from the first and third methods of

groundwater velocity analysis are calculated and are compared in Figure 4.12 to

those values of K measured at the field site. The calculated values of K for

the first and third methods along cross section A-A' are considered to be

equal. These calculated K values are similar to the maximum measured value of K

(ie. 1.6 x 10~3 cm/s). In comparison, the calculated K values from the first

and third methods along the B-3' cross section differ by a factor of four.

However, the calculated K value from the first method at 1.7 x 10"^ cm/s along

cross section B-B' corresponds with the maximum measured K value for the study

area. The arithmetic mean value of EC estimated from the calculated and measured

K values along both cross sections in the sand aquifer is 1.6 x 10"^ ca/s.

4.7 Summary

Two major groundwater flow domains exist in the sand aquifer. That is,

recharge water in the vicinity of the waste rock piles in the northeast and in

the northwest converge towards the south of the study area and discharge below

the swamp. The groundwater velocities progressively decrease from about 70 m/yr

below the waste rock in the northwest section of the study area to about two

a/yr at approximately 100 m downgradient from the waste rock in the south. To a

smaller extent, the groundwater velocities decrease from about 10 ta/yr below the
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waste rock in the northeast sector to about 2 m/yr in the south near the swamp.

Good agreement in the analysis of groundwater velocity was found amongst three

independent methods. The arithmetic mean hydraulic conductivity for the sand

was estimated at 1.6 x 10"^ cm/s.

The l°0 data confirmed the sources of various types of groundwater in the

sand aquifer. For example, the shallow and deep groundwater in the immediate

vicinity of the waste rock are the result of the infiltration of recharge water

from atmospheric precipitation. Approximately 80 meters laterally downflow from

the waste rock along the NE flow regime, the shallow groundwater from the water

table to five meters below the ground surface, represents a mixture of swamp

seepage and the infiltration from rain and snowmelt. Also, the ^°0 data

helped to indicate that the deeper water was not derived from seepage of the

swamp water.

The absence of detectable tritium in groundwater deeper than approximately

25 meters below the ground surface and beyond approximately 70 meters downflow

from the waste rock indicates water older than 30 years. The water at shallower

depth in the sand aquifer has detectable tritium and has therefore entered the

aquifer since tritium fallout from the atmosphere began in 195-3. The waste rock

was deposited on the sand unit from 1956 to 1959. Therefore, the tritium zone

in the sand aquifer is a zone in which contaminants leached from the waste rock

may occur.
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CHAPTER 5

8ADI0NUCLIDES AOT CHEMICAL CONSTITUENTS IN GROUNDWATER

The spread of radioactive contaminants (2"%, 234U, 232Th, 230Th,

and 210Pb) from the uranium-bearing waste rock in groundwater was

assessed by groundwater sampling and subsequent rad^schemical analyses during

the period from 1978 to 1982. Although the main focus of the Greyhawk study is

on the leaching and movement of radionuclides, the geochemical conditions within

the sand aquifer have also been investigated. The chemical composition of the

groundwater can, in favourable circumstances, provide an indication of the zone

of influence of waste-rock-derived leachate.

5.1 Sanpling and Analytical Procedures

A geochemical reconnaissance of the study area from 1978 to 1980 involved

field measurements of pH, alkalinity, electrical conductance and tenperature of

groundwater samples from multilevel devices at sites A, B, C, D, S, F, G, J, K,

S, 0, ?, Q, T, U, V, X, GR9, GB.10, GRli, GR6 and GR4. The locations of these

sites are shown in Figure 4.1. The field measurements were made immediately

upon withdrawal of water from the sampling tubes using a battery-powered

peristaltic pump. Siailar measurements were also made in groundwater at

piezometers I- and M, which were installed through Che waste rock into the

underlying sand aquifer. It was thought that the water chemistry found beneath

the waste rock piles could be used to represent the input of contaminants to Che

sand aquifer. The field geochemical measurements were done priaarily to obtain

a rapid and inexpensive preliminary indication of the position of the zone of

contamination from the waste rock.

The 1978/1980 geochemical reconnaissance also entailed the determination of

the concentrations of chemical constituents in groundwater at the field site.
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Groundwater samples from sites GR9, GR10, GR11, GR6, GR4 and L in the excavated

waste rock areas were analyzed for sulphate in the laboratory by the

turbidimetric method (Rand, 1975). Water samples for chemical analyses of oajor

ions and trace elements were collected from all of the sample tubes at sites K,

0 and Y in order to give complete vertical profiles of the hydrogeochemistry of

the sand aquifer. Additional samples were collected from several sampling

devices, located at sites GR4, GR9, B and Q. These samples were filtered in the

field through 0.45 micron filter paper. The filtered samples for the analysis

of heavy metals and other trace constituents were collected in 500-ml

polyethylene bottles with ultrapure HNO3 added as a preservative to maintain

low pH. The samples were analyzed for Al, As, Cd, Cu, Cr, Fe, Mo, Mn, Ni, Pb

and Zn by the water quality laboratory at the Ontario Ministry of the

Environment. Additional 500-ml groundwater samples from the same sampling

devices, which were not acidified, were collected for the analyses of Ca, Mg,

Na, K, SO4, Cl, HCO3, NO3, F, P and SiO2- These samples were also

analyzed by the Ontario Ministry of the Environment.

An investigation of the distribution of radionuclides in groundwater in

1979 and 1980 involved the collection of four-liter groundwater samples from

multilevel sites, A, B, C, G, J, K, L, M, 0, P, Q, R, S, T, U, V, X, Y, GR4,

GR6, GR9, GR10 and GR11. A total of 110 water samples were collected in 4.5-

litre polyethylene bottles at these sites. The samples were filtered in the

field and then were acidified with nitric acid. To further avoid adsorption of

radioactive species on the polyethylene bottles, barium and ferric ions were

added to the water samples. The bottles were transported to the radiochemistry

laboratory at the University of Waterloo for the determination of radionuclides,

"Su, 234ut 232Th> 230Th> 226Ra a n d 210pb< D u r ± n g 1 9 7 9 > t h e

analyses of 238jj an(j 234^ ^ n groundwater samples were done by the

radiochemistry laboratory at McMaster University. After 1979, the uranium

isotopes, along with the thorium isotopes, ^26Ra and ^^Pb, ±n ajj of th e

groundwater samples were determined at the University of Waterloo.



84

The preliminary investigations revealed zones of high concentrations of

cheaical constituents and high activities of radionuclides in groundwater

beneath Che waste rock and also in groundwater at greater depths below the

ground surface downflow from the waste rock. This led to a follow-up sampling

prograia in October 1981 at sites B, T, V, R, L, GR4, GR6, A, GR9, GRIO, GR11, CJ

and Q. Field measurements of pH, Eh, dissoved oxygen, alkalinity and electrical

conductance in groundwater were taken from 37 sample points from these

sultilevel sites. For Eh measurements, a calomel (Hg-Hg2Cl2) reference

electrode and a platinum electrode were placed in the spillover chamber of a

flow cell. The cell was connected by tubing to a piezometer. A pump was used

to draw groundwater through the cell at a low flow rate. After 15 minutes of

groundwater flow through the cell, the potential difference in millivolts

between the two electrodes was measured by a Corning Model 610A Expanded Scale

pH-Eh meter. A Zobell solution of known Eh was used as an instrument check

prior to Eh aeasurements. The dissolved oxygen content in groundwater was

measured by the Winkler technique, which has a detection limit of 0.1 ag/1.

As part of the October 1981 sampling program, groundwater samples from 8

sample devices were analysed at the Universicy of Waterloo for dissolved

inorganic carbon (DIC) determinations by the head-space gas chromatographic

technique. The DIC measurements were to provide a method of comparison with the

calculated DIC values obtained from the pH and alkalinity aeasuremencs in

groundwater. 'In addition, groundwater was obtained in October 1981 from 18

sample devices for analysis of Ca, Mg, Na, K, HCO3, SO4, Cl, SiO2, Al, Fe

and Mn in the geochemistry laboratory at the University of Waterloo and from 17

sample devices for the analyses of 2 3 8U, 2 3 4U, 225Ra and 210Pb in the

radiochemistry laboratory at the University of Waterloo.

A detailed geochemical and radiochemical investigation of the groundwater

chemistry along the two major flow paths in the study area was conducted in June

1982. Groundwater from 267 sample points was analyzed for pH, alkalinity and

electrical conductance in the field, iinacidified, filtered grounawater samples
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were taken to the laboratory for the analyses of sulphate in 200 samples,

electrical conductance in 267 samples and major ions in 9 samples. A total of

65 acidified, filtered groundwater samples were analysed for -̂3°U, -3^',

226Ra a n d 210pb>

5.2 Spatial Distributions of Chemical Constituents

The results of the field measurements of electrical conductance, pK,

alkalinity and the calculated DIC values for the 1978/80 reconnaissance sampling

program are tabulated in Veska (1983). With the exception of some areas beneath

and in the immediate vicinity of the waste rock, the pH of the groundwater in

the sand aquifer is generally between 5.0 and 7.5. The highest pH values

generally occur in groundwater at the deep sampling points, corresponding to the

high alkalinity, DIC and electrical conductance. The sampling points with

lowest pH are beneath or near the waste rock in the northwest sector of the

siudy area. The lowest pH is observed at site L (pH - 3.4). The electrical

conductance at this site (1950 uS) is the highest in the study area.

The measured alkalinity values in groundwater are reported as bicarbonate

concentrations in Veska (1983). The bicarbonate concentrations in groundwater

range from less than 10 to 295 mg/1, where the higher values generally

correspond to deeper sampling points and higher pH. This trend is observed in

the three-dimensional diagram in Figure 5.1, representing the spatial

distribution of bicarbonate concentrations in groundwater at the field site.

The calculated dissolved inorganic carbon (DIC) values in groundwater range

from about 7.6 to 74.5 mg/1, with the higher values generally corresponding to

high values of alkalinity and pH in the deeper water (Veska, 1983). This trend

did not occur at all of the sampled sites.

Detailed vertical profiles of the chemical constituents and the *®0

distribution in groundwater, as represented by the chemical and isotopic data of

groundwater from the three multilevel sampling sites, Y, K and 0, are given in

Figure 5.2 and Veska (1983). The locations of the three sites are
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shown in Figure 5.3. Site Y is located about 10 metres from the swamp and is

considered to be unaffected by contamination from waste rock which is adjacent

to the mine shaft. Site K is within a meter of the pegmatitic waste rock and is

influenced by recharge from the northeast groundwater flow regime. Site 0 is

located approximately 30 meters downflow from the pegmatite-gabbro waste rock

and is influenced by the northwest groundwater flow regime.

The hydrogeochemical profiles of sites K and 0 are quite complex (Figure

5.2). In general, progressively increasing concentrations of Ca, Mg, Na, SO4,

HCO3, DIC and Mn as well as increasing values of pH and electrical conductance

occur in the groundwater with depth. A similarity exists in the trends amongst

the Ca and SO4 concentrations and the electrical conductance values in the

groundwater at sites K and 0.

Compared to sites K and 0, the groundwater chemistry at site Y is fairly

uniform with depth, except between the four to five meter depth interval below

the ground surface. At this depth interval, increased concentrations of

dissolved HCO3, DIC, Mn, Fe and Zn as well as pH and ^ 0 occur in the

groundwater (Figure 5.2). The groundwater composition at this interval is

influenced by the nearby swamp water flowing through the aquifer, as deduced by

the î O distributions in groundwater in Chapter 4. The geochemical evidence

shown here further supports the view based upon the ^ 0 data that the shallow

groundwater near the swamp receives recharge from the swamp.

The concentrations of dissolved Cl, K, Na, Al, showed little variability in

groundwater with depth for sites K, 0 and Y. The trace constituents which showed

no variability in concentration in groundwater amongst the three sites were Pb,

Ni, Cu, Cr, Cd, As, Mo, F and P. All of these trace constituents had

concentrations in groundwater approaching the analytical detection limits and

were found to be below the respective maximum permissible concentration limits

for drinking water (Health and Welfare Canada, 1978). Table 5.1 compares the

concentration range of various chemical constituents in groundwater from sites

K, 0 and Y with that of the drinking water standard, which serves as a

convenient reference scale. Table 5.1 shows that the concentrations of Fe and
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Mn in groundwater in certain parts of the sand aquifer are above recommended

limits for drinking water.

Besides site K, other sites adjacent to the waste rock piles contained

groundwater with high concentrations of chemical constituents, namely; sites

GR4, GR9 and B. Site GR4 is located in the excavated pegmatite-gabbro waste rock

area (Figure 5.3); site GR9 is located in the excavated pegmatite waste rock

area (Figure 5.3); and site B is at the periphery of the gabbroic waste rock

pile (Figure 5.3). The chemical analyses of groundwater from these sites are

given in Veska (1983). The groundwater at site GR4 is a low pH, calciutn-

magnesium-sulphate water with notably high values of Al and Ni. The groundwater

at site GR9 is a pH 5.0 calcium-sulphate water whereas the groundwater at site B

is a neutral pH calciun-bicarbonate-sulphate water. In comparison to the high

ionic strength groundwater at these three sites, the composition of the shallow

groundwater at site Q, at approximately 50 meters downflow from the waste rock

piles, is a dilute calcium-sulphate water (Veska,1983).

From the results of the preliminary geochemical sampling program, the

groundwater in the sand aquifer can be divided, for convenience of discussion,

into four hydrochemical zones. The boundaries of these zones are gradational

and not all water samples in a particular zone are different from samples in a

neighboring zone. These four zones are identified in Figure 5.4 as the

following: zone A, the upper zone of the sand aquifer; zone B, the lower zone

of the sand aquifer; zone C, the zone influenced by swamp water; and zone 0,

the zone influenced by waste rock. Each hydrochemical zone in Figure 5.4 is

schematically represented by bar graphs, which reflect the characteristic

major-ion composition in groundwater in milliequivalents per liter. The bar

graphs for zones A, B and C in Figure 5.4 are represented by chemical analyses

of the groundwater samples Q-2.65, K-8.03 and Y-4.83, respectively. The bar

graphs for zone D are represented by the chemical analysis of samples B-2.2 and

GR4-1.64.
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Zone D in Figure 5.4, is of key significance to this study because it

represents the effect on water quality in groundwater underlying the waste rock

as a result of leaching processes. The leachate-influenced water in zone D is

characterized by two types of groundwater chemistry at the site. The two types

of groundwater are represented in Figure 5.4 as the low pH calcium-

magnesium-sulphate water in the northwest sector and the neutral pH calcium-

bicarbonate-sulphate water in the northeast sector.

In the endeavour to delineate the zone D boundary in the northwest flow

regime, the groundwater compositions in the two excavated waste rock areas in

the northwest sector were investigated along traverses from sites L to GR6 and

from sites GR9 to GR11. Both traverses, approximately 10 meters in length, are

in the shallow sand aquifer and follow apparent groundwater flow paths as

deduced from the water table maps in Chapter 4. The GR9-GR11 traverse passes

through a disturbed pile of pegmatitic rock whereas the L-GR6 traverse passes

through a disturbed pile of gabbro and pegmatite. The variations in the

values of pH, alkalinity, DIC, electrical conductance and sulphate in

groundwater along these two traverses are given in Tables 5.2 and 5.3. The

trends observed in the groundwater chemistry along traverse GR9-GR11 are similar

to the spatial trends in the groundwater chemistry along traverse L-GR6. That

is, the groundwater downflow from the waste rock in both traverses shows

progressive decreases in values of electrical conductance and sulphate and

progressive increases in values of pH, alkalinity and DIC.

The calculated DIC values in groundwater at sites L and GR4 in Table 5.3

were not included because of the negligible alkalinity values determined during

the preliminary survey. From the follow-up geochemical survey in 1981,

groundwater was measured for pH and alkalinity in the field and also sampled for

laboratory determination of DIC. Calculated and measured values of DIC in the

1981 groundwater samples are compared in Veska (1983). The agreement between

the DIC values by the two different methods is within approximately 20%.
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TABLE 5.2

VARIATION IN THE CHEMICAL COMPOSITION OF GROUNDWATEK* ALONG
TRAVERSE GR9-GRI1

SAMPLE
NUMBER

GR9-2.07
GR9-2.32
GR9-2.57
GR9-2.82

GRl0-2.15
GRl0-2.35
GR10-2.65
GRl0-2.90

GRl1-2.35
GRl1-2.65
GRl1-2.90

DEPTH BELOW
GROUND
,o

2.07
2.32
2.57
2.82

2.15
2.35
2.65
2.90

2.35
2.65
2.90

ELECTRICAL
CONDUCTANCE

,aS

210
240
245
500

280
220
210
360

150
120
150

pH

6.1
5.2
5.5
3.2

5.9
5.6
5.2
5.8

5.9
5.9
6.2

ALKALINITY
as HCO3

,mg/J

23
<10
<10
<10

<10
16
<10
<10

16
31
31

DIC
,ag/2

15
-

-

26.4
-
-

14.8
28.7
17.5

SO,,
,mg/A

80
105
120
80

70
60
160
180

30
20
20

- sampled in Noveaber 1979
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TABLE 5.3

VARIATION IN THE CHEMICAL COMPOSITION OF GROUNDWATER+ ALONG
TRAVERSE L-GR6

SAMPLE
NUMBER

L-3.53

GR4-1.14
GR4-1.64

GR6-.1.89
GR6-2.14
GR6-2.39

DEPTH BELOW
GROUND

,m

3.53

1.14
1.64

1.89
2.14
2.39

ELECTRICAL
CONDUCTANCE

,uS

1400

760
750

590
420
450

PH

3.4

4.8
5.0

5.5
5.4
5.5

ALKALINITY
as HC03

<10

<10
<10

12
<10
15

DIC
,mg/4

-

-

24.5

30.4

SO,,
,mg/Z

760

420
470

350
235
220

+ - sampled in November 1979
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To delineate the zone D boundary in che northeast flow regime, variations

in the vertical profiles of electrical conductance, dissolved oxygen, pH and pe,

aajor cations and major anions in groundwater amongst ailtilevel sites 3, K, U,

Q and a in Figures 5.5, 5.6, 5.7, 5.8, and 5.9 are examined. Data from sites B,

K, U, Q and R are represented in these figures because these sites are located

approximately along a flow line at 1, 16, 29, 55 and 90 meters,respectively,

downflow from the gabbroic waste rock pile (Figure 5.3). The chemical analyses

of groundwater from the follow-up geoch.enri.cal survey in 1981, as reported in

Veska (1983) have been used in these vertical profiles. Because major-ion data

of the 1981 groundwater from some of the sites were lacking, chemical data of

the 1979 groundwater from sites B, K and Q have been used in Figures 5.8 and 5.9

to provide complete vertical profiles.

Along Che cross section of electrical conductance profiles from sites 8 to

3. in Figure 5.5, the values in groundwater decrease from 690 uS near Che water

table beneath che waste rock to 30 uS in the shallow aquifer at sice R and to

340 uS ia the deep aquifer at site R. High electrical conductance values are

seen to originate from site B and to decrease in a downward direction cowards

site U.

The dissolved oxygen profiles in groundwacer in che vicinity of the waste

rock in Figure 5.6 indicate values at 4.5 mg/1 at approximately 3 meters below

che ground surface and values below the deteccion limic (0.1 mg/1) ac depths

greater Chan 10 meters. Downflow from the waste rock at sice R, che dissolved

oxygen content in groundwater is less Chan one mg/1 in the shallow aquifer. The

decrease in che dissolved oxygen concent in groundwater with depth is reflected

by Che decrease ia p with depth in che sand aquifer as shown in Figure 5.7. An

inverse relation between pH (hydrogen-ion activity) and pe (relative electron

activity) in groundwater with depth is shown in Figure 5.7.

The spatial distribution of the concentrations of the major cations in

groundwater in Figure 5.8 indicates that calcium is dominant throughout Che

aquifer. The concentration distribution of the S0a, HCO3 and DIC in groundwacer
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in Figure 5.9 indicates that sulphate is the predominant anion below the waste

rock and that jicarbonate predominates progressively downflow from the waste

rock at greater depths. To elaborate further on these enpirical observations,

statistical correlations between calcium and sulphate concentrations and between

calcium and bicarbonate concentrations in the waste-rock-influenced groundwater

(zone D), the shallow groundwater (zone A) and the deap groundwater (zone 3),

were determined by SAS, a statistical analysis computer program at the

University of Waterloo. From 44 chemical analyses of groundwater samples in the

sand aquifer, the correlation coefficients between calcium and sulphate

concentrations in groundwater zones D, A and B are 0.87, 0.98 and 0.08,

respectively as shown in Figure 5.10. In the same order of groundwater zones,

the correlation coefficients between calcium and bicarbonate concentrations in

groundwater are 0.08, 0.64 and 0.82. Based on these findings, the

waste-rock-influenced groundwater and the shallow groundwater can both be

characterized to a large degree as calcium-sulphate water and the deep

groundwater as calcium-bicarbonate water.

Because of the lack of detailed sampling points at greater depths in the

1978 and 1979 instrumentation, the preliminary and follow-up geochemical surveys

could not provide an accurate description of the spraad of the zone D

groundwater. From the installation of the detailed network of multilevel

sampling points in 1982, groundwater was analyzed for electrical conductance,

sulphate, alkalinity and pH from 2'67 sample points. The results of Che chemical

analyses from these samples are given in Veska (1983). These results are

represented in the detailed contour mappings of electrical conductance,

sulphate, bicarbonate, DIC and pH in groundwater along cross sections A-A'-C-C'

and B-Bf in Figures 5.11, 5.12, 5.13, 5.14 and 5.15. To inspect the accuracy of

the generalized contours in Figures 5.11-5.15 inclusive, values of each of the

five constituents from several sample multilevel bundles are given in Table

5.4. Cross sections A-A'-C-C' and B-3' were chosen in order to map the spread

of the waste-rock-derived contaminants in the zone D groundwater because of the
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TABLE 5.4

CHEMICAL ANALYSIS OF THE 1982 GROUNDWATER

SAMPLE
NUMBER*

M5-2.44
M5-3.80
M5-4.92
M5-6.13
M5-7.34
M5-8.37
M5-9.78
M5-11.00
M5-12.21

Ml6-3.06
Ml 6-3.94
Ml6-4.84
Ml 6-5.75
Ml6-6.65
Ml6-7.57
M16-8.47
Ml 6-9.38

M9-3.00
M9-6.06
M9-9.09
M9-12.17
M9-15.25
M9-18.21
M9-21.58
M9-24.45
M9-27.47

LABORATORY
ELECTRICAL
CONDUCTANCE,

94
128
124
246
360
390
298
360
428

600
580
490
460
480
390
360
370

66
74
134
330
430
368
378
330
490

FROM SITES M5,

SULPHATE
,mg/i

uS

10.5
44.7
75.8
90.8
154
171
100
101
116

108
109
92.1
116
134
108
125
127

4.6
5.5
3.9

56.7
142
86.3
51.2
81.7
160

Ml 6 and M9

BICARBONATE
,mg/i

33
25
20
20
26
28
45
97
132

277
272
234
163
154
103
54
60

30
40
79
170
152
119
108
100
94

DIC
,mg/£

15.8
49.5
60.6
53.9
51.5
25.5
41.0
36.1
35.0

62.3
70.7
62.0
46.3
48.4
43.3
14.0
33.0

27.9
26.4
37.9
43.4
31.9
24.2
21.9
20.0
19.1

pH

6.3
5.5
5.3
5.4
5.5
5.9
5.9
6.5
6.9

7.3
7.0
6.9
6.8
6.7
6.4
7.0
6.2

5.9
6.1
6.3
7.0
7.6
7.9
8.0
8.0
8.0

* The numbering system is given for groundwater samples with their respective
locations and depths. The individual depths at which the groundwater samples
were taken from multilevel devices are given in meters.
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intersections nade with the 1982 instrumentation sites and because of the

approximate alignment with the two major groundwater flow directions. No other

cross sections could have been made along the two major flow regimes that would

have contained as many sample points from the water table to the bedrock

surface, as that for cross sections A-A'-C-Cf and B-31.

The distribution of the values of laboratory-measured electrical

conductance in groundwater in Figure 5.11 shows high values below the waste

rock, ranging from 600 to 1150 uS. Approximately 100 meters downflow from the

waste rock to site M10, the conductance values decrease to approximately 300

uS. The trend in the decrease in electrical conductance values in groundwater

downflow from the waste rock follows the general trend in the directions of

groundwater flow. Downflow from the waste rock, the plume of electrical

conductance in groundwater is bordered at the top by shallow groundwater with

values below 100 uS and at the bottom by the bomb tritium boundary. Below this

lower boundary, pre-1953 recharge water flows upward towards the center of the

sand aquifer.

In order to determine the degree of retardation of radionuclides in the

aquifer, it is necessary to know the extent of aigration of non-retarded

contaminants and/or the groundwater velocity. Early in the investigation,

groundwater sampling indicated that sulphate was the best waste-rock-derived

constituent to use as a non-retarded tracer of waste-rock contamination.

Sulphate emanates from the waste rock into the aquifer, mainly because of the

weathering of sulphide minerals, such as pyrite, in the rock. The sulphate

distribution in groundwater for 1982 is shown in Figure 5.12. The highest

sulphate concentrations in groundwater are found below the waste rock, ranging

from 200 to 731 mg/1. Downflow from Che waste rock to site M10, the values

decrease to a low of 63.2 mg/1 in the middle of the aquifer. Similar to the

electrical conductance plume, the plume of sulphate contamination from the waste

rock follows the general groundwater flow directions in the sand aquifer. The

sulphate plume is bordered by an upper boundary in the shallow aquifer that

contains sulphate in groundwater below 10 ng/1. This low concentration range of
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sulphate in groundwater is indicative of background sulphate, resulting frou

soil-water interactions from the infiltration of recharge water by

precipitation. The low sulphate content in the shallow groundwater is

considered to represent conditions of no waste-rock contamination because there

is no evidence of waste rock deposition on the ground surface along cross

section C-C'. The lower boundary for the sulphate plume in the deep aquifer is

the bomb tritium boundary. The bomb tritium boundary marks the deepest limit

possible within the sand aquifer for the travel of the 1957 recharge water that

has infiltrated the waste rock near the mine. Although the sulphate

concentrations in groundwater were not determined downflow from site M10, it is

reasonable to estimate from Figure 5.12 that the extent of the sulphate plume is

between site M10 and the swamp, or 100 to 120 meters downflow from the waste

rock.

Plumes of DIC and bicarbonate concentrations in groundwater are observed in

Figures 5.13 and 5.14. There exists a resemblance between the shapes of the two

plumes, as both plumes follow the general direction of groundwater flow. The

highest concentrations of DIC at 70 mg/1, and bicarbonate, at 250 mg/1, appear

to originate in groundwater beneath the waste rock along the B-B' cross

section. Approximately 100 meters downflow from the waste rock in the center of

the sand aquifer, the DIC and bicarbonate concentrations decrease to less than

30 mg/1 and less than 100 mg/1, respectively.

The pH distribution of groundwater is shown in Figure 5.15. Two

different types of pH profiles in groundwater are observed along cross sections,

A-A' and B-B1. Along cross section A-A', the progression of a low-pH front in

the sand aquifer is evident from the pH 3.7 groundwater at site L downflow to

the pH 5.0 groundwater at site GR6 and further downflow to the pH 6.5

groundwater at site M4. Conversely, the pH is fairly constant between 6.0 and

7.0 in groundwater along cross sections B-B1 and C-C'.
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5.3 Spatial Distributions of Radionuclides

The hydrochemical patterns in the sand aquifer indicated the presence of a

contaminant zone (zone D) that was derived from the weathering of the

uranium-bearing waste rock. This zone may also have some influence on the

activity distribution of radionuclides found in groundwater.

The radiocheaiical results for 238U, 234U, 226Ra, 210Pb, 230Th and
232Th in the groundwater samples that have been obtained from various sites in

the aquifer from 1979 to 1980 are recorded in Veska (1983). From these

analyses, activity versus depth profiles of radionuclides in groundwater are

given and are described in detail in Veska (1983). From the findings in Veska

(1983), a zone of generally above-background activities of radionuclides in

groundwater is delineated near and around the piles of the uranium-bearing waste

rock. This zone overlaps with the hydrochemical zone D. With the exception of
226Ra, the activities of 238U, 234U, 230Th, 232Th a n d 210Pb l n t h e

contaminated groundwater in the vicinity of the waste rock are below the maximum

permissible concentrations for drinking water as prescribed by the International

Committee on Radiological Protection (ICRP) (i.e. 238U at 600 pCi/1, 23iU at

30,000 pCi/1, 210Pb at 100 pCi/1, 230Th at 2000 pCi/1 and 232Th at 2000

pCi/1, ICRP, 1979). The 226Ra activities in water in certain parts of the

sand aquifer are greater than the maxiaaim acceptable limits for drinking water,

i.e. at 10 pCi/1 (ICRP, 1979) and .at 27 pCi/1 (Health and Welfare Canada,

1973). The target limit or the objective limit set by the Canadian Government

for 226Ra in drinking water is 2.7 pCi/1 (Health and Welfare, 1978).

To investigate the effect of the emanation of radioactive and chemical

constituents from the waste rock on the natural aquifer conditions in the

northwest flow regime, the spatial variations of these constituents along

traverses L-GR6 and GR9-GR11 are described using the 1979/1980 data. The

activities of radionuclides and concentrations of chemical constituents in

groundwater along traverse L-GR6 are plotted in Figure 5.16. Along traverse

L-SR6, decreases are seen in the activities of the radioactive constituents in

groundwater for 238U from 86.90 pCi/1 to 1.84 pCi/1, for 23/*U from 43.45



0.1 1.0 10
ACTIVITY, pCI/f

\///\ PEGMATITIC AND GABBROIC WASTE ROCK

»°Th
' • ^ • H I

•M0Th t

* ' 1

" * T h »<»Tf,
. . . ..1° . " . . . .

f°:b.., "•«^4V

.A .*. .:

!%tM" . . . .

la
. ..1 . . . i

-

0 i

2&

100

I
GR-4 I

GR-6

CONCENTRATION, mq/t
SULPHATE BICARBONATE

400 800 0 20 40

1 ' f-c-«Vs

• * s o 4
1 1

EC.*pSO«

-' ,' 1

I

1000ID 0

S ELECTRICAL
2000 4 6 8

PH
CONDUCTANCE,/tS

Figure 5.16 Spatial variation in the concentration vs. depth profiles of radionuclides and chemical
constituents in grountlwater downflow from piezometer L to multilevel piezometer CR-6.



O.I 1.0 10

ACTIVITY, pCl/t

PEGMATITIC WASTE ROCK

• A

*

t • i

too

6R-9 g
UP

2

4

0

2

4

E

•£.

a.
Ul
Q

i • -

2.

GR-II

¥

f t

CONCENTRATION, mg/l

SULPHATE BICARBONATE

400 800 O 20 4 0

1000 2000 4 6 8

ELECTRICAL
CONDUCTANCE, fiS

pH

Vigure 5.17 Spatial variation in the activity <inil concentration vs. depth profiles of radlonuctides and
chemical constituents In groundwuter downflow from multilevel piezometer GK-'J to multilevel
pietiomtiter GR-11.



115

pCi/1 to 2.07 pCi/1, for 226Ra from 23.6 pCi/1 to 2.4 pCi/1, for 210Pb from

9.4 pCi/1 to 0.9 pCi/1, for 230Th from 2.45 pCi/1 to less than 0.1 pCi/1 and

for 232Th from 1.10 pCi/1 to less than 0.1 pCi/1. These strong decreasing

trends are similar to those of the decreasing trends in the values of sulphate

and electrical conductance in groundwater along traverse L-GR6. Conversely, the

valuer of bicarbonate and pH show an increasing trend in groundwater along

traverse L-GR6.

Similar radionuclide and chemical trends are evident in water samples along

traverse GR9-GR11 in Figure 5.17. The radionuclide composition of grour.dwater

along this 10 meter traverse shows a decrease in the activities of 238U from

16.82 pCi/1 to 0.69 pCi/1, 234U from 18.00 pCi/1 to 0.74 pCi/1, 226Ra from

9.4 pCi/1 to 3.1 pCi/1, 230Th from 0.84 pCi/1 to less than 0.1 pCi/1 and
232Th from 0.24 pCi/1 to 0.1 pCi/1. Superimposed with the radionuclide

profiles are the profiles of the sulphate and electrical conductance values,

which show a similar decreasing trend along this traverse. Conversely, an

increasing trend in the values of bicarbonate and pH is observed with distance

from site GR9 (Figure 5.17).

To investigate the influence of radionuclide contamination from the waste

rock in the northeast flow regime, the spatial variations of the activities of

radionuclides in groundwater along the flow path that joins sites B, K, U, Q,

and R, are described using the 1979/1980 radiochentLcal data. Along the B-R

traverse, the variations in the distributions of 2 2 % a and 2 3 % activities

in groundwater are displayed by three-dimensional activity verses depth profiles

in Figures 5.18 and 5.19. The variations in the 210Pb, 230Th and 232Th

activities in groundwater have not been assessed in a similar manner because the

activities of these radioisotopes are either near or at the respective detection

limits.

The distribution of 22^Ra activities in groundwater as depicted in Figure

5.18 shows the highest activities below the waste rock, ranging from 1.9 to 19.5

pCi/1. The 2^^Ra activity in groundwater at site R, approximately 100 meters

downflowfrom the waste rock, decreases to levels that approach 1.5 pCi/1. A

strong downward trend in the profiles of activities of 22&Ra in groundwater

below the waste rock exists along the direction of groundwater flow.
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A crend in increasing "*LT activities in groundwater with depth downflow

from the waste rock exists (Figure S.19). The 238U activity in groundwater is

relatively high at 27.90 pCi/1 near the water table at site B and increases to

128.06 pCi/1 in deep groundwater downflow from the waste rock at site U. The

activity of 2^*u in groundwater decreases downflow from site U to site Q, with

values ranging from 1.30 to 9.11 pCt/1 in groundwater at site Q.

The radiochemical analyses of groundwater collected in 1981 from sites L,

GR4, GR.6, A, U, T, Q, R and Y are given in Veska (1983). The activity ranges of

radionuclides in the 1981 groundwater are shown to be slightly lower than those

which were analyzed for in the 1979/80 preliminary survey. A discussion of the

temporal variation in radionuclide activities in groundwater from sampling

devices will be discussed in the next section of this Chapter.

For a more accurate delineation of the extent of 226Ra, 2i0Pb and

238u contamination from waste rock in groundwater, the 1982 activity

distributions for each of these constituents are plotted in detail at numerous

sampling points along cross sections A-A'-C-C' and B-B1 in Figures 5.20, 5.21

and 5.22. The 1982 radiocheaical data for each of these radioactive

constituents in groundwater are given in Veska (1983).

The spatial distribution of the 226Ra activities in groundwater in Figure

5.20 indicates that 22°Ra contamination in groundwater originates from the

waste rock, in particular, below the pegmatite-gabbro waste rock along cross

section A-A'. From sites L to GR6 along cross section A-A1, the ~"i"Ra

activities in this low pH groundwater zone range from 8.8 to 17.2 pCi/1.

Approximately seven meters downflow from site GR6, or 20 meters downflow from

site L, the 226Ra activities decrease to between 0.5 and 1.8 pCi/1 at site

M3. It is reasonable to estimate from Figure 5.20, that site M3 represents the

lateral extent of the 22°Ra plume in groundwater from the pegmatite-gabbro

waste rock. In comparison to the 2-°Ra activities in groundwater along cross

section A-A', the highest 226Sa activities below the pegmatite waste rock

along cross section B-3' range from 2.5 to 5.0 pCi/1, i.e. at approximately
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two aeters below the water table. Below this point, the radium activities

decrease to a range between 1.0 to 2.5 pCi/1. The only exceptions are the 3.2

pCi/1 value at 5.54 meters below ground surface at site M18 and the 2.4 pCi/1

value at 10.79 aeters below the ground surface at site Ml7.
210For most of the sand aquifer, the iJlUPb activities in groundwater in

Figure 5.21 are below the detection limit at 0.5 pCi/1. The only noticeable

activities of 2*^Pb ia groundwater are found in the low pH zone beneath the

pegaatite-gabbro waste rock along cross section A-A'. The highest 210Pb value

in groundwater, at 14.4 pCi/1, is found at site L. The values of •luPb in

groundwater drastically decrease to less than 1.0 pCi/1 at four meters upflow

and downflow from site L. Downflow from site L, Pb activities greater than

1.0 pCi/1 exist in groundwater at site GR6 at 2.4 pCi/1 and at site M3 at 1.2

pCi/1. These values can possibly be derived from radioactive decay of 226Ra

in groundwater along cross section A-A1 for the past 25 years. Indeed, the

amount of 'lOp^ activity in groundwater that can be produced from -"Ra

decay in a closed system for a 25 year ingrowth period is equivalent to 553 of

the -22&Ra activity in groundwater.

- Although the 1982 samples were not analyzed for thorium isotopes, the

distribution of dissolved thorium in the sand aquifer is expected to be similar

to that of 210Pb. For example, from the preliminary 1979/80 findings, the

only notable activities of 2-^Th and ^-^Th ^n tjje groundwater were confined

to the acid front zone below the waste rock. Beyond the periphery of the waste

rock, the activities of the thorium isotopes in the groundwater were below the

detection limit.

Uranium is the most mobile of all the radionuclides of interest in the sand

aquifer, as can be observed from the spatial distribution of the Û

activities in groundwater in Figure 5.22. The activity of 238y is h i g h in

groundwater at site L at 39.1 pCi/1. Downflow from site L along cross section

A-A1, the 238U activities in groundwater decrease to 8.3 pCi/1 at site GR6.-

Downflow from site GR6 and approximately 30 meters from site L along cross

section A-A', the 238U activities in groundwater increase to 121.1 pCi/1 at
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site M4. Downflow from site M4 along cross section A-A'-C-C, the 238U

activities decrease to levels near the detection limit at approximately 80

meters from site L. The shape of the 2^8U plume along A-A'-C-C' follows the

direction of groundwater flow, as deduced from the equipotential contours in

Figures 4.9 and 4.10. The shape of the 2 *TJ plume is also similar to the

shapes of the plumes for bicarbonate, DIC, electrical conductance and sulphate

in groundwater. The % activities in groundwater are also high below the

waste rock along cross section B-B'. The highest 2J°U activities are found

near the bedrock surface at 101.56 pCi/1 at site M17, at 36.74 pCi/1 at site Ml4

and at 99.95 pCi/1 at site M13 and also near the water table at site M16, i.e.

between 39.83 and 86.59 pCi/1. Along the general direction of the 238U plume

beyond the waste rock along cross section B-B1, the high activities of 238U in

groundwater decrease to 7.5 pCi/1 at site M18.

5.4 Temporal Variation in Radionuclide Activities

Several of the 1979/80 samples at multilevel sites downflow from the waste

rock contained higher activities of 226R 3 all<j 210pb (Veska 1983) than normal

background values for those areas. In particular, water samples from sample

numbers A-5.8, U-8.89, R-7.14 and R-7.91 contained anamolously-high activities

of 2 2 % a an(j 210pi, i n groundwater. . Samples of groundwater from these four

sampling points were resampled on October 31, 1979 and October 20, 1981 and

analyzed for 22jRa and 2*^Pb to check the earlier reported results. Samples

of water were also taken from seven multilevel devices along the 12 meter depth

profile at site U in order to observe any change in the radionuclide profiles

with depth and time. The results are listed in Table 5.5. The original high
226Ra and 210Pb activities in groundwater samples, A-5.8, U-8.89, R-7.14 and

R-7.91, decrease with time of sampling from 1979 to 1981. With the exception of

sample U-8.89, the activities of 226Ra and 21l^Pb in six of the water samples

from multilevel piezometer U are nearly the same for the September 1979, October

1979 and October 1981 sampling dates. The



TABUS 5.5

TEMPORAL VARIATION IN 2 2 6 Ra AND 210 i»b ACTIVITIES IH CKOIINDWATEK
AT SITES A, U AND R

SAMPLE
NUMBER

SEPTEMBER 1 7 , 1979
226Ha. pCl/l 2lOPh,pCi/t 226,

OCTOBER 3 1 , 1 9 7 9 OCTOBER 2 0 , 1981

'Ka, pCt/t 210Pb, pd/t 226Ra. pCi/A 210,Pb, pCl/t

A- 5.8 67.3 t 5.9 < 0.5

u-
u-
u-
u-
u-
11-
U-l

R-
tt-

4.06
4.86
5.60
7.14
7.91
8.89
1.00

7.14
7.91

5.0
1.9
4.2
5.5
8.7

19.5
3.7

7.7
44.6

±
+

±
±
±
±
±

±
±

0.4
0 .2
0 . 3
0.7
0 .4
1.7
0 .3

0 .5
3.4

0.5
0.5
0.5
0.5
0.5
0.5
0.9 t 0.2

0.5
7.7 ± 3.5

4.6 i 0.3

3.6 ± 0.3
5.3 t 0.3
3.2 ± 0.2
4.8 i 0.3
4.1 i 0.3
4.1 t 0.3
2.5 t 0.4

0.7 t 0.3
1.1 ± 0.5

< 0.5

< 0.5
1.1 ± 0.
< 0.5
< 0.5
< 0.5
< 0.5
< 0.5

< 0.5
1.4 + 0.

2

4

3.5

2.3

1.6
1.6

0.6

- 0.

_

t 0.
-
-
-
± 0.
- 0.

_

± 0.

4

3

3
3

3

< 0.5

< 0.5

< 0.5
< 0.5

< 0.5



110 100 90
« DISTANCE FROM SITE L , m

80 7O 6O 50 40 30 20 IO

(a ) URANIUM-238

D September 17,1979

• April 23,1980

o October 2O.I98I

• June 7,1982

Extent of waste rock pile
-120

(b)

MIO M9

RADIUM-226

• September

• April

o October

• June

MB

17,1979

23,1980

20,1981

7,5982

M7Q M6 M5 M4

^m _ m ••—

M3 Gf<6Gfl4 M2 L

1979 c
-

I982/V-e
/ I98Q,'!

—S S'"l98l
110 100 90 80 70 60 50 40 30

-« DISTANCE FROM SITE L,m

20 10

- 3 0

- 2 0

10

O
0

to

5.23 I,onj>11 ml Innl a c t i v i t y pi-tiTlles of (;i) uraninm-238 niul
(b) radiiim-226 in tl ie znno o( t-oiitiinihint i o n .



126

anonolously-high activities of 226Ra and 210Pb in the September 1979

groundwater samples can possibly be explained by experimental errors in the

early development period of the analytical procedure or by cross-contamination

from other radioactive sources within the radiocheaiistry laboratory. Whatever

the reason(s), it is believed that the measured 226Ra and 210Pb activities

in these four groundwater samples in September 1979 are not representative of

the activities in groundwater at the Greyhawk field site at the tine of

sampling.

The temporal and spatial variations in 238U and 226Ra activities in

groundwater at site L and also at sites located along cross section A-A'-C-C1

are shown in Figure 5.23. The selected sample points along cross section

A-A'-C-C1 in Figure 5.23 are located in the zones of uranium and radium

contamination in the sand aquifer. Large variations are seen in the

radionuclide activities in groundwater at site I with time. However, these

variations with time become very small downflow from the waste rock, as noticed

at site Q. The large variations in the activities of radionuclides in

groundwater at site L are probably affected by variations in the mineral-

weathering reaction rates in the waste rock mass and by variations in the rates

and frequencies of infiltration through the waste rock.

5.5 Summary

Three natural hydrochemical zones were identified in the sand aquifer. One

of these zones contains an appreciable percentage of water derived by seepage

from the nearby swamp. A second zone occurs in the deep part of the sand and

possibly represents water derived from outside the local area. The third zone

occurs at shallow depth in the sand and represents water from local infiltration

that has not passed through the waste rock and has not been influenced by

seepage from the swamp. The boundaries between the various hydrochemical zones

are indistinct because of mixing and probably because of variations in the

source concentrations.

Superimposed on the natural aquifer conditions is the contamination of the

sand aquifer beneath and beyond the waste rock. For more than two decades,



127

water from rain and snow that has infiltrated through the waste rock piles, has

transported the waste-rock-derived leachate to the water table. The

radionuclide and chemical composition of the waste-rock-impacted groundwater is

different along the two dominant flow regimes (ie. NW and NE). Along the NW

flow regime below the waste rock, the contaminanted groundwater zone contains a

low pH calcium-magnesium-sulphate water with relatively high activities of

23%, 2 3 4U, 226Ra, 210Pb, 232Th and 230Th. The contaminant

groundwater zone below the waste rock along the NE flow regime contains a

neutral pH, calcium-bicarbonate-sulphate water with high activities of 23°U

and 234U and moderately-high activities of 226Ra. Significant 210Pb,
23(^Th and 232xh contamination in groundwater beneath the waste rock in the

NE flow regime was not evident.

The maximum lateral extent of contamination of the waste-rock-derived

contaminants in the sand aquifer for the past 25 years was delineated at

approximately 100 meters from the waste rock. The general directions of the

plumes of the waste-rock-derived contaminants in groundwater follow the

direction of groundwater flow in the sand aquifer. The plumes of electrical

conductance, sulphate, bicarbonate, DIC and 23°U from the waste rock piles are

bordered by an upper and a lower boundary in the sand aquifer. Above the upper

boundary, the groundwater is low in total dissolved solids and its chemical

composition is the result of soil-water interactions from the infiltration of

recharge water by precipitation. The lower boundary is the bomb tritium

boundary at approximately 25 meters below the ground surface. The bomb tritium

boundary marks the deepest limit possible within the sand aquifer for the travel

of the 1957 recharge water that had infiltrated the waste rock 25 years ago.

There is also hydrogeological evidence that the deeper groundwater below the 25

meter depth boundary, flows upwards towards the center of the sand aquifer.

The plume of uranium in groundwater was found to extend further out from

the waste rock than that for 22^Ra, 210pb or any of the thorium isotopes.

The lateral extent of the uranium plume is approximately 70 meters fron the

waste rock. The extent of contamination of 2 2 % a , 210pb, 230^ and
232xh in groundwater is confined either below or around the periphery of the

waste rock.
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CHAPTER 6

LABORATORY STUDIES OF WASTE ROCK, PYRITE AKD SAND LEACHING

The source of uranium, thorium, radium and lead isotopes in groundwater was

delineated in that part of the sand aquifer below the piles of waste rock. In

order to better understand the occurrence and the distribution of these isotopes

in the contaminated groundwater lying below the waste rock piles, three

different types of experiments were carried out in the laboratory. These

experiments involved the separate leachings of waste rock, pyrite and sand.

Waste rock leaching experiments were carried out to describe the leaching

behaviour of radionuclides from waste rock, to compare the radionuclide

compositions of leachates from the laboratory experiments with that of the

contaminated groundwater below the waste rock piles and to apply the activities

of the extracted radionuclides in leachates from the laboratory experiments as

parameters in the transport models.

The second experiment is centered on the leaching of pyrite under aerobic

conditions. Pyrite is an iron sulphide mineral which exists in the gabbroic

rock at the site. The rational behind this experiment is to determine whether

pyrite oxidation within the waste rock mass is responsible for the zone D type

of groundwater chemistry at site L. Generally, the effects of pyrite oxidation

on the composition of a solution in contact with pyrite are that of low pH and

high sulphate ion concentration. At site L in 1979, the groundwater had a pH of

3.4 and values of sulphate that approached 1000 ag/1, as well as relatively high

activities of uranium, thorium, radium and lead isotopes.

The last experiment entails the leaching of the sand from the field site

with a low pH sulphate solution using a column technique. This column

experiment simulates the migration of the low pH sulphate groundwater downflow

from site L in the sand aquifer. The purpose of the experiment was to determine

the degree of acid front retardation in the sand column. The applicability of a
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modified, one-dimensional retardation equation is assessed in the calculation of

the acid front velocity in the sand column.

6.1 Waste Rock Characteristics

During the operation of the mine from 1956 to 1959, the ore grade within

the pegmatite ranged from 0.01% to 0.1% u*3Og. Crushed pegmatite and gabbro

from the mine that were deficient in l^Og (ie. less than 0.01%) were

considered to be waste rock at that time and were dumped over the side of the

bedrock outcrop. What follows below are descriptions of the characteristics of

the two types of waste rock.

6.1.1 Mineralogical Description

The mineralogical descriptions of the gabbroic and pegmatitic rocks at the

site are described by Lang et al. (1962) and Hewitt (1959). A summary of these

descriptions is given as follows. The gabbroic rocks, largely gneissic in

texture include minerals such as, anorthosite, olivine, magnetite, ilmenite,

pyrite and bands of gneissic dolomite and crystalline limestone. The pegmatitic

rocks on the other hand, contain all of the radioactive minerals, predominantly

uraninite and uranothorite, and non-radioactive minerals such as quartz,

microcline, andesine, chlorite, magnetite, hematite, tourmaline and zircon.

6.1.2 Chemical Analysis

Large individual samples of pegmatite and gabbro, ranging from 20 to 30 cm

in diameter, have been collected by a grab method in order to obtain a

representative distribution of the two rock types from the waste rock piles.

Each type of rock specimen was crushed and sieved below 1.0 mm in particle

diameter. The less than 1.0 mm fraction of rock grains was subsampled for

various chemical tests including major element assay, total sulphur and

carbonate determinations, as well as radiochemical analysis for uranium and

thorium.
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the prepared specimens of crushed pegmatite and gabbro were sent Co

McMaster University for an. assay of the major elements by x-ray fluorescence.

The results are tabulated in Table 6.1 and are normalized to 100% for the first

ten chemical constituents. The chemical assay of the tvo types of waste rock

reveals that pegmatite is more silica rich, whereas gabbro contains higher

amounts of iron, calcium, magnesium, manganese and titanium.

The total sulphur content in the waste rocks vas determined at the

University of Waterloo by the combustion method. A sample is placed in a LECO

furnace, SO2 gas evolves from the combustion of sulphur in the sample and is

then analyzed by an iodate titration technique using a LECO DB-64 Model 765-100

sulphur titrator. The overall uncertainty of this method is approximately ±

2%. The sulphur results are given in Table 6.1. Gabbro contains more sulphur

than pegmatite, which is consistent with the mineralogical description

indicating that the gabbro contains pyrite (FeS2). It may also be possible

that gabbro contains some soluble sulphate minerals (eg. gypsum).

Subsamples of the prepared waste rocks were also submitted for carbonate

analysis. Samples were weighed into a plastic syringe, acidified and the

evolved CO2 gas measured by a head-space gas chromatographic technique. This

technique, as recently developed at the University of Waterloo, was carried out

with a Fisher-Hamilton model 29 gas partitioner equipped with a thermal

conductivity detector. The accuracy of this method is i 5%. The carbonate

results are given in Table 6.1 and are reported as wt. Z CaCC^. The gabbro

contains more carbonate than pegmatite. The high carbonate value for gabbro is

due to the presence of dolomite and limestone within the gabbro matrix.

6.1.3 Radiochemical Analysis

Subsamples of the prepared specimens of the waste rock were analyzed for

uranium and thorium. The results are given in Table 6.1. Pegmatite contains

higher percentages of uranium and thorium than those found in gabbro, which is

consistent with the mineralogical description. For comparative purposes,
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TABLE 6.1

RESULTS OF THE CHEMICAL AND RADIOCHEMICAL ANALYSIS OF THE

PEQIATITIC AND GABBROIC WASTE ROCK

CHEMICAL PEGMATITE GABBRO

CONSTITUENT

SiO2 74.19% 45.28%

Al20a 14.71% 13.92%

Fe203 0.59% 12.87%

MgO 0.56% 6.77%

CaO 1.73% 14.17%

Na20 7.64% 4.34%

K20 0.49% 0.57%

TiO2 0.05% 1.81%

MnO 0.02% 0.25%

P205 0.02% 0.03%

S (total) 0.02% 1.22%

CaC03 0.01% 4.20%

U308 0.013% 0.001%

ThO2 0.004% 0.0001%
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subsamplas of pegmatite were also sent to McMaster University for uranium and

thorium analysis by neutron activation (N.A.A.). The results by the N.A.A.

aethod gave 31.97 ug/g for uranium and 23 ug/g for thorium. These N.A.A. values

for uranium and thorium in pegmatite are close to those of the alpha

spectrometric results, i.e. 36.4 ug/g of uranium and 30.4 ug/g of thorium. The

advantage of using the alpha spectrometric technique for this investigation

instead of the N.A.A. technique is that various isotopic activity ratios of the

natural uranium series can be determined within a sample. For example,

considering the alpha spectrometric results for the same pegmatite sample, the
234U/238U isotopic activity ratio has been measured as 0.99 ± 0.06.

The radiochemical analyses of the two rock types have shown that pegmatite

is higher in radioactivity in comparison to gabbro. A surficial field survey of

each of the individual waste rock piles at the field site as located and

outlined in Figure 5.3, was conducted with a survey meter. The activity that is

measured by this meter represents the total activity from both beta and gamma

rays that are emitted by the rock. The pegmatite waste rock located by

piezometer GR9 gave high activity, in the order of 1000 to 3000 counts per

minute (cpm). The pegmatite and gabbroic waste rock near piezometer L and to

the west of piezometer GR9, exhibited lower surficial activity, in the order of

400 to 800 cpm. In addition, the surficial activity readings for the

principally gabbroic waste rock located near piezometers B and J and to the east

of piezometer GR9 were even lower than the latter site by approximately 200 cpm.

6.2 teachability of Radionuclides from Waste Rock

Various batch-type leaching experiments have been carried out on pegaatitic

grains in order to investigate the factors that affect the amounts of

radionuclides released in solution upon leaching. The factors that have been

investigated Include solution composition, weathered and unweathered grain

surfaces, fresh and pre-leached grains, grain size and solid-liquid ratio. Only

pegmatite was chosen for this particular investigation because of its higher

radioactive content.



133

Leaching experiments with pegmatitic and gabbroic grains were carried out

by both batch and column techniques in the laboratory. The purpose was to

determine the range in activities of radionuclides released in solution from the

two different leach techniques, to compare the laboratory results with the field

results and to apply the activities of the extracted radionuclides in leachates

from the leaching experiments as parameters in the transport models. For all of

the rock leaching experiments, the rock grains were leached aerobically. Rock

grains have been leached under aerobic conditions because the waste rock mass at

the site is in a relatively open system with respect to oxygen and carbon

dioxide.

6.2.1 Materials

Specimens of pegmatite and gabbro were collected at the study site by a

grab method from the waste rock piles. The collection was restricted to two

size ranges, 0.5 - 3.0 cm in diameter and 20-30 cm in diameter. The former size

range repesented the weathered material and the latter, when crushed and mixed,

represented the unweathered material. Freshly crushed specimens of rock were

used in order to represent the conditions that existed in the rock approximately

25 years ago before weathering occurred. Weathered, as well as unweathered

specimens, were crushed in a jaw-crusher and subsequently passed through a

series of sieves ranging in particle diameter from 1 mm to 5 mm. For the

crushing of the weathered grains, the amount of exposed, freshly-crushed

surfaces was considered to be small in comparison to the original amount of

weathered surfaces.

Three different types of extractants were prepared for the waste rock

leaching experiments in order to represent the range of the observed chemical

compositions in water at the field site. Deionized water in equilibrium with

the atmosphere at a pH of 5.7 was chosen as one of the extractants in order to

represent the action of rainwater and snow upon the rock surfaces. The pH of

rainwater can be lower than 5.7 in some areas due to the acidity produced from
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the presence of SO2(g) anc* other gases in the atmosphere. The second

extractant was dilute sulphuric acid at a pH of 3.0. This extractant represents

the low pH sulphate groundwater in zone D underlying the waste rock, as found at

site L in the northwest sector of the field site. The third extractant

contained 2S0 og/1 of bicarbonate at pH 7.0. This solution represented the

neutral pU bicarbonate zone D groundwater underlying the waste rock in the

northeast sector of the field site. The bicarbonate solution was made from

NaHCC>3 and adjusted to pH 7.0 with ^SO^/NI^OH.

6.2.2 Description of Batch Experiments

The leaching method of Nathwani and Phillips (1979) was carried out with

some minor variations. What follows is a description of this modified procedure

in the leaching of waste rock:

(a) Fifty grams of freshly-crushed, 1-3 mm unweathered pegmatite grains were

placed in ten-275 ml capacity polyethylene bottles with tightly fitting

screwcaps, to which 100 ml of deionized water at a pH of 5.7 was added such

that a constant solid to solution ratio of 1:2 (weight/volume) was

obtained.

(b) A blank was prepared by adding 100 ml of the leaching solution to an empty

bottle.

(c) The sealed containers were then mechanically shaken end-to-end at

approximately 120 times a minute for periods ranging from 1 to 1000 hours.

(d) All of the runs were carried out at room temperature.

(e) After each reaction period, the bottle was removed from the shaker and the

suspension was then filtered through 0.45 u millipore filters. The filtrate

was analyzed for pH, electrical conductance, bicarbonate concentration and

sulphate concentration, as well as for activities of ^38^
, 230rh> 22
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(f) The same pegmatite grains that had been leached with deionized water, were

then oven dried and then placed in the clean 275 ml capacity polyethylene

bottles. A dilute H2SO4 acid solution at pH 3.0 was then placed into

each bottle in 100 ml aliquots. Steps (c) to (e) were then repeated.

Throughout the leaching procedure, the pH of the acidic leachate was

continually monitored with narrow range pH paper and adjusted to pH 3.0 ±

0.5.

Modifications to the above procedure were made in order to examine the

effects of weathered and unweathered grains, fresh and pre-leached grains, grain

size, solid-liquid ratio, solution composition and rock type on the amounts of

radionuclides extracted from pegmatite. First, steps (a) to (f) were repeated

with 1-3 mm weathered grain specimens. Second, the same 50 gram, pre-leached

grains after 40 days of leaching from the unweathered pegmatite/water,

unweathered pegmatite/pH3 H2SO4, weathered pegmatite/water and weathered

pegmatite/pH3 H2SO4 systems, were re-leached for another 40 days with new

solutions and the leachates were analyzed according to step (e). Third, 50 gran

samples of unweathered pegmatite at mean diameter grain sizes, varying from 1.0,

1.2, 2.0 and 4.5 mm, were leached separately with 100 ml aliquots of deionized

water for 40 days and step (e) was carried out. Fourth, 50 gram samples of 1-3

mm unweathered pegmatite grains were leached with aliquots of deionized water at

solid:liquid ratios varying from 1:0.5, 1:1, 1:2 and 1:5 for 40 days and step

(e) was carried out. Because there was a strong trend between the high sulphate

ion concentration and the high activities of radionuclides in the low pH

groundwater below the waste rock, the fifth experiment involved the increment

addition of sulphate ions from a ffê SÔ  solution to four batch reactors

with 100 ml of a pH 4 solution and 50 grams of unweathered pegmatite grains,

followed by the leaching of these batch reactors for 40 days. The amounts of

sulphate added to the batch reactors were 0, 100, 500 and 1000 mg/1. After 40

days of leaching, the four leachates were analyzed according to step (e).

Lastly, 50-gram samples of the 3.5 mm unweathered grains of pegmatite and gabbro
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in a 50:50 aixture were leached with deionized water and the pH3 (H^SO^)

extractant according to steps (a) to (f).

6.2.3 Description of Column Experiments

Freshly-crushed, 3-5 mm unweathered grains of pegmatite and gabbro in a

50:50 mixture were placed in a 3 cm x 60 cm cylindrical glass column. The total

weight of the rode grains in the column was equal to 642 grams. A stopcock was

fitted to the bottom of the column and a glass joint to the top of the column.

Attached to the glass joint, was a 1.0 liter glass reservoir. The pH 3.0

solution was continuously added to the reservior, which infiltrated the column

below at a flow rate at 4.0 ml/man. A set of ten, one liter samples of the

colutm effluent was collected within a 40 day period. Each solution sample was

filtered through 0.45 it millipore filters and was analyzed for values of ?H,

electrical conductance, 238U, 234U, 226Ra, 210Pb, 230Th and 232Th.

The above procedure was repeated with fresh rock samples and with other

extractants, such as with deionized water and with the pH 7.0 bicarbonate

solution.

6.2.4 Results front Batch Experiments

The chemical compositions of the leachates from the leaching of unweathered

pegmatite grains with deionized water and also from the leaching of weathered

grains of pegmatite with deionized water, are shown in Figure 6.1. The values

of pH and bicarbonate in these leachates increase to a constant level after 30

days, while the values of electrical conductance and sulphate in the leachates

similarily increase to a steady level after 15 days. After 40 days, the

leachate from the unweathered material has 76 mg/1 of HCO3, 14 og/1 of SO4,

an electrical conductance of 40 uS and a pH value at 7.8, In comparison, the

leachate composition from the leaching of weathered material after 40 days has

33 aig/1 of HCO3, 18 mg/1 of SO4, an electrical conductance of 75 uS and a pH

value at 7.7.
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Figure 6.1 Results of pegmatite leaching experiment (50 g of pegmatite
in 100 ml deionized water). The values of electrical con-
ductance, sulphate, bicarbonate and pH in solution are
plotted as a function of time.
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The radionuclide composidons of leachates resulting fron Che leaching of

unweathered pegmatite grains with the deionized water and the pH 3 extractants

are tabulated respectively in Veska (1983). The radionuclide compositions of

leachates resulting from the leaching of weathered pegmatite grains with the

deionized water and the pH3 extractants are tabulated in Veska (1983) . The

activities of 238U, 234U, 2 2 6 ^ 210pb> 2 3 0 ^ 232^ a n d 228Th

released into solution from each of these four types of pegmatite leaching

experiments are shown individually as activity versus time graphs in Figures

6.2- 6.8. In almost all of the activity versus time graphs in Figures 6.2-6.8,

the activity of the radionuclide increases in the leachate initially with time.

After a leaching period ranging from 5 to 15 days, the radionuciide activities

reach a plateau or a steady state level. Similar types of plateau shapes were

found by Szalay and Samsoni (1969) in the leaching of uranium from crushed

magmatic rocks and tfathwani and Phillips (1979) in the leaching of 226Ra from

uraniua mill tailings. The average activities of radionuclides in leachates,

resulting from the leaching of unweathered and weathered pegmatite with

deioniaed water a::d corresponding to the plateaus in Figures 6.2-6.8, are

respectively, 33 and 60 pCi/1 for 238U, 50 and 60 pCi/1 for 234U, 40 and 60

pCi/1 for 226Ra, 14 and 50 pCi/1 for 210Pb, 7 and 20 pCi/1 for 230Th and

below the detection limits for 232Th and 228Th. For all cases, the

activities of radionuclides in the leachates from weathered pegmatite are

greater than that in the leachates from unweathered pegmatite. The activities

of radionuclides that are leached from pegmatite with the pH3 extractant are

found to be greater than that leached with deionized water. For example, the

average activities of radionuclides in leachates resulting from the leaching of

unweathered and weathered pegmatite with the pH3 extractant and corresponding to

the plateaus in Figures 6.2-6.8, are respectively, 2400 and 2400 pCi/1 for
238U, 2100 and 2100 pCi/1 for 238U, 1000 and 700 pCi/1 for 226Ra 720 and

850 pCi/1 for 210Pb, 800 and 950 pCi/1 for 230Th, 260 and 290 pCi/1 for
232Th and 300 and 320 pCi/1 for 228Th. With the exception of
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Figure 6.2 Plot of the 238U activity released into solution
during the leaching of pegmatite as a function of
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activity value.



141

IO4F

o
Q.

CM
CM

I
O

10

10

Unweathered pegmafite/pH3 H-S04

Weathered pegmatite/pH3 H2S04

Y. T

Weathered pegmatite/ water

Unweathered pegmatite /water

226

10 20 30 40
TIME, days

50

Ra

Figure 6.4 Plot of the 225Ra activity released into solution
during the leaching of pegmatite as a function of
time. Error bars are incorporated for each activity
value.



142

!0v

Weathered pegmatite/pH3 H_S04

Unwecth«red peqmctite/pH 3 H-SO,,

Weathered pegmctite/water

Unweathered pegmatite/wcter

210Pb

10 20 30 40
TIME, days

50

Figure 6.5 Plot of the al0?b activity released into
solution during the leaching of pegmatite as
a function of time. Error bars are incor-
porated for each activity value.



143

Kfc

10

Weathered pegmatite/pH3

Unweathered pegmatite /pH3

- * - *

• - a ~ Weathered pegmatite/water

-©— Unweothered pegmatite /water

230 Th

10 20 30 40
TIME, days

50

Figure 6.6 Plot of the 230Th activity released into solution
during the leaching of pegmatite as a function of
time. Error bars are incorporated for each
activity value.



144

io4F

id"

u
a.

to
CM

101

— a — Weathered pegmatite/pH3

• Unweathere^ pegmatite/pH3

232
Th

Figure 6.7

10

232,

20 30 40 50
TIME, days

Plot of the " Th activity released into solution during
the leachiag of pegmatite as a function of tiae. Error
bars are incorporated for each activity value. 232Th values
in leachates from the leaching of pegmatite with deionized
water were below the detection limit.



145

IO4F

K?

o
Q.

8
I

10

10

-I—--i -
— -̂*—r̂ —

Weathered pegmatite/pH3

Unweathered pegmatite /pH3

228Th

!0

228.

20 30
TIME, days

40 50

Figure 6.8 Plot of the " w T h activity released into solution during the
leaching of pegmatite as a function of,time. Error bars are
incorporated for each activity value. Th values in leachates
from the leaching of pegmatite with deionized water were below
the detection limit.



1A6

226Ra, the activities of radionuclides in leachates from weathered pegmatite

are either the sane or greater than that in the leachates from unweathered

pegaatite.

the unweathered and weathered pegmatite grains, that were pre-leached with

water after 40 days and with the pH 3 extractant after 40 days, were re-leached

with new solutions for a total period of 40 days. A period of 40 days was

chosen as the appropriate duration for the second set of extractions because

steady state activities of radionuclides in the leachates were generally well

attained at this time. The expression, steady state, does not necessarily

represent true thermodynamic equilibrium. The radionuclide compositions in the

leachates from the second extractions are given in Table 6.2. Comparisons of

the amounts of radionuclides leached from the same pegmatite grains from the

first and second extractions are also given in Table 6.2. Each of the four

coaparisons indicates lower activities of radionuclides in the leachates from

the second extractions rather than that from the first extractions.

Fresh samples of unweathered pegaatite grains of mean diameter grain sizes

less than 1.0, 1.2, 2.0 and 4.5 mm were leached with deionized water for a total

period of 40 days. The composition of the resulting four leachates after 40

days are shown in Figure 6.9 and the data are tabulated in Veska (1983). As the

grain size decreases from 4.5 mm to less than 1.0 mm increases are seen in the

values of electrical conductance from 20 to 120 uS, 238U from 8.4 to 188.5

pCi/1, 234U from 7.6 to 160.5 pCi/1, 226Ra from 36.1 to 87.5 pCi/1, 210Pb

from 24.6 to 68.2 pCi/1 and .230Th from 5.6 to 40.2 pCi/1 in the leachates.

The pH in all of the four leachates is constant at 7.8. A similar trend was

found by Megumi (1979) from the leaching of weathered granitic soil with various

extractants. Megumi experimentally determined that the activities of 2^^U,
23OTh, 226Ra and 210Pb increased in the leachates as the grain size

decreased.
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COMPARISON OF THE AMOUNTS OF RADIONUCI.IDES LEACHED FROM FRESH AND USED PEGMATITE GRAINS
IN BATCH REACTORS AFTER 40 DAYS

TYPE

OF
CHAINS

Fresh
Used

Fresh
Used

Fresh
Used

Fresh
Used

TYPE OF

GRAIN
SURFACE

Unweathered
Unweathered

Weathered
Weathered

tlnweathered
Unweathered

Weathered
Weathered

TYPE OF

EQUILIBRATING
SOLUTION

Water
Water

Water
Water

pH3 H2SOM

pH3 HjSO,,

pl!3 I12SO(|

pill II2SO1(

238U

4 0 . 9 7 ±
18.23 t

69.81 i
33.03 ±

1697 t
382 ±

2034 ±
1731 ±

1

2.
1.

4.
1 •

82
14

47
45

90
64

09
27

234U

58.63 t 3 .
24.10 ± 2.

64.28 t 4.
38.43 t 1.

1599 1 82
329 t 14

1587 t 43
1389 t 41

71
05

42
43

234

A

1.43
1.32

0.92
1.16

0.94
0.86

0.78
0.80

11/

.R

1
t

t
±

±
±

t
1

238,,

0.14
0.16

0.08
0.06

0.07
0.05

0.03
0.03

226_Ra

.pCi/1

52.7 i 8.
18.0 t 2.

42.9 t 8.
24.5 t 2.

905 ± 25
104 t 5

710 t 23
653 t 24

9
2

2
4

210Pb

22.0 i 6.
9.7 t 1.

60.7 ± 6.
24.4 1 1.

904 1 15
86 ± 3

855 1 16
434 t 16

3
5

0
7

23OTh

, pCi/1

8.0 t 2.0
N A

18.1 t 2.0
N A

707 t 32
227 t 9

753 i 10
167 t 3

N

<0.1
N

213
92

200
18

h

1

A

A

t
±

t
t

17
6

20
0.9

N A » Not anillyzed
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Figure 6.9 Effect of Che grain size on Che amount of radionuclides
extracted in solution from the leaching of unweathered
pegmatitic grains with deionized water after 40 days.
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Fresh 5G gram samples of 1-3 mm unweathered grains were leached with

deionized water for 40 days at solidrliquid ratios at 1:0.5, 1:1, 1:2 and 1:5.

The compositions of the resulting four leachates after 40 days are given in

Veska (1983) and are shown in Figure 6.10. As the solid:liquid ratio increases

from 1:5 to 1:0.5 as shown in Figure 6.10, increases in the leachates are

noticed for values of electrical conductance from 28 to 130 uS, 238U from 10.7

to 114.1 pCi/1, 23AU from 11.2 to 113.0 pCi/1, 226Ra from 23.3 to 258.6

pCi/1, 210Pb from 20.5 to 277.9 pCi/1 and 230Th from 1.2 to 28.3 pCi/1. A

pH value at 7.8 is constant in all of the four leachates. A similar trend was

observed by Vandergraaf (1981) in studies related to mineral/water

interactions. Vandergraaf found increased leach rates for most of the ions

studied with increased rock/water ratios.

The results from the leaching of unweathered pegmatite grains with pH 4 HC1

and at various sulphate ion concentrations are given in Table 6.3. As the

sulphate ion concentration increases from 0 to 1000 mg/1, the activities of

238^ 234y> 226Ra> 210pb> 230Th a n d 232Th i n t h e l e a c h a t e s

respectively increase from 402.71 to 622.02 pCi/1, from 321.92 to 530.30 pCi/1,

from 33.8 to 88.3 pCi/1, from 34.4 to 64.7 pCi/1, from 10.73 to 56.05 pCi/1 and

from 3.82 to 17.21 pCi/1.

Fresh samples of unweathered. grains of pegmatite and gabbro were leached

with deionized water and also with the pH3 HgSO^ extractant in batch reactors

for a period of 40 days. The results of the determination of radionuclides in

the leachates from the leaching of pegmatite and gabbro are given in Table 6.4.

The amounts of radionuclides extracted from the combined pegmatitic and gabbroic

grains with the pH3 HjSO,̂  extractant are much greater than that with the

deionized water extractant, but less than that in leachates from the leaching of

pegmatite with pH 3 H2SO4 extractant.

6.2.5 Results from Column Experiments

Three portions of freshly-crushed unweathered grains of pegmatite and

gabbro were leached with the pH3 H2SO4 extractant, deionized water and pH

7.0 bicarbonate solutions respectively within a 40 day period using the column
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TABLE 6.3

EFFECT OF TUB SULPHATE ION CONCENTRATION ON THE AMOUNTS OF RADIONUCLIDES RELEASED IN
SOLUTION FROM THE LEACHING OF UNWKATIIEREI) PEGMATITE CHAINS WITH pH4 IIC1 SOLUTION AFTER~4~O" PAYS

AMOUNT OF
SULPHAJE ADDED

0

100

500

1000

2 3 8 U

402.71

434.67

536.47

622.02

±

±

±

t

1

16.23

17.33

26.04

32.40

234O

321.92

335.40

461.47

530.30

±

±

±

±

1

15.72

16.17

25.14

30.05

2 3 / W
A.K

0.80

0.77

0.86

0.85

2 3 8U

t

t

t

I

0.05

0.05

0.06

0.07

33 .

47 .

6 3 .

8 8 .

226Ra
pCl/1

8 1 2.2

0 ± 2.2

9 i 2.3

3 t 2.4

210Pb
,pCl/l

34.4 ±

39.1 1

49.2 ±

64.7 t

1 •

1.

1.

1.

7

8

8

8

230Th
.pCi/1

10.73 ± 0.93

14.68 ± 1.69

28.71 t 2.48

56.05 t 5.12

232Th

3.82

4.39

10.85

17.21

1

±

±

±

t

0.65

0.94

1.48

2.84



TABLE 6.4

COMPARISON OF ÏIIK AMOUNTS OF KAIHONIICI.IDKS LKACIIKI) FHOH UNUEATIIKHKl) CHAINS OF PEGMATITE

LEACHING
TECmilO.UK

Uaich
Co liiwn

Uutcli
Co hum

Co 1 iiran

SOLUTION
TYI'K

|>II3 II2 SO,,
|>)I3 ll2 !>(),,

H a t e r
Water

1>1I7 IICO3

pll

3
3

B.2
7.«

8 . 0

SAMIM.K
TIME

, d u y u

40
33

40
35

35

AND CABBRO USING

231

.Pfil

908.6
35.6U

105.0
3.46

9.32

«u

/

1
I

t
t

I

22.0
1.55

5.4
0.17

0.2U

775
2B.

107
4.

9.

THE

234

.I>CI

. 9
37

.2
67

20

t
1

t
I

t

IIATCI

U

l\

22.2
1.43

5.9
0.18

0.27

AND

0.
0.

1 *
1 •

0 .

231

il

85
80

02
35

99

COLUMN LEACH TKCIINKHIKS

u/218u

t 0.03
t 0.05

t O.OB
1 O.OU

1 0.04

226K«

,pCl/l

260.7
59.2

21.fl
1.0

2.7

1
i

t
l

t

18.1
2.7

7.5
0.4

0 .4

«Op

.pel/

152.7 t
22.1 t

33.0 i
< 0.

0.9 t

b

1

12.3
1.7

5.4
5

0 .4

230

,pCl

207.7
4.96

1.2
N

N

Th

/I

I 2.3
i 0.13

1 O.I
A

A

2:

. l » f

24.2
0.511

4

l21

:i

l
t

CO
H

N

li

H

0.11
0.05

.1
A

A

N A " Not analyzed
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technique. The results are tabulated in Tables 6.5, 6.6, and 6.7. The

activities of radionuclides in the acidic leachates using the pH3 H2S0u

extractant in Table 6.5 are approximately constant for the first 13 days of

leaching. As the pH in the leachates eventually decreases to 3.0 after 30 days

of leaching, the activities of radionuclides increase. During the 33 day period

of column leaching with the pH3 H2SO4 extractant, the maximum values that

have been attained in the leachates are 58.94 pCi/1 for 238U, 49.37 pCi/1 for

234u, 59.2 pCi/1 for 226Ra, 26.0 pCi/1 for 210Pb, 12.06 pCi/1 for 230Th

and 1.55 pCi/1 for 232Th.

The activities of radionuclide are much lower in the column leachates using

the deionized water and the pH 7.0 bicarbonate extractants, as shown in Tables

6.6 and 6.7. After 35 days, the activities of radionuclides in the leachate

from the leaching of waste rock with the deionized water extractant are 3.46

pCi/1 of 238U, 4.67 pCi/1 of 234U, 1.0 pCi/1 of 226Ra and less than 0.5

pCi/1 of *•*• Pb, whereas in the leachate from the leaching of waste rock with

the pH 7.0 bicarbonate extractant, the values are 9.32 pCi/1 for 238U, 9.20

pCi/1 for 234U, 2.7 pCi/1 for 226Ra and 0.9 pCi/1 for 210Pb. The

activities of the extracted radionuclides in leachates from the leaching of

pegmatite and gabbro by the batch and column techniques, are shown in Table 6.4

as a comparison. The comparison shows that the amounts of ratiicnu.-lides leached

in solution by the batch technique are much greater than that by the column

technique, ie. by a factor of 4 to a factor of 40.

6.2.6 Interpretations

The factors that affect the natural release of radionuclides from waste

rock have been assessed in the laboratory by rock leaching experiments using the

batch technique. The amounts of radionuclides that are leached from pegmatite

in solution are found to increase with: (1) weathered rock grain surfaces

rather than with unweathered surfaces (for most cases); (2) first extractions

rather than with repeated extractions with the same rock grains; (3) active



TAUI.I-: 6 . 5

COMPOSITION Of LEACIIATK WITH TIHE FHOH TUB INFILTRATION OK p i l l llySO,. TIIROIICII A
COLUMN RED OF UMUEATIIEREI) OKA INS OF PEGMATITE AND GAIIUItO

TIME

, d u y »

1
2
5
6
9

11
10
31
32
31

,.ll

4 .1
3.5
3.2
3.2
3.2
3 .2
3.1
1.0
3.0
3.0

ELECTRICAL

CONDUCTANCE
,«S

275
295
300
345
320
2W)
700
695
625
650

218,,

.1*1

22.30
21.50
24.09
29.65
24.02
20.03
44.69
58.94
32.54
15.68

/

1
1
1

i
t
1
t
t
I
1

0.46

o.ao
0.59
1.67
2.65
1.11
3.06
1.14
1.50
1.55

2 ] 1

17.61)
I'J.Sfl
21.64
26.09
18.15
16.71
17.911
49.37
27.96
28.17

1
t
t
I
I
1
t
i
1
i

0.43
0.75
0.511
1.75
2.43
1.07
2.94
2.97
1.47
1.4)

234,

A

0.79
0.83
0.90 i
O.HH
0.77
0.83
0.H5
0.84
0.86
0.80

| /218U

K.

t 0.03
t 0.04
t 0.01
t 0.07
t 0.11

0.07
t 0.09
t 0.07
1 0.06
1 0.05

•

23.
22.
10.
33.
14.
29.
56.
21 .
32.
59.

226Ra

1*

3
6

a
2
0
4
1

a
5
2

t
1
i

t
1
1
t
t
1

n
1.0
1.3
0 .8
2 .2
2.2
2 . 0
2.4
2 . 0
2 .6
2.7

2lOl'l.

,pOl/I

9.8 1 0.7
13.5 t 0.7
10.9 i 0.5
1 5 . 7 j
9.8 i

10.8 j
11.9 i
8.5 j

26.0
22.1

t
I
t
t

. 5

. 4

. 4

. 5

. 5
1.9
1.7

0.23
0.47
0.4'J
1.64
0.99
1.23
7.66

12.06
10.90
4.96

li

n
t
1
t
1
t
I
1

t
t
t

0.05
0.12
0.15
0.26
0.17
0.19
0.18
0.21
0.33
0. 13

0 .
0 .
1 •

1.
1.
0 .

2 3 2 ^

< (
< <
< (
< (

12 J
38 i
25 1
55 i
42
58

1

1.
).

j

1
1
1
0.08
0.09
0.08
l . l l
0.12
O.OS



TABLE 6.6

COMPOSITION OF LEACHATE WITH TIME FROM THE INFILTRATION OF DEIONIZED WATER THROUGH A
COLUMN BED OF UNWEATHERED GRAINS OF PEGMATITE AND GABBRO

TIME
,daya

1

5

35

pll

7.0

7.2

7.8

3 .

1.

3.

2 3 8U

pCi/1

00 +

82 i

46 +

0 .

0 .

0 .

10

15

17

3 .

2 .

4 .

234

92

52

67

±

±

i

U

/I

0.

0.

0.

12

16

18

1

1

1

234

A

.31

. 3 8

.35

u/238u
.R.

± 0.06

± 0.14

± 0.06

0

1

226Ra

,pCi/l

< 0.5

.7 ± 0.4

.0 ± 0.4

2 1 0 P b

< 0.

< 0 .

< 0 .

5

5

5



TABLE 6 . 7

COMPOSITION OK l.EACHATB WITH TIME FROM TIIK INFILTRATION OF pll 7 BICARBONATE SOLUTION
THROUGH A COLUMN BED OF UNUEATIIEKED GRAINS OF PEGMATITE AND CABBRO

TIME
. d a y s

1

5

35

pll

7.

7.

8.

4

5

0

t

8 .

7.

9 .

pCl /1

51 1

91 t

32 t

0.23

0.25

0.28

7.

7.

9.

234

,pCl

43 1

71 t

20 t

II

/I

0.

0.

0 .

23

27

27

0 .

0 .

0 .

234

A

87

98

99

u/23uu
• K •

± 0.04

± 0.05

± 0.04

B

1.

3.

2.

226,.Ra

pCI/1

6 ± 0.

2 ± 0.

7 1 0 .

4

4

4

t

1.

0 .

2I°N,
pCi/1

< 0.5

4 i 0.

9 £ 0.

4

4
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surface area of rock, grains; (4) solid:liquid ratio; (5) hydrogen ion

concentration; and (6) sulphate ion concentration.

Two distinctive stages have been observed in the extracted radionuclide

activity versus time graphs in Figures 6.2-6.8 from the leaching of pegmatite. A

similar two-stage desorption reaction was evident in the leaching of 22oRa

from uranium mill tailings by Nathvani and Phillips (1979). From their

findings, the first stage involves the fast desorption rate of loosely-held

radium atoms, whereas the second stage entails the slow desorption rate of

tightly-held radium atoms by diffusion. Fung et al. (1980) have also reported

similar shapes in plots of the amounts of extractable constituents in leachates

with time from the leaching of feldspars. Feldspars are aluminosilicate

minerals and are the principal constituents of granite and other common rocks.

Fung et al. (1980) have concluded based on their experimental findings, that:

(1) the rapid depletion of major cations in the near-surface layers and the

increase in solution pH and major cations during the early times is due to the

exchange of hydrogen ions for major cations and (2) the approaching of steady

state levels is due to the formation of precipitates, such as clay minerals

(eg. kaolinite) and a range of aluminosilicate minerals.

The processes described by these investigators, as well as other processes

that may be responsible for the attainment of steady state activities of

radionuclides in the pegmatite leachates at latter times are assessed. The

neutral and acidic leachates from the leaching of unweathered pegmatite grains

with deionized water and the pH3 extractant, after 40 days, have been analyzed

for Ca, Mg, Na, K, Cl, HCO3, SO4, Fe, Mn, and Al. The results of the

chemical and radiochemical analysis for the two solutions are given in Table

6.8. The degree of disequilibrium that exists between the ionic species in each

of the leachates and various mineralogical species has been evaluated by the

computation of saturation indices (S.I.) using two ion speciation and

geochemical equilibrium programs, known as WATEQ2 (Ball et al. 1978, 1979) and

PHREEQE (Parkhurst et al. 1980). Computed saturation indices, that i.-epresent
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TABLE 6.8

CHEMICAL AND RADIONUCLIDE COMPOSITION IN THE ACIDIC AND NEUTRAL pH LEACHATES
FROM THE LEACHING OF UNWEATHERED PEGMATITE AFTER 40 DAYS

CONSTITUENT ACIDIC LEACHATE NEUTRAL pH LEACHATE
pH 3.0 7.8

Slectrical Conductance, uS 40 1300
Ca, mg/1 67.2 1.2
Mg, mg/1 37.4 1.1
Na, mg/1 66.0 32.0
K, mg/1 56.0 8.0
HCO3, mg/1 <5 73.1
SO^, mg/1 1355 6.7
Cl, mg/1 3.5 6.9
SiO2, mg/1 349 40.8

3
40
67
37
66
56
<5

1355
3

349

146
29
0.

1697
1599

0,
905
904
707
213
247

.U

.2

.4

.0

.0

.5

.3

.93

*

t
.94
4-

±
4-

+

82
82
± 0
25
15
32
17
19

Al, mg/1 146 5
Fe, mg/1 29.3 1.0
Mn, mg/1 0.93 0.06

pCi/1 1697 ± 82 40.97 i 2.92
2 ^ U , oCi/1 1599 ± 82 58.63 ± 3.71
23**U/238U A.R. 0.94 ± 0.07 1.43 ± 0.14
226Ra, pCi/1 905 ± 2 5 52.7 ± 3.9°^Pb, pCi/1 904 ± 15 22.0 ± 6.3
230Th, pCi/1 707 ± 32 8.05 i 1.95
232Th, pCi/1 213 i 17 N D
22aTh, pCi/1 247 ±19 N D

Si D - not detected
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leachates with respect to various mineral phases, are given in Table 6.9. The

minerals that are saturated or super:, iturated in the acidic leachates are

goethite, hematite, AlOHSO^^j, quartz and thorianite. The minerals that are

saturated or supersaturated in the neutral pH leachates are Fe(OH)3 (am),

goethite, hematite, gibbsite, pyrophyllite, All+(OH)igSOlt(s^, quartz, albite,

anorthite, adularia, Na-jarosite, K-jarosite, illite, kaolinite,

Ca-montmorillonite and miscovite.

Oxides of iron and aluminum are computed to be present in the acidic and

neutral pH leachates. The surfaces of iron and aluminum oxides can provide

potential adsorption sites for radionuclides. Other minerals that are computed

to be present in the neutral pH leachates in Table 6.9 include primary aluminum

silicate minerals (e.g. albite, anorthite, adularia) and related secondary

mineral alteration productions (e.g. illite, kaolinite, Ca-montmorillonite,

muscovite). These alteration products or clay minerals can provide possible

adsorption sites for radionuclides. Primary aluminum silicate minerals

generally breakdown to clay minerals and release cations, silicic acid and

alkalinity in solution upon weathering. A few examples of these breakdown

reactions are given in Table 6.10.

The calculated saturation indices of the acidic and neutral pH ""eachates

with respect to various radioactive mineral phases are given in Table 6.9. All

of the Uranium minerals are computed to be undersaturated in both of the

leachates. Thorianite (ThO2(s)), on the other hand, is found to be saturated

in the acidic leachates at an S.I. value of + 0.0006. Because the observed

^^^Th activity in the neutral pH leachate was below the detection limit at

10"1 pCi/1, no comparison could be made with the theoretical " 2 j n activity

(i.e. below 10"S pCi/1). A mineral solubility diagram for ThO2(s) in Figure

6.11 is generated from the compilation of thermodynamic data into the program,

PHREEQE. From the distribution of the respective S.I. values for TI1O2 in the

acidic and neutral pH leachates in Figure 6.11, the distribution of the 232Th

activities in the pegmatite leachates appears to be primarily solubility

controlled.
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TABLE 6.9

SATURATION INDICES OF VARIOUS MINERAL PHASES IN THE ACIDIC AND NEUTRAL pH LEACHATES

MINERAL AND CHEMICAL COMPOSITION SATURATION INDICES:
ACIDIC LEACHATE NEUTRAL oH LEACHATE

Calcice,
Dolomite
Gypsum,
Siderite ,
Fe(0H)3
Goechlte
Hematite,
Gibbsite,

CaC03
CaMg(C03)2

CaSO^a^O
FeC03

FeO(OH)
Fe2O3

A12O3»3H2O
P7rophyllite,Al2Si l t010(OH)2
AlOHSOi»
Al l t(OH) l 0SO l t

Quartz
Albite
Anorthite,
Adularia,
Na-Jarosite
K-Jarosite,
I l l i t e , K>6
Kaolinite,

SiO2

NaAlSi3O8

CaAl2Si208
KAlSi3O8

,NaFe3(S0 l t)2(OH)6
KFe3(SO^)2(OH)6

MS.25Al2.3SiisOio(OH)2

Al 2 Si ,0 5 (0H) u

Ca-Montaorillonite, Ca.i7Al2.33Siig70io(
Muscovite

Uraninite,
Coffinite,
U03

U02(OH)2
Uranophane,
U308
U^Og

KAl3Si3010(OH)2

U02

USiO^

Ca(U02)2(Si03OH)2

- 8.02
- 16.01

- 0.96
- 6.47
- 1.78

1.02
1.63

- 3.87
3.67
0.53
8.40
1.85

- 5.85
17.55

- 3.53
- 8.59
- 5.24
- 7.20
- 2.65

0H)2 3.59
- 10.26

- 13.15
- 10.75

- 7.13
- 4.92

- 17.57
- 67.23

- 166.82

- 1
- 3
- 4
- 3
- 3

10
20

1
10

- 5
2,
0,
1,
0,
3.
1,
3.
6,
6.
7.
7.

- 20.
- 18.

- 4.
- 2.
- 6.

- 53.
- 147,

.70

.20

.23

.80

. 4 4
= 38
.35
.65
.95
.43
.21
.91
.40
.17
.20
.08
.91
.72
.52
,17
,51

,19
,73
77
56
72
07
93

Thorianite, ThO2 0.0006
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Figure 6.11 Solubility diagram of the mineral thorianite, ThO^Cs),
in equilibrium with the thorium (IV)-hydroxy species at
25"C. The solid line surrounding the hatched area gives
the total solubility of Th (IV). Superinposed on the
diagram is the effect of thorium (IV)-sulphate ccmplexing
on the solubility of ThO2(s). •Symbol for the experimental
thorium value in solution after 40 days of pegmatite
leaching with pH 3.0 HaSO^. In comparison, the thorium
values in solution from Che leaching of pegmatite with
deionized water were below the detection limit (0.1 pCi/l
of 2 j iTh). The source of theraodynanic data for the
construction of the diagram was obtained from Langmuir
and Herman, 1980.
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An explanation for the two stage mechanism in the leaching of radionuclides

from pegmatite is suggested based upon the experimental data and related studies

by previous investigators. The first stage at early times is dominated by the

oxidation and dissolution of the radioactive mineral grains, and subsequently,

the release of radioactive species in leachates. The release of these

radioactive species in solution is related to hydrogen ion exchange, as

suggested from the pH increase with time in Figure 6.1. The steady state level

in the second stage at latter times is suggested to be the result of a

combination of geochemical mass transfer processes, that include

precipitation-dissolution, adsorption-desorption and complexation.

Precipitation-dissolution processes here include the dissolution of oxides,

silicates and primary aluminosilicate minerals from pegmatite and the formation

of thorianite, iron and aluminum oxides, clay minerals and other minerals in the

pegmatitic leachates, as determined from the thermodynamic computations. The

clay minerals and the oxides of iron and aluminum can offer potential sites for

exchange and adsorption of radionuclides.

The data from the pegmatite and the pegmatite-gabbro leaching experiments

using the batch and column techniques are summarized in Table 6.11. The

radionuclide compositions of the waste-rock-influenced groundwater in zone D,

are also listed in Table 6.11 for comparative purposes with the leaching

results. With the exception of 226Ra, the activities of 210Pb, 238U and
23*U in the low pH zone D water sample at site L are similar to that found in

the leachate from the column leaching of pegmatite-gabbro with pH3 Ĥ SO,,. The

radionuclide activities in leachates resulting from the leaching of

pegmatite-gabbro by the batch method are much higher than that found naturally

in water sample L. With the exception of the uranium isotopes, the 226Ra and

210pb activities in water samples M16-4.84 and M13-8.95 in zone D are found to

be similar to that found in the neutral pH leachates from the column

experiments. The reasons for the discrepancy between the field results and the

lab results for all six radionuclides in Table 6.11 can be attributed to various



TAUI.B 6.11

SUMMARY Of THE HESIII.TS FHOH TUB WASTE ROCK I.BACIUHB EXPERIMENTS AND THE COMI'OSITIOH OF THE
TWO TYPES OF ZONE D CROUNIXMTER

DESCRIPTION

A. Zone 1) (troundwaler
(l) S taple 1., April 19IIO

June 1982
(2 ) Sanple 6 - 2 . 2 , July 1979

Sample Ml6-4.84, June 1982
Saaple 1113-8.95, June 1982

0 . Kuck Leaching EHI
I.each
Tech.
Co limn
Column
Culuml
Bill rh
Butch
Butch
Butch
Butch
Hutch
Hatch
Batch

Bock*
Type

lliii
I'.C
ly;

p
V
p
p
V
V

**
S u r f .

1114
II tl
UN
UN
UN
Illl
UN

IIH.K
UNJl

U
U

er laenta
Solut ion

Type
|ill3 II2SO4

Water
«M7 IICOa

 J

|JI3 II2SO^
Wntcr
pll3 II2SO|,
Uuter
|ill3 II-, SO,,
Wnter
|ill3 II2SOH

Water

|4I

3.4
3.7
6.5
6.9
6.6

3.0
7.8
8.0
3.0
8.2
3.0
7.8
3.0
7.8
3.0
7.7

23BM

,pCl/l

69.4 t I.I
39.1 1 1.5
27.9 1 1.9
86.6 1 3.1

100.0 t 1.1

35.7 t 1.6
3.46 i 0.17
9.32 1 0.28

909 i 23
105 i 5

1697 l 82
41.0 l 2.9

382 i 14
18.2 1 1.6
2034 I 47
69.8 1 4.1

2 3 / 'o
.1*1/1

61.9 1 1.0
38.1 1 1.5
35.4 1 2.0
78.4 t 3.1
94.9 1 I.I

28.4
4.67 ]
9.20

776
107 i

1599
58.6

329
24.1

1 1.4
i 0.18

0.2 7
t 22
t (i

t 112
t 3.7
1 14

2.1
158/ i 4 3
64.3 I 4.4

23/iU/2J8U
A.K.

0.88 1 0.02
0.98 t 0.05
1.27 t 0.11
0.91 t 0.05
0.95 1 0.02

0.80 1 0.05
1.35 1 0.08
0.99 ± 0.04
0.85 1 0.03
1.02 1 O.OB
0.94 i 0.07
1.43 1 0.14
0.86 t 0.05
1.32 1 0.16
0.78 t 0.03
0.92 1 0.08

226nKa
,pCl/l

11.5 i 1.8
12.5 I 1.6

2.4 t 0.3
2.2 t 0.3

59.2 i 2.7
1.0 t 0.04
2.7 t 0.4
261 i. 18
22 t B

905 I 25
52.7 * B.9

104 t 5
18.0 1 2.2
710 I 23

42.9 t 8.2

2 l %
.1*1/1

3.7 1 1.3
14.4 1 I.I

< 0.5
< 0.5

22.1 1 1.7
< 0.5

0.9 t 0.4
153 t 12
33 t 5

904 t 15
22.0 t 6.3

86 t 3
0.7 i 1.5
855 t 16

60.7 i 6.0

23OTh

,pGl/l

0.44 t 0.06

4.96 t 0.13

208 t 2
1.2 t O.I
707 i 32
8.0 t 2.0
227 1 9

753 t 10
18.1 t 2.0

232.ni

.P'JI/l

0.16 t 0.03

6.58 t 0.05

24 t 0.8
< 0.1

213 t 17
< O.I

92 1 6

200 1 20
< O.I

* Synholu for Kuck Type: I* - permit I lu, « - guhluo
** Symliolu for type of uurfacu: UN - iinue<ii.lit-ruit grulna; W - weathered K - relent-.heri i;ralna
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leaching factors and to the selective adsorption of uranium, thorium, radium and

lead on the surfaces of the sand particles below the waste rock piles.

The applicability of the activities of the extracted radionuclides from the

leaching experiments as parameters in the transport models is given in Chapter

8.

6.3 Pyrite Leaching Experiments

To determine whether pyrite oxidation within the waste rock mass was

responsible for the zone D type of groundwater chemistry at site L, grains of

pyrite were leached with deionized water using the batch technique and also with

a solution of the acidophilic, iron-oxidizing bacterium Thiobacillus

ferrooxidans. The bacterium was added to the pyrite grains in order to observe

its effectiveness as a catalyst in the oxidation of pyrite. The increase in

hydrogen ion and sulphate ion concentrations in each of the resulting batch

leachates would suggest the occurrence of pyrite oxidation.

Although pyrite is readily found in trace amounts in the gabbroic rock at

the site, a large sample of pyrite from Noranda, Quebec was used in the

experiments. The sample was crushed and sieved to a particle diameter of

approximately 5 mm. The extractants used were deionized water and a solution of

Thiobacillus ferroxidans. The bateria solution was provided by the biology

department at the University of Waterloo.

6.3.1 Description of Batch Experiments

The procedure for the leaching of pyrite grains is described below:

(a) Pyrite grains (5 mm dia.) were sterilized from any trace amounts of

bacteria by heat at 200°C for 3 days in an oven.

(b) Ten grams of the sterilized pyrite grains were added to ten 100 ml

polyethylene bottles to which five of the bottles each contained 50 al

deionized water and the remaining five each contained 50 ml of a

bacteria solution of Thiobacillus ferrooxidans.
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(c) The bottles were sealed and mechanically shaken end-to-end at

approxinately 120 times a minute for periods ranging froa 1 to 1000

hours.

(d) All of the sample runs were carried out at room temperature.

(e) After each reaction period, the bottle was removed from the shaker and

the suspension was then filtered through 0.45 u millipore filters.

The filtrate was analyzed for values of pH, electrical.conductance and

sulphate concentration.

6.3.2 Results and Interpretation

The variations in the pH, electrical conductance and sulphate values in the

leachates from the leaching of pyrite with time are shown in Figures 6.12 and

6.13. The results of the leaching of pyrite without the influence of bacteria

after 40 days show the cH to drop from 5.5 to 3.7, whereas increases in the

sulphate concentration from 0 to 260 mg/1 and in the electrical conductance from

0 to 450 uS are observed. The effects on the added bacterium Thiobacillus

ferrooxidans to the batch reactor of pyrite and water have increased the

sulphate concentration from 1000 to 4560 mg/1 and the electrical conductance

from 1900 to 4000 uS, along with a drop in pH from 3.9 to 2.2.

The experimental observations in the solution phase in Figures 6.12 and

6.13 are definitely reflected by the effects of pyrite oxidation. The effects

of pyrite oxidation are found to be more pronounced when the bacterium

Thiobacillus ferrooxidans has been â '.ded to the chemical system. These

observations of increased values of hydrogen and sulphate ions and electrical

conductance in the leachates are also present in groundwater at site L in the

waste-rock influenced zone in che northwest sector of the field site. In fact,

the NW waste-rock-influenced groundwater at site L contains higher

concentrations of hydrogen and sulphate ions as well as higher activities for

most of the radionuclides of interest than that of the ME waste-rock-influenced

groundwater. The difference is attributed ts the oxidation and dissolution of
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the pyrite-containing gabbro and the pegmatitic rock in the pile lying above

piezometer L. The rationale for this explanation is based on the locations of

the various waste rock piles in the northeast and northwest sectors in Figure

5.3 and on the pyrite leaching results. Although the dissolution of gypsum

could also yield high sulphate values in groundwater from site L, it could not

explain for the decrease in the pH values*

6.4 Acid Neutralization in Sand

To determine the degree of acid front retardation at the field site, a

column experiment was initiated in the laboratory. The column experiment

involved the movement of artificial, low pH sulphate groundwater through a

colusn packed with the Greyhawk sand. The experimental conditions were set up

as .closely as possible to represent the actual field conditions for th«=

neutralization of the low pH sulphate groundwater from site L by the porous

medium along the NW flow regiae. The artificial groundwater was made by the

addition of concentrated H^SOU to 20 liters of deionized water in a rialgene

bottle until the pH was equal to 3.5. This is the approximate pH of the

groundwater at site L, as measured from 1979 to 1982. Samples of the Greyhawk

sand were taken from a core sample within the low pH zone in the excavated

pegnatite-gabbro area at site GR1. Site GR1 is approximately 5 meters downflow

from site L.

Because numerous investigators (Blair et al., 1980; Morin et al., 1982)

have attributed the retardation of acid fronts at tailings impoundments

primarily to the neutralisation effect that is caused from the dissolution of

calcite, soil core samples from sites GR1, GR4, GR7 and GR9, have been examined

for carbonate content by the head-space gas chromatographic technique. Prior to

carbonate analyses, the soils were oven-dried and then sieved through 2 mm and 1

mm openings. Five grams of the 1-2 mm fractions were used for the carbonate

determinations. The analyses of the carbonate content in the sand samples are

giver, in Veska (1983). The values range from 0.010 to 0.113 weight percent as

CaC03; i.e. assuming total carbonate as CaC03» The carbonate content in the GR1

sand is low, ranging from 0.010 to 0.012*.
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6.4.1 Description of Column Experiments

Sand from sample GR1 (1-2 mm grain size) was packed into a 9.7 cm long by

6.4 cm I.D. cylindrical, plexiglass column with removable plexiglass end caps.

The weight of the sand in the column was 560 grams. The design of the column

and the end caps is given in detail by Reynolds (1978). Prior to the packing of

the sand, stainless steel screens were installed in the recessions made on the

inside of each of the end caps. In the recessed opening of the influent end

cap, a radial system of interconnected 2.5 mm square open channels was recessed

even further within the end cap. The radial system was to allow an equal

distribution of flow throughout the sand column. The recessed opening of the

effluent end cap, on the other hand, consisted of a central 0.8 mm I.D. opening

in order to maintain one-dimensional flow near the end of the column. Both

influent and effluent end caps contained portals for the passage of solution

through the column.

A pH 3.5 solution in a 20 liter nalgene container was passed through the

column through 2.5 mm I.D. tygon tubing connected to the influent portal of the

column and the outlet of the nalgene container via a variable speed, peristaltic

pump. The flow rate of the solution through the sand column was found to be

constant at 0.7 ml/min. at the effluent portal. The effluent from the column

was continuously monitored for pH by the movement of the column effluent through

2.5 mm I.D. tygon tubing into a flow-through cell in contact with a single

combination pK electrode. The pH electrode was connected to a pH meter. The

response in pH readings with time was recorded by a chart recorder that was

connected to the pH meter. Prior to the initiation of the column experiment,

the pH meter was calibrated with pH buffers 4.0 and 7.0.

6.4.2 Results and Interpretation

The pH of the column effluent was equal to 5.6 immediately after the

complete saturation of the sand grains with the pH 3.5 solution. A graph of the

change in pH of the leachate with time is plotted in Figure 6.14. Three



30 100 ISO 200
TiME , hr

250 300

Figure 6.14 pll variation of the column leacliate as a function of time.
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points of inflection are noticed in the leachate pH versus time plot in Figure

6.14. The first major inflection point is at 102 hours and pH. 5.00. The other

two inflection points occur at 170 hours and pH 4.60 and at 244 hours and pH

4.45. From 260 to 320 hours, the pH is shown to be constant at 4.40.

The first inflection point at pH 5.00 in Figure 6.14 represents the

dissolution of all of the carbonate minerals within the sand. The rational for

this explanation is because calcite has very high buffer capacities at near

neutral pH values and rapidly decreases below pH 5.0 (Van Breeman and

Uielemaker, I, 1974). The second and third inflection points at pH 4.60 and pH

4.45 in Figure 6.14 can be explained due to the leaching of the aluminosilicate

minerals. For example, strong buffering takes place under acid conditions (pU

3.0 to pH 4.0) with the aluminosilicates, kaolinite and montmorillonite, and

also under slightly acid conditions (pH 4.5 to pH 6.0) with gibbsite and the

aluaiinosilicates, microcline and illite (Van Breeman and Wielemaker, II, 1974).

In addition, the dissolution of primary feldspar minerals within the sand can

release bicarbonate ions into solution (refer to Table 6.10) and thus result in

an increase in solution pH. Therefore, the leaching of the feldspars in the

sand and the added buffering capacities of the clay minerals within the sand are

the main reasons why pH values in the leachates after a long period of time do

not drop to the same pH as that of the stock solution (i.e. pH 3.5).

The equivalence point for the neutralization of the pH 3.5 sulphate

solution by the carbonate content in the sand, as represented by the first

inflection point in Figure 6.14, was predicted by cell calculations with a

mass-balance approach. The volume of sand within the column or cell was

calculated at 206.64 cm from the values of the total weight of the sand (560 g)

and the specific gravity of the sand (2.71 g/cm3). With the assumption of 100«

water saturation in the cell, the volume of solution within the column was

calculated at 105.4 cm from the values of the cell volume (312 cm ) and the

volume of solids. A porosity of 0.34 was derived directly from the volumes of

solids and solution within the cell. From the average calcite content in the

GR1 5a:id at 0.011 weight percent, the number of moles of calcite in 560 grams of

sand was calculated at 6.16 x lO"1* moles. In the neutralization reaction,
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CaCO3(s) + 2H+ - Ca
2+ + H2CO3 (6.1)

each CaCQi reacts wish 2H+ and the equivalent weight for CaC03 becomes 50

g/g-eq. Thus the number of gram-equivalents (g-eq) of CaCOs present in the 560

grans of sand is 1.23 x 10~3 g-eq. Because the major source of H+ ions is

from the pH 3.5 H^SO^ solution and because the equivalent weight of the

sulphuric acid in a neutralization reaction with CaC0 3 in the soil is equal to

49 g/g-eq, the number of gram-equivalents of HjSO^ in the 105.4 ml of solution

phase is equal to 3.37 x 10~! g-eq.

The degree of acid front retardation in the sand column is represented by a

factor that is equal to

fe
a
qCaC0? -36.5. (6.2)

s"eqH2S01+

This factor is used in this experiment for the equivalence point determination

of the neutralization of hydrogen ions with CaCOj and in the calculation of the

acid front velocity. Assuming the acid front within the cell advances by plug

displacement, the velocity of the acid front is calculated by dividing the pore

water velocity by the acid front retardation factor, as

VA " ^ (6.3)

,where V^ • acid front velocity

Vw • average linear pore water velocity

L » acid front retardation factor

It is important to note that equation 6.3 is only valid in the context of a cell

conceptualization of one-dimensional plug advancement of an acidic solution that

dissolves instantaneously in each cell. Although equation 6.3 is expressed as a

modified form of the retardation equation, it cannot be derived from and has

nothing to do with the K^ parameter which is used in the normal retardation

equation (equation 2.11).
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The average linear pore water velocity for equation 6.3 is determined at

3.82 cm/hr from the values of the flow rate (0.7 cm /min), the cross-sectional

area of the column (32.17 cm2) and the porosity (0.34). From the determined

parameters of pore water velocity and retardation factor, the acid front

velocity is calculated at 0.105 cm/hr using equation 6.3. Because the length of

the sand column is 9.7 cm, the predicted time of arrival of the acid front fron

the influent portal to the effluent portal is 93 hours. As a comparison, these

predicted values for the acid front velocity at 0.105 cm/hr and the equivalence

point at 93 hours are close to the respective experimental values at 0.095 cm/hr

and 102 hours.

6.5 Summary

The factors that affect the natural release of radionuclides from waste

rock have been assessed in the laboratory. These factors include: (1) weathered

and unweathered rock surfaces; (2) number of repeated extractions with the same

rock grains; (3) active surface area of rock grains; (4) solid:liquid ratio; (5)

pH of the extractant; and (6) sulphate ion concentration in the extractant.

The radionuclide compositions of leachates from the waste rock leaching

experiments using the column and batch techniques were compared to that of the

waste-rock-influenced groundwater in zone D. The matches were found to be good

for several of the radionuclides and only fair for all six of the radionuclides

of interest.

The increased hydrogen ion and sulphate ion concentrations in the leachates

from the pyrite leaching experiments confirmed that pyrite oxidation can occur

in the presence of water. The effect of pyrite oxidation was especially

noticeable in bacteria solutions that contained Thiobacillus ferrooxidans. At

the field site, pyrite is found only in the gabbroic waste rock. Because low pH

sulphate groundwater was found below the pegmatite-gabbro waste rock pile in the

northwest sector of the site, pyrite oxidation was considered responsible for

the resulting groundwater composition.
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From che acid neutralization column experiments with samples of field sand,

the passage of hydrogen ions in the saac column vas controlled by the buffering

capacities of the calcite and aluminosilicate minerals. The relative velocity

of the acid front in the sand column was calculated at a factor of 36.5 less

than the average linear pore water velocity. A modified, one-dimensional

retardation equation was used to predict the acid front velocity. Good

agreement was found between the predicted and the experimentally-derived

velocities.
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CHAPTER 7

RADIONUCLIDE PARTITIONING IN AQUIFER MATERIALS

The relative mobilities of waste-rock-derived radionuclides in the sand

aquifer are assessed fay the advection-retardation model and the cell model. The

most critical parameter in both of these models is the distribution coefficient,

Kd, which is a measure of the partitioning of a particular radionuclide

species between the solid and liquid phases of the porous medium. The Kjj

approach is only applicable if there exists a linear functional relationship

between the activities in the solid and solution phases. This equilibrium

condition is generally met by fast, adsorption-desorption reactions.

The relationship for the partitioning of uranium, thorium, radium and lead

between the solid and liquid phases was determined in the laboratory.

Laboratory-determined K,j values can be measured either by the static batch

method under steady state conditions or by the column method under dynamic flow

conditions (Ames and Rai, 1978). Because the standard K<j determination

technique to which all other technique results are compared is the batch

technique (Ames and Rai, 1978), only batch experiments have been conducted. The

batch experiments in this investigation have involved the equilibration of known

amounts of aquifer sand with solutions of varying activities of a radioactive

solute under isothermal conditions. Adsorption isotherms are plotted from the

results of the batch experiments in order to determine if linear functional

relationships exists for each radionuclide between the solution and the solid

phases at various solution activities.

The batch K^ values for the radionuclides of interest are compared with

those values that are determined by the field technique. The determination of a

field K<j for a radionuclide can be done either by injection experiments or by

another method involving a knowledge of the radionuclide activities in

groundwater and that which is adsorbed on the solid phase. The former method
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has not been inplemented because ic is time-consuming and expensive. Instead,

the lact«r method is used in the determination of field Kd values. The

disadvantage of the latter method is the problem of determining the adsorbed

activities of Che radionuclides on the solid phase. Nonetheless, field Kd

values are estimated based upon Che activities of radionuclides in groundwacer

and soil. The groundwater activities of radionuclides are given in Chapter 5.

Soil sample GR4-(IV) is used in the field Kd calculations. This soil sample

is located in the acid front zone below the waste rock and is spatially related

to groundwater sample, GR4-1.14. The activities of 238U an<j 232xh in t n e

soil have been determined by neutron activation analyses at McMaster University

and the 226Ra activity in the soil has been determined by Pon (1980).

7.1 Materials for Batch Kd Experiments

Batch Kd values were determined for the individual partitioning of
238U(IV), 238U(VI), 232Th(IV), 226Ra(II) and 21OPb(II) between

uncontaminated sand and three types of equilibrating solutions. The three types

of equilibrating solutions are non-radioactive and are representative of the

waste-rock-influenced groundwater at three different localities below the waste

rock piles.These localities are in the acid front zone (sites L and GR4), site

GH.9 and site B. These sites are respectively located in the northwest,

northcentral and northeast sectors of the field sice. The chemical compositions

of the equilibrating solutions corresponding to groundwater at the acid front

zone, at site GR9 and at site 3 are given in Table 7.1 under the respective

titles, namely: (1) the pH 3.0 calcium-magnesium sulphate solution, (2) the pU

5.5 calcium-sulphate solution and (3) the pH 7.0 calcium-bicarbonate-sulphate

solution.

The 238u(IV)f 23% ( Vi), 232 T h ( I V ) f 226 R a ( 1 1 ) a n d 210 P b ( I I

groundwater solutions were each prepared by the increment addition of the

respective radioactive standard to each of the three types of equilibrating

solutions. Calibrated solutions of 22&Ra and 2i0Pb were procured from

Amersham, U.K. The 238U(VI) and 232Th(IV) solutions '-ere prepared from

uranyl nitrate and thorium nitrate. The 238U(IV) standard was prepared by
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TABLE 7.1

COMPOSITION OF INITIAL EQUILIBRATING SOLUTIONS*

:ONSTITUENT

Ca
Mg
Na
K
Mn
A.I
Fe
Pb
SOu
HCO-
Cl

Ionic Strength

pH 3.0 SOLUTION

156.0
82.0
7.0
5.4
1.5
16.0
0.5
0.01

820.0
< 10
3.0

0.022 m

pH 5.5 SOLUTION

53.9
7.4
3.4
1.7
0.04
0.57
0.14
0.01

161.7
10.6
0.6

0.006 m

pH 7.0 SOLUTION

201.0
8.9
4.7
4.8
0.04
0.05
0.05
0.01

337.0
201.0
1.0

0.020 m

* All units in mg/i. with the exception of the ionic strength
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che elucion of a uranyl chloride solution in Q.1M HC1 through a 2.0 cm x 6.0 cm

lead reductor column for the reduction of the CT(VI) species (Rodden, 1950).

Unlike other reductors, such as the Jones reductor (zinc amalgam) that reduces

U(VI) species to a mixed (III) - (IV) state, the lead reductor reduces the U(VI)

species to the (IV) oxidation state only. The lead column was further washed

with 3N EC1. The U(IV) solution from both the 0.1 N HC1 and the 3N HC1

effluents was dark green in color. The green color is characteristic of the

uranium tetravalent state, whereas red and yellow are respectively

characteristic of the tri- and hexavalent states of uranium in solution. To

ensure that the U02 solution was quantitatively reduced to U(1V), an aliquot

of the effluent from the reductor was scanned in the 700 to 375 millimicron

range with the Beckaan 35 scanning spectrophotometer. The adsorption spectrum

of the green solution showed only U(IV) peaks.

The uncontaminated solid phase material for the batch K^ determinations

was taken from soil core GS.7 in an area near the swamp that was not expected to

be influenced by contamination from the wasta-rock-derived radionuclides. The

sand from the core was sampled at approximately three meters below the ground

surface in the oxic zone. Grab samples of the sand at -this depth were oven

dried and sieved through a 2 mm stainless steel screen. The minus 2.0 mm sand

fraction was used in the batch experiments.

1,2 Description Qf Batch K(j Experiments

batcfe K,j expsTimeats were carried out with some modifications to the

Aeseri'bea "by laetslft U863). The modified siacedute is as follows; U )

approximately 1.00-gram saaples of the uncontanrtnaced sand were weighed and were

placed in 30 al capacity polyethylene centrifuge tubes; (2) to the centrifuge

tubes, two aliquots of each o£ ehe 238U(VI), 232Th<IV), 226Ra<II) and

210pb(II) tagged groundwater solutions along with a blank were added

individually and mixed with known amounts of equilibrating solutions at

different ratios such that the solution to solid ratio was kept at 20:1;
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(3) step 2) was repeated without the sand in the centrifuge tubes; and with

only one aliquot of each of the tagged groundwater solutions. (4) the tubes were

sealed and shaken on a ManaWhirl Shaker for 48 hours at room temperature; (5)

the suspensions were centrifuged in an I.E.C. centrifuge; (6) two milliliter

aliquots were removed from the supernatants.

Supernatant samples of uranium, thorium and radium from the K^

experiments were counted by alpha spectrometry as solid sources. Solid sources

were prepared by the evaporation of two milliliter aliquots onto the surfaces of

3.0 cm diameter, stainless steel planchets. As for the 2^Pb supernatant

samples, only one milliliter aliquots. were used in the radiometric analysis of
210Pb. The one milliliter aliquots were placed in 20 milliliter glass

scintillation vials that contained 10 ml of a fluor solution (Kobayashi and

Mandsley, 1974). The soft beta activity of 2i0Pb in each vial was counted by

the Beckman-133 liquid scintillation system using the tritima window.

The Kd, in units of ml/g was calculated for each determination from the

equation,

v . FL/ra . (Co-Ce) ml of solution , ,
Kd C e / C e C e — * g of dry material ''1

where Co is the initial activity of the nuclide in the equilibrating solution

(pCi/ml), Ce is the activity of the nuclide in solution after equilibrium

(pCi/ml) and Ce is the activity of the adsorbed nuclide after equilibrium

(pCi/g).

The time of shaking required for the attainment of constant K<j values at

equilibrium was determined experimentally. Four, twenty milliliter aliquots of

the pH 5.5, 0.164 pCi/ml 238U(VI) solution and four, twenty milliliter

aliquots of the pH 5.5, 20.0 pCi/ml 226Ra solution were added separately to

eight centrifuge tubes that contained one gram samples of the uncontaninated



180

sand. The Cubes were sealed and placed on che mechanical shaker and shaken for

various time intervals that ranged from two hours to seven days. At the end of

each time interval, several tubes were withdrawn from the shaker, centrifuged

and the supernatants were analyzed for activities of either 22°Ra(II) or

In the sand aquifer, the solution to solid ratio is estimated at one

ailliliter of groundwater to five grams of dry soil. Although a similar ratio

in the laboratory batch K,£ determinations would be desirable, it is virtually

impossible under laboratory conditions. Therefore, because the 20:1 solution to

solid ratio used in the batch experiments was not ideally representative of the

field conditions, the effects of the volume of equilibrating solution to Che

soil mass ratio on the measured Kd values were examined. To each of two

centrifuge tubes that contained 1.0 gram of uncontamir.ated sand, a five

ailliliter aliquot of the pH 5.5, 76.8 pCi/ml 226Ka(II) solution was added.

The solution to soil ratios in the tubes were adjusted to 5:1 and 10:1 with che

pH 5.5 equilibrating solution. Similarity, the same procedure was repeated with

5 ailliliter aliquots of the pH 5.5, 5.36 pCi/ral 238U(VI) solution. The

samples were shaken for two days. The solution phase, after centrifugacion, was

radiometrically analyzed for either 226Ra(II) or 23SU(VI).

It was necessary to determine the partitioning of the U(IV) species as well

as the U(VI) species at solution pH's 3.0, 4.0, 5.0, 5.5, 6.0, 7.0 and 8.0 in

order to accurately assess the relative mobility of uranium in che sand

aquifer. Equilibrating solutions with pH values at 4.0, 5.0, 6.0 and 8.0 were

made from the three original solutions at pH's 3.0, 5.5 and 7.0 and dajusted to

the correct pH by the addition of l^SO^ and NH1+0H.

To seven, 100 ml polyethylene bottles that contained 60 ml aliquots of

equilibrating solutions at pH's 3.0, 4.0, 5.0, 5.5, 6.0, 7.0 and 8.0,

aliquots of the J(IV) solution were added such that the resultant

solution activity was approximately 1.5 pCi/ml. To another set of seven, 60 ml

aliquocs of equilibrating solutions at pH's 3.0, 4.0, 5.0, 5.5, 6.0, 7.0 and
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8.0, aliquots of the 23^u(VI) solution were added such that the resultant

activity was approximately 1.5 pCi/ml in each tube. (From earlier U(V1) Kd

results, the activity of 238U(VI) a t 1.5 pCi/ml corresponded within the linear

section of the adsorption isotherms.) For the batch Kd determinations of
238U(IV) and 238U(VI) at various pH's, three, 20 ml aliquots from each of

the 60 ml solutions were added to two, 30 ml polyethylene tubes that contained

1.00 gram of uncontaminated sand and to one 30 ml polyethylene tube with no

sand. Including duplicates, a total of 42 tubes were sealed and shaken for 48

hours at room temperature. The pH of the solutions in the batch reactors was

monitored and adjusted twice during the 48 hour shaking time. After 48 hours,

the tubes were centrifuged. Two milliliter aliquots of the supernatant in each

tube were removed, evaporated on a planchet and counted for the activity of

238y by alpha spectrometry.

7.3 Results

The agitation time that was needed to reach constant Kjj values in the

238u(vi) and 226Ra(lt) time equilibration experiments was greater than one

day, as found from the results in Table 7.2. The agitation time for all of the

batch K^ experiments in this investigation was kept constant at two days.

The solution pH was measured in several of the batch reactors in order to

observe any changes. It was found that the pH of the supernatant from the soil

interaction with the pH 3.0 equilibrating solution was equal to 3.5. The 0.5

unit increase in pH was probably due to the dissolution of carbonate minerals as

well as other minerals within the sand. No apparent pH increases were found in

the supernatants from the soil interaction with the pH 5.5 and the pH 7.0

solutions.

The results of the batch Kd determinations for 226Ra(II),
 210Pb(II),

238u(vi) and 232Th(IV) at specified solution compositions at pH's 3.0, 5.5

and 7.0 are tabulated in Veska (1983). These results are displayed graphically

as adsorption isotherms (i.e. plots of the activity in the
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TABLE 7.2

EQUILIBRATION TIME STUDY OF 238IT(VI) AND —-Ra(II)
BATCH K, DETERMINATIONSa

!

1 2 hours

1 day

2 days

7 days

Kd23aU(VI) ,

95 ± 36

180 = 47

150 ± 24, 168

174 i 32

ai/g

i 27

Kd^

68

= **.(«) .

41 r 2

62 t 3

: 4, 80 :

82 = 5

ai/g

5
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solid phase vs. activity in solution for each radionuclide) in Figures 7.1 to

7.4 and as distribution functions (i.e. plots of the Kj vs. initial solution

activity for each radionuclide) in Figures 7.5 and 7.6. The replication of the

data from the duplicates in these figures appear to show only small variations.

These variations are largely due to counting statistics as noticed from the

calculated one sigma error bars for the Kd values in the distribution

functions of 226Ra(II), 210Pb(II), 238U(VI) and 232Th(IV). The observed

shapes of the adsorption isotherms and the distribution functions are described

below.

The slopes of the °Ra(II) adsorption isotherms in Figure 7.1 are equal

to unity. These linear adsorption isotherms are reflected by the constant Kd

values in the horizontal regions of the distribution functions of 22°Ra in

Figure 7.5. The average K,j values of 226Ra at pH's 3.5, 5.5 and 7.0 in

Figure 7.5 are 20, 88 and 1526 ml/g, respectively.

The shapes of the adsorption isotherms and the distribution functions of
210Pb(II) in Figures 7.2 and 7.5 are similar to those of 226Ra(II). The

average Kjj values of 2*°Pb in the horizontal regions of the distribution

functions in Figure 7.5 at pH's 3.5, 5.5 and 7.0 are 102, 1239 and 215 ml/g,

respectively. The magnitude of the K<} values for 210Pb is greater than that

for 22&Ra between pH's 3.5 and 5.5, i.e. by a factor greater than 5. However,

at pH 7.0, the 210Pb Ktf is a factor of 7 less than the 226Ra Kd. The

lack of significant changes in the magnitude of the Kd values with increasing

solution activities for 226Ra(II) and 21oPb(II) indicates that Kd is

independent of the initial solution activity in both cases.

The shapes of the adsorption isotherms and the distribution functions of

238u(vi) at pH's 3.5 and 5.5 in Figures 7.3 and 7.6 are different from those

for 226Ra(II) and 21OPb(II). At low solution activities of 238U(VI) in

Figure 7.3, the slopes of the adsorption isotherms are at unity. However, at

higher activities of 23°U(VI) in solution, the slopes after a certain point

decrease from unity. The decreasing slope after this point, or break-point in



184

IOCO

100

I 4)

o

10
1000

• pH3.0 SOLUTION 226Ra(II)

?
o

\<S

100

10

A pH S.9 SOLUTION •

lo

JU,UUU

10,000

1000

•

a
•

—

-

OH 70 SOLUTION

M

• 1 • • . !

• •
• •

• •

O.I 1.0

Ce,

10 100

226Figure 7.1 Sorption isochenns of Ra ( I I ) . Three equi l ib ra t ing
solut ions were used: (1) pH 3.0 Ca-SO,; (2) pH 5.5
Ca-SO4 and (3) pH 7.0 Ca-HCO3-SO4. "*



185

100,000 c

Pbffi)

10 100

e , pCj/ml
1000

210
Figure 7.2 Sorption isotherms of Pb(II). Three equilibrating solutions

were used: (1) pH 3.0 Ca-SO ; (2) pH 5.5 Ca-SO, and (3) pH 7.0
Ca-HC03-S0A.
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che curve, represents the decrease in the sorbed activity with respect to the

solution activity. This is reflected by the decrease in the K^ values with

increase in the solution activities in the distribution functions in Figure

7.6. The ^J(VI) activities corresponding to the break-points in the

adsorption of uranium (VI) on the Greyhawk sand at pH's 3.5 and 5.5 in Figure

7.6 are 5.5 and 1.5 pCi/ml, respectively. The decrease in the slopes of the

distribution functions past each break-point in Figure 7.6 is more pronounced at

pH 5.5 than that at pH 3.5. Explanations for these shapes in the 23®U(VI)

distribution functions are given later in this Chapter. Examples of similar

shapes in the distribution functions of 2 3%(VI) with increasing solution

activity are given by Masuda and Yamamoto (1971) and Rancon (1973).

The average Kd values of 23% (VI) in the horizontal regions of the

distribution functions in Figure 7.6 at pH's 3.5, 5.5 and 7.0 are 15, 173 and 30

ml/g, respectively. The maximum adsorption of uranium (VI) appears from Figure

7.6 to be in the pH 5.5 range. Rancon (1973) found a similar distribution of

K^ values with respect to pH for the adsorption of U(VI) on argillaceous

soil. Similarily, the work done by Dementyev and Syronyatmikov (1968) on the

adsorption of uranium (VI) on geological materials indicated maximum adsorption

in the pH range between 5 and 6.

The shapes of the adsorption isotherms and the distribution functions of
232Th(IV) in Figures 7.4 and 7.6 are similar to those for 238U. The 232Th

activities at the break-points in the distribution functions in Figure 7.6 at

pH's 3.5, 5.5 and 7.0 correspond to 1.5, 1.3 and 2.6 pCi/ml, respectively.

In comparison to these 232Th(IV) K^ results, Rancon (1973) also found

similar shapes in his distribution functions for the adsorption of 232Th on

argillaceous soil. The shapes of the distribution functions for 232Th(IV) and

for 23%(VI) in this investigation have indicated that the Kj for eachof

these radionuclides is dependent on the initial solution activity in the higher

activity range.

The average K<j values of 232Th(IV) in the horizontal regions of the



191

distribution functions in Figure 7.6 at pH's 3.5, 5.5 and 7.0 are 86, 570 and

1748 ml/g, respectively. Rancon (1973) found a similar relationship in the

increase of K^ values with increase in pll for Th(IV) in illite and

argillaceous soil.

The results of the batch Kd values for 238U(IV) and 238U(VI) at pH's

3.0, 4.0, 5.0, 5.5, 6.0, 7.0 and 8.0 are given in Table 7.3. The Kd values

for 238U(VI) and 238U(IV) at pH's below 5.0 and above 7.0 are low. At

solution pH's between 5.0 and 7.0, the K4 values for both species are at a

maximum. The K<i values for 238U(VI) and 238U(IV) are similar below pH

4.0. Above pH 4.0, the Kd values for U(IV) are greater than the Kd values

for U(VI) by a factor of approximately two. Good agreement is found in the

replication of the U(IV) and U(VI) Kj values as given in Table 7.3. The
238U(VI) Kjj values at pH's 3.0, 5.5 and 7.0 in Table 7.3 are similar to

those values derived from earlier experiments as shown in Figure 7.6.

The effects of the solution to soil ratio on the magnitude of the
226Ra(II) and 238U(VI) batch Kd values are given in Table 7.4. The

equilibration of 38.4 pCi/ml 226Ra in a 10:1 solution to soil ratio

corresponds to a Kd value of 5918 ml/g. This value is similar to the 6 1 + 3

ml/g value that is derived from the equilibration of 41.5 pCi/1 226Ra in a

20:1 solution to soil ratio. No apparent differences are found between the

magnitude of the Kd values from the equilibration of 226Ra in 10:1 and 20:1

solution to soil ratios and that from the equilibration of 22^Ra in a 5:1

solution to soil ratio. In contrast, the Kd values for 238U(VI) decrease

slightly with decrease in the solution to soil ratios from 20:1 to 5:1.

The results of the field K4 values for 2 3 8U, 232Th and 226Ra are

given in Table 7.5. These field Kd values are compared in Table 7.5 to the

corresponding batch K<j values. Also, the 22^Ra K<j values from the batch

and field techniques are compared in Table 7.5 to a column Kd value for
226Ra (Clarke, 1982). At solution pH5 in Table 7.5, the field K<j value for
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TABLE 7.3

COMPARISON OF K, VALUES FOR :33U(IV) AND 233U(VI)
a

?H

3

4

5

5.5

6

7

S

AS A

Kd239uciv)

7 ± 2 ,

12 ± 2

214 ±20

352 ±44

335 =53

91 ±10

17 = 3 ,

FUNCTION OF oH

, mi/g

7 ±

13 ±

256 =

384 ±

355 ±

119 =

19 ±

2

2

39

61

36

16

3

Kd

3

17

137

162

168

39

6

= 1

± 2

=24

±28

=40

= 4

= 1

) , Wg

, 9 = 2

, 20 = 3

, 149 ±26

, 173 =42

, 194 =43

, 49 = 6

, 8 = 2
1
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TABLE 7.4

EFFECT OF LIQUID : SOLID RATIO ON 226Ra(II) AND 238U(VI) BATCH K. VALUES

LIQUID : SOLID
RATIO

5:1

10:1

20:1

20:1

Co ,

76

38

Al

-

.8

.4

.5

226Ra(3
pCi/mi

I)
Kd •

73 i 6

59 t 8

61 ± 3

-

mJl/g Co ,

5.36

2.68

5.55

2.81

238U(
pCi/m'

VI)

24

58

Kd '

16

36

t 3 ,

= 5 ,

m;./g

± 2

= 3

25 ± 3

88 ± 7
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(173 ml/g) is similar to that of the average batch Kj value for

(143 ml/g) and close to that of the average batch K<j value for

238u(iv) (235 ml/g). However, the field Kd values for 232Th and 226Ra

at pH5 are both an order of magnitude greater than their respective batch K^

values at pH5. At pH 7.0, the 226Ra batch Kd value is approximately an

order of magnitude greater than the column K<j values (Clarke, 1982).

7.4 Interpretations

The slopes of the 226Ra(II), 21OPb(II), 238U(VI) and 232Th(IV)

adsorption isotherms in Figures 7.1-7.4 are equal to unity at low solution

activities for these radionuclides. Whereas the slopes of the °Ra(II) and

210pb(II) adsorption isotherms are maintained at unity at higher activities,

the slopes of the 238U(VI) and 232Th(IV) adsorption isotherms decrease from

unity at higher activities. The experimental data from the adsorption isotherms

are matched with the Freundlich isotherm using the equation:

S « KCa (7.2)

As defined before, S is the solute activity on the soil, C is the solute

activity in solution and the constant, a, represents the slope of a log-log plot

of S versus C. When the slope of the adsorption isotherm is unity, then a .« 1,

the S/C ratio is constant and equilibrium conditions exist between the

adsorption and desorption reactions for that radionuclide. For the activity

range of radionuclides present in the Greyhawk groundwater (i.e. between 0.0001

to 0.2 pCi/ml), the adsorption isotherms for 226Ra(Il), 210Pb(II),
238U(VI) and 232Th(IV) are found to be linear. This is reflected by the

constant K<j values in the horizontal regions of the distribution functions for
226Ra(II), 21OPb(II), 238U(VI) and 232Th(IV) in Figures 7.5 and 7.6.

These constant K<j values are used as input parameters in the transport models.
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The curved shapes of the uranium and thorium distribution functions at pH's

3.5 and 5.5 can be explained by the background effect and by the law of mass

action. The background effect is discussed first. If the leaching of the sand

has released some activities of radionuclies in solution and if these background

activities are larger than Chat added at the break-points in the distribution

function curves for 238U and 232Th prior to equilibration, it would be

reasonable to suggest that the corresponding K<j values for those radionuclides

are influenced by the background activities. The amounts of background 23^U

and 23~Th activities in the soil extracts from the batch reactors were

determined by neutron activation analysis at the University of Toronto. The

results of the background 238U and 232Th activities ia different soil

extracts are given in Tables 7.6 and 7.7. The 238U activities in the pH 3.5

extracts are approximately a factor of two greater than that in pH 5.5

extracts. The differences in the Z^°U activities in soil extracts between the

different liquid to soil ratios are not significant. The 232Th activities in

ail of the soil extracts are below the detection limit (1.1 x 10~3 pCi).

The effect of the background 23^TJ activities from the soil extracts on

the shapes of the distribution functions is evaluated first. The added amounts

of 23% £o cjie batch reactors corresponding to the break-point activities in

the distribution function curves in Figure 7.6 are compared in Table 7.6 with

the total background 23^U activities that have been released in solution. For

all cases in Table 7.6, the added amounts of 238JJ at the break-points in the

238y distribution function curves are larger than that which are released

naturally from the soil* Similar to the comparisons in Table 7.6 with 23°U,

the added amounts of artificial 232Th at the break-points in the 232Th

distribution function curves are seen in Table 7.7 to be larger than that which

is released naturally from the soil. Therefore, it seens unlikely that the

release of background activities of either uranium or thorium upon equilibrium

in the batch reactors effect the magnitude of K^.

The second possible explanation for the shapes of the uranium and thorium

distribution functions is attributed to the law of mass action. Wahlberg and

Fishnan (1962) and Wahlberg et al. (1965) have successfully related the law of
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EFFECT OF BACKGROUND 2 3 BH ACTIVITIES ON TIIH '' 3"ll(Vl) BATCH K., VALUES

Equilibrating

Mquid:Solld

1:1
20:1

1:1
20:1

Conditions

pll

3 . 0
3 .0

5.5
5.5

Co
23BU(VI) , pCi/mt

3.78
3.78

1.51
1.51

Kd
Z1UU(VI) , me/B

IB
18

168
16S

Background 23flll
In so i l extract

, pCl/mfc

8.0 x 10-3

7.6 x 10"3

/i.1 x 10"1

5.3 x 10"J

Total Background
of 230ll , pCI

0.14
0.14

0.69
0.80

Amo|int of
""lUVl)
Added , |)CI

75.6
75.6

30.2
10.2

VO
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3.0

5.5
5.5

Co
2 i 2 Th( lV) , pCl/ml

1.59
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AIIIOIIIII of
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Jl . l l
31 . U

21.6
21.6

00



199

mass action to explain for the shapes of cesium and strontium distribution

functions. The shapes of the distribution functions for Cs and Sr obtained by

these investigators are similar to those for 238U(VI) and 232Th(IV).

Although the relationship found by Wahlberg and others was based on simple

exchanger materials and solutions containing a single competing cation, it

cannot be applied quantitatively to complex exchange materials and to solutions

containing several competing cations. However, a semi-quantitative approach is

used here to determine if any relationship exists between the K<j values that

are derived by the application of the law of mass action and the shapes of the

uranium and thorium distribution functions.

First, the effect of mass action on the 238U(VI) activities is

investigated below. Considering the divalent exchange reaction,

UO 2
2 + + Ax = U02x + A

2 + (7.3)

the uranyl ion, U0z
z+, displaces a cation, A, from an exchanger, x. The

selectivity coefficient for the above reaction is

_ [U02xnA
2+]

U02-A * '""
 z*'r' '

Equation 7.4 simplifies to

FA2+1- K • -ffL-i (7.5)
U V V X J

and can be rearranged to give

(7.6)
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The summation of the concentrations of [Ax] and [UOjx] is equal to the cation

exchange capacity of the soil (C.E.C.) and the summation of the concent rations

of [U02^+] and [A2+] is equal to the total concentration of cations in

solution. When trace amounts of [UO22"1"] are present in the batch reactors,

[Ax] is approximately equal to C.E.C., [A2+] is equal to the total

concentration of cations in solution and equation (7.6) is rewritten as:

- K
U

Thus at trace concentration of [U02^+], the K^ value for uranium (VI) is

constant, as reflected by the horizontal region in the distribution functions in

Figure 7.6. However, as larger quantities of UO2 ions in solution begin

to compete with other cations for the same exchange sites, then equation 7.7

does not further apply. Instead, as the concentrations of UO2 increase in

solution, the K3 values for uranium (VI) decrease. Therefore, at high

radionuclide concentrations, the Kjj values decrease according to the law of

mass action.

Comparisons amongst the concentrations of major cations and UO22+ in

the three equilibrating solutions are given in Table 7.3. For the sake of

simplicity, the formation of complexes are not assumed in these calculations.

The 0.025 to 2.52 iaeq/1 solution concentration range of UO22+ in Table 7.8

is chosen to correspond to the initial 2 ^ % activities between 1.0 and 100

pCi/ml in the area of the negative slopes of the 238U(VI) distribution

functions in Figure 7.6. The maximum UO22+ concentration at 2.52 aeq/1 is

found to approach the total concentrations of cations in the pH 5.5

equilibrating solution rather than in the pH 3.0 or pH 7.0 solutions. This is

reflected by the more pronounced slope for the distribution function curve at pH

5.5. Therefore, the above rational on mass action principles explains for the

shapes of the --^(VI) distribution function curves.
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TABLE 7.8

CONCENTRATION COMPARISONS BETWEEN MAJOR CATIONS

AND U0- 2 + and Th4+ IN THE EQUILIBRATING SOLUTIONS

Constituent

C <
Mg2^
Na*
K ,+

A l 3+F e 3t
Pb 2 +

Z cations

pH 3.0 Solution
, meq/2

7.78
6.75
0.31
0.14
0.06
1.78
0.03
9.7 x 10~6

16.85

pH 5.5 Solution
, meq/S.

2.69
0.61
0.15
0.04
0.002
0.06
0.008
9.7 x 10~6

3.56

pH 7.0 Solution
, meq/i

10.03
0.73
0.20
0.12
0.001
0.006
0.003
9.7 x 10~6

11.09

2+
Number of aieq/2 U02" - 2.52 meq/; if

 23eU(VI) activity = 100 pCi/nu
• 0.025 meq/£ if 23SU(VI) activity = 1 pCi/mx

Number of meq/i Th u + 1.6 meq/e if 232Th(IV) activity • 10 pCi/m£
0.16 meq/SL if 232Th(IV) activity = 1 i/
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The concentrations of major cations and 232Th(IV) in the equilibrating

solutions are compared in Table 7.8. Neglecting the formation of complexes, the

0.16 to 1.6 meq/1 concentration range of Th4+ ions in Table 7.8 was chosen to

correspond to the one to ten pCi/ml area of the negative slopes of the
232Th(IV) distribution function curves in Figure 7.6. Similar to the

23%(vi) case, the highest Th1*"1* concentration corresponds more closely to

the total cation concentrations at pH 5.5 rather than at pH's 3.0 and 7.0. This

is reflected by the distinctive shape in the distribution function curve of

232ih(IV) at pH 5.5 ia Figure 7.6.

7.5 Summary

At initial solution activities less than 1.5 pCi/ml, the slopes of the
226Ra(II), 210Pb(II), 238U(VI) and 232Th(IV) adsorption isotherm were

equal to unity. This was reflected by the constant K,j values in the

horizontal regions in each of the distribution function curves. Therefore, at

activities below 1.5 pCi/ml, the Kd values for the radionuclides of interest

are independent of the initial solution activities. These Kd values of

radionuclides within the 0-1.5 pCi/ml concentration range are used as input

parameters in the transport models. The activities of radionuclides in

groundwater at the field site are ouch less than 2.5 pCi/al.

At initial solution activities greater than 1.5 pCi/ml, the 226Ra(II) and
210pb(II) adsorption isotherms maintained constant slopes at unity, whereas

the slopes of the 238U(VI) and 232Th(IV) adsorption isotherms had

decreased. Therefore, at high 238U(VI) and 232Th(IV) activities, the

respective Kd values are a function of the initial solution activities.

The K<j values for all of the radionuclides, at low and at high

activities, were dependent on the solution pH. The magnitude of the K<j values

for 226Ra(II) and 232Th(IV) were directly proportional to the solution pH.

The magnitude of the Kd values for 238U(VI), 2:%(IV) and 2ioPb(II) were

also directly proportional to solution pH for pH values between 3.0 to 5.5.

Above pH 5.5, the Kd values of 238U(VI), 238U(IV) and 210Pb(II) were
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inversely proportional to pH. No conclusions were drawn for the change in the

238u(vi), 2 3%(IV) and 21OPb(II) K^ values with increase in solution pH

because of the variance in the chemical compositions amongst solution pH's 3.0,

5.5 and 7.0. Several investigators have also found that the maximum adsorption

of uranium on soils occurs in the pH 5*0 to 6.0 range.

The slopes of the distribution functions of 238U(VI) and 232Th(IV)

decreased with increased solution activities of the corresponding

radionuclides. The negative slopes of the distribution function curves were not

the result of background effects from the leaching of the sand. Instead, it was

suggested that the negative slopes were caused from the increased competition of

the radionuclide concentrations with respect to the concentrations of other

solution cations for the available exchange sites. Therefore, at increased

concentrations of uranium and thorium in separate batch reactors, the resulting

K^ values decrease according to the law of mass action.



204

CHAPTER 8

MODELLING OF CONTAMINANT BEHAVIOUR IN HIE SAND AQUIFER

la this chapter, an attempt has been made to explain the spread of

waste-rock-derived contamination in groundwater at the Greyhawk site since 1957

based on geochemical and mathematical modelling. Geochemical aodelling entails

the sequence of geochemical events responsible for the subsurface concanination

at the site during Che past 25 years, starting from the leaching of

radionuclides from the waste rock and leading to the transport of the

waste-rock-derived radionudide species in the sand aquifer below. Contaminant

aigration models are provided to simulate the extent of contamination of the

waste-rock-derived radionuclides in groundwater for the past 25 years. The

simulated values are compared to the 1982 frontal positions of radionuclide

contamination downgradient from the waste rock in the sand aquifer. The purpose

of the comparisons between the simulated values and the actual values is to

assess the applicability of the models and the use of laboratory-deterained

parameters.

3.1 Waste Rock Weathering

Mineral weathering-mass balance calculations are presented in order to

develop a hypothesis for the origin of the contaminants in the zone D

groundwater. Minerals that appear to be likely sources of contaminants are

listed and their main weathering reactions are postulated. Appropriate

concentrations of dissolved products that are produced by the weathering

processes are specified from the mineral reactions and the combined results

are compared to the observed concentrations in the groundwater in zone D. For

the weathering calculations, the following minerals are assumed to be the main

source of major ions in the leachate that form within the gabbroic and

pegaatitic waste rock mass, namely: pyrite (FeS2(s)), microcline
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(KAlSi3O8(s)), albite (NaAlSijOg^g)), dolomite (CaMg(CO3)2(s)) and

calcite (CaC03(sj). The mineralogical evidence supporting this choice of

representative waste rock composition is presented in Chapter 6. The weathering

reactions that might occur for these minerals are as follows: (1) the

irreversible reaction of oxygen with pyrite, as

2- (8.1)) + 1502 + 14H20 - 4Fe(OH)3(s) + 16H+ + 8S0,,2

(pyrite)

and (2) the buffering of the released hydrogen ions by the feldspar and

carbonate minerals, as

3KA£Si3O8 . + 2H++ 12H20 - 2K++ 6HltSi0lt + KA£3Si30i0(OH)i0 . (8.2)

(microcline) (mica)

NaAJlSi3Oe, + H+ + 4.5H20 * Ka++ 2

(albi te)

CaC03, . + H+ + H20 - Ca2+ + H2C03 + OH~

(calc i te )

CaMg(C03)2 + 3H+ + H20 - Ca2+ + Mg2+ + 2H2C03 + 0H
(dolomite) { s )

0.5A£2Si20 (OH),,, (8.3)

(Kaolinite)

(8.4)

(8.5)

The concentrations of the products in the leachate that are produced by

reactions 8.1 to 8.5 inclusively are calculated. This leachate composition is

affected by the availability of oxygen within the waste rock mass.

A cell approach is used to determine the amount of oxygen present within

the pore spaces of the waste-rock mass. Assuming a porosity at 30%, the amounts

of oxygen present at 10, 20, 30, 50, 70 and 100 percent water saturation in the

voids of the waste rock mass are calculated to be 80, 40, 20, 9, 4 and 0.3

mmole/1, respectively. The effects on the composition of the leachates

resulting from the presence of 4, 20 and 40 mmole/1 of oxygen within the waste
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rock mass that contains the following systems, (1) rainwater-pyrite and (2)

rainwater-pyrite-microcline-albite-calcite-dolomite, have been computed by the

computer programme, PHREEQE, as previously described in Chapter 6. The

calculated results are given in Table 8.1. The leachates influenced by the

rainwater-pyrite system increase in concentrations of SO4, Fe and H ions with

increase in oxygen content. For the rair.water-pyrite-microline-

albite-calcite-dolomite systea, the conputed concentrations of Ca, Mg, -N'a, Al,

Fe, HCOd, SOn and SiOz in the resulting leachates increase with increase in the

oxygen concent. In addition to these ion-speciation confutations for each of

the resulting leachates, mineral saturation indices were computed by PHREEQE.

The mineral weathering products that were computed to be saturated in the

pyrite-microcline-albite-calcite-dolomite leachate were goethite (FeO(OH)(s)),

hematite (Fe203(s)), magnetite (Fe3°4(s))> gibbsite (Al^C^.S^O^)),

quartz (Si02(s)^ s n d c h e following clay minerals: kaolinite

(Al2Si205(0H)4(s)), illite <K.SMS.3A12.3Si3.5°i0(OH)2(S)
 a*d

Ca-aontaorillonite (Ca#17
 A12.33si3.o7 °i O ^ ^ C s )^#

The chemical compositions of the leachates that have been computed from

mineral weathering reactions using PHREEQE are compared in Table S.I with the

chemical compositions of the two major types of zone D groundwater. The

composition of the ME zone D type of groundwater, as reflected by the pH 7

calcium-sulphate-bicarbonate water, is similar to the leachate composition

resulting from the rainwater-pyrite-microcline-albite-calcite-dolomite

interaction at oxygen concentrations ranging from 4 to 20 mmole/1. The

composition of the pH 3.0-4.0 calcium-magnesium-sulphate zone D groundwater in

the MW is between the two computed leachate compositions for the

rainwater-pyrite and rainwater-pyrite-microciine-albite-calcite-dolomite inter-

ations at 4 and 20 mmole/1 of oxygen.

From the above comparisons between the observed concentrations in the zone

0 groundwater and the calculated concentrations in leachates that are affected

by waste rock weathering, an explanation is given for the occurrence of the low

pH sulphate groundwater that is found only below the waste rock at Che NK sector



TABLE; 8.1

COMPARISONS BETWEEN THE CHEMICAL COMPOSITIONS OF THE ZONE D CROUNIMATF.R AND WATER

Description i
0, In

Ca

, mg/t
computations

i

A. Zone D (irouiKHtater:
(1) N.W. type

sample 1. (1981)
sample CR4 (1981)
sample CR4 (1979)

(2) N.E. Type

nmulen/l

sample HI6-2 (1982)
sample IJ2-2 (1979)

n. Water Influenced by:
( I ) Ralnvater/pyrlte

(2) Rnlnwnter/pyrlte/
fel'lspara/carbonatea

4
20
40

4
20
40

112
72.2

156

101
201

0.53
0.53
0.53

43.6
192
351

COMPUTED FROM

He

59.2
31.4
82.0

4.7
8.9

0.15
0.15
0.15

27.7
117
2 JO

Nn
. m g / l ,

6.5
7.0
7.0

2.8
4.7

0.35
0.35
0.35

2.2
3.2
.1.7

MINERAL

K IIC<
nfjl ,m

7.9
3.1
5.4

2.6
4.8

0.14
0.14
0.14

0.002
0.003

WEATHER INC

<5
<5
<5

277
201

<|
<|
<t

130
462
nn

so,,
,mg/l

627
348
820

108
337

220
1097
2196

220
1097
2196

REACTIONS

Cl
l«IR/t

1-23
0.99
3.0

-
1.0

0.1
0 .
0.

0.
0 .
o.

sio2

53.0
25.9
-

-
-

0.6
0.6
0.6

14.1
22.0
25.8

At
.™R/I

5.6
<5

16.0

-
-

-
-
-

2.0
3.2
.3.8

Fe
,mg/t

67.0
0.05
0.5

0.07
-

63.8
320
638

63.8
320
630

pll

3.
4.
4.

7.
6.

2
1
1

7
6
6

6
7
5

3
5

63
94

.64

.93

.97

.65

to

o
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of the field site. It is reasonable to suggest that the carbonate content

within the gabbro in the small pegmatite-gabbroic waste rock pile in the Sff

became depleted earlier by the reaction with products from pyrice oxidation, and

thereafter, resulting in a progressive decrease in the pH of the underlying

groundwater. The waste rock piles to the HE, on the other hand, are larger and

consist of separate piles of predominantly pegmatite and predominantly gabbroic

waste rock. Pyrite is not present within the pegmatitic waste rock. 3ecause of

the larger excess of the carbonate content (4.2%) than sulphur (1.2%) in

gabbroic rock and because of the larger masses of the waste rock piles in the

SE, the pa of the groundwater underlying the ME waste rock piles is expected to

be neutral.

The amounts of radioauclides that are dissolved from uraninite (UO2(sp

and uranothorite ((U,Th)SiO4(s)) minerals in pegmatitic waste rock are largely

affected by the pH of the leachate. The solubility of these radioactive minerals

in pegmatite was found in Chapter 6 to increase with increase in the hydrogen

ion activity. At the site, the significant source of hydrogen ion

concentrations is from the oxidation of pyrite and the infiltration of rock by

rainwater. The resulting acidic leachace contacts the radioactive minerals and

may cause the release of radionuclides into solution by the following

postulated reactions,

U°2(s) + 4H+ * U*+ + mt° (8'6;>

2U02 + 4H+ + 0 2 • 2U02
2+ + 2H20 (8.7)2 + 4H + 0 2

4H+ - (U.Th)1*"*" + H^SiO^ (8.8)

Oxidation of the insoluble tetravalent uranium in U02(s) at the field site can

proceed more rapidly in the presence of bacteria, such as iron-oxidizing

thiobacilli (Lungrer. and Silver, 1980; Ritcey and Silver, 1982) and/or by ferric

sulphate formed through the indirect action of bacteria on pyrite (Lungren and

Silver, 1980):

U02(s) + Fez(so*)3 " UO-SO^ + 2F6S0,.
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The release of 238U(IV), 238U(VI), 234u(iv) and 234U(VI) species in

solution from U02(s) *n equations 8.6 and 8.7 is accompanied by

the simultaneous release of 226Ra(II), 210Pb(II) and 23OTh(IV) and other

members of the uranium-238 decay series. The radioactive species released in

solution from (U,Th)SiO4(s)) in equation 8.8 are members of both the

uranium-238 and thorium-232 decay series.

8.2 Transport Processes of the Waste-Rock-Derived Radionuclides

The spatial-activity distributions of radionuclides in groundwater, shown

in Chapter 5, indicated high activities below the waste rock and a wide range in

the travel distances by the waste-rock-derived radioactive contaminants in the

sand aquifer. This wide range results from differences in the physical,

geochemical, biochemical and radioactive decay processes for each radionuclide

of interest. The effects of each of these processes are discussed following a

brief summary on the distributions of the concentrations and activities of the

chemical and radioactive contaminants in groundwater along the two flow systems,

namely the northwest and the northeast groundwater flow regimes.

The migration trends of the radioactive contaminants from the waste rock

piles in groundwater along the northwest flow regime are considered first. The

proposed flow line, L-M10 in Figure 8.1, has been chosen to be representative of

these trends in the northwest flow regime because of the alignment with the

general groundwater flow direction and also with the waste-rock-influenced zone,

as depicted by the shapes of the SO4 and radionuclide plumes in Figure 8.1.

This flow line extends approximately 100 meters laterally downflow from the

waste rock. The activities and concentrations of the dissolved radionuclides

and chemical species along the L-M10 flow line are graphically shown in Figure

8.2. The radionuclide and chemical composition of groundwater in Figure 8.2 show

decline in most of the dissolved constituents away from the waste rock. The

dissolved constituents, which decrease in values along L-M10, are ^ 3%,
226Ra, 210Pb, 23aTh, Ca, Mg, Na, K and SO4. Values that increase in
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Figure 8.2

(a)

MULTILEVEL LOCATION

M8 M7 M6 M5 M4 M3 GR6 GR4 L

90 80 70 60 50 40 30 20 10 °

DISTANCE ALONG FLOW LINE FROM SITEL.m

Activities and concentrations of dissolved radionuclides and
chemical species along the proposed NW flow line, L -*• M10.
(a) Radionuclides (b) major cations, (c) major anions and pH.
Data points: D1979; 01981; •1982. {^3 Location of waste rock.
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(b)

(c)

10
DISTANCE ALONG FLOW LINE
FROM SITE MI6, m

Figure 8.3 Activities and concentrations of dissolved radicnuclides and
cheaical species along the proposed NE flow line, M16 •* M19.
(a) Radionuclides, (b) major cations, (c) major anions and pH.
Data points: C1979; »1982. ̂ S Location of waste rock.
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groundwater along L-M10 are noticed for pH, DIC and HCO3.

The migration trends of the contaminants in the northeastern flow regime

can be considered along a flaw line extending from sites M16 to M19. The

location of the M16-M19 flow line is given in the cross sectional diagram in

Figure 8.1. Sample sites along the M16-M19 flow line have been chosen based on

the groundwater-flow direction as shown in Chapter A and the hydrochemical

patterns as shown in Chapter 5. The hydrochemical and radiological trends in

groundwater along M16-M19 are shown in Figure 8.3. Values of 238U, 226Ra,

Ca and HCO3 decrease along this 28 meter flow line, whereas the pH and the

concentrations of Mg, Na, K, SO4 and DIC do not change significantly along the

same flow line. The activities of 210Pb, 230Th and 232Th in .groundwater

along M16-M19 are below their respective detection limits (refer to Chapter 5).

The effect of dispersion, which causes mixing, is first considered for the

interpretation of the decreasing concentrations and activities of contaminants

downflow from the waste rock. Dispersion, both vertical and longitudinal types,

causes reduction in solute concentrations. As groundwater migrates downflow

from the waste rock, recharge from rain and snowmelt enters the sand aquifer and

mixes with the contaminated groundwater along the top of the plume. This

process is defined as vertical dispersion and is most effective in those parts

of the sand aquifer with high groundwater flow velocities. The groundwater flow

velocities are the highest in the vicinity of the waste rock, where velocities

exceed 70 m/yr in the northwest flow regime and 10 m/yr in the northeast flow

regime.

More significant than vertical dispersion in the reduction of the

concentrations of the contaminants in the sand aquifer is longitudinal

dispersion. Sudicky et al. (1980) have provided a tracer test in a sand aquifer

on the estimation of the three principal values of the dispersion coefficient.

The results from their field test indicated that the ratios of longitudinal to

horizontal transverse dispersivity were less than five. In comparison, the

vertical dispersion of the tracer slug in their field investigation was very

weak. It is reasonable to suggest that similar conditions also exists at the

Greyhawk site. Because longitudinal dispersion is considered to be more
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significant at Greyhawk in comparison to the other two types of dispersion, a

one-dimensional, mathematical approach that incorporates the longitudinal

dispersion coefficient is used below to describe the decline in solute

concentration downgradient from the waste rock.

To relate the decreasing concentration trends of a solute species downflow

from the waste rock by longitudinal dispersion, the 1982 measured sulphate

concentration profile along the L-M10 flow line is compared to a computed

concentration profile for the migration of a non-reactive solute species after

25 years. The latter profile is computed from the Ogata-Banks (1961) analytical

solution for the one-dimensional advection-dispersion equation for the migration

of a non-reactive species. A similarity in a comparison between the measured

and computed concentration profiles would indicate that the subsurface migration

of the sulphate species is solely influenced by longitudinal dispersion and not

by geochemical retardation processes. Sulphate, because of its conservative

nature in oxidizing porous medium, has been chosen to represent the migration of

a non-reactive chemical species in the sand aquifer. PHREEQE calculations

provide evidence that chenical reduction of sulphate does not occur along the

L-M10 flow line. Although chloride is also considered as a non-reactive species

in sandy aquifer systems, the concentration of chloride in the Greyhawk

groundwater is very low and, as such, chloride profiles have not been compared

with the computed profiles from the analytical solution.

The input parameters in the 0gata-3anks analytical solution are as follows:

three groundwater velocities at 70 m/yr, 9.0 m/yr and 1.6 m/yr for three

corresponding zones along the L-M10 flowline at 0-19.2 m, 19.2-72.8 m, and 72.8

- 101.3 m.; a range of longitudinal dispersivities from 1 to 100 meters; and a

travel time at 25 years. The results are shewn in Figure 3.4. The computed

concentration profiles in groundwater after 25 years are compared in Figure 8.4

to the decreasing concentration profile of sulphate in groundwater along L-M10.

It can be seen that there is no agreement between the computed and measured

profiles in the vicinity of the waste rock. However, the comparison does

suggest that the concentration of sulphate in groundwater at the source has

increased in recent years.
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MIO M9 M8 M7 M6 M5 M4 M3 GR6 GR4 L

(a)

(b)

(c)

Extent of Waste Rock—

-o-Q- et - I.Om

9 s 100 m

-o-o- a - 1.0 m

= 10 m

• 100 m

100 eo 70 60 50 40 30

DISTANCE FROM SITE L , m

20 10

c/cc

c/cr

C/Co

Figure 8.4 Comparison between the measured sulphate concentration profile (a)
in groundwater along the L-M10 flowline in 1982 and the computed
profiles: (b) the Ogata-Banks solution, assuming a constant source
concentration for the past 25 years and (c) the modified version of
the Ogata-Banks solution, assuming an increased source concentration
for the past 5 years. The computed profiles in (b) and (c) represent
25 years of migration of a non-reactive solute species in groundwater.
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A special version of the Ogata-Banks solution (King, 1983) that accounts

for a change in the source concentration has been used for the Greyhawk

problem. It is assumed that Che sulphate concentration emanating from the

source has sharply increased for the past 5 years. The computer program by

King (1983) has been modified to account for the changes in the groundwater

velocities downgradient from the waste rock along the L-M10 flowline. The

computed results are plotted in Figure 8.4 as concentration profiles for the

range in the longitudinal dispersivities used from 1.0 to 100 meters. These

computed concentration profiles are compared in Figure 8.4 with the measured

sulphate concentration profile along the L-M10 flowline. The comparison

indicates similarities near the source for a longitudinal dispersivity of 1.0 a

and near site M10 for a longitudinal dispersivity of 100 m. These results are

similar to the field tracer injection experiment by Sudicky et al (1980), in

that the longitudinal dispersivity in the sand aquifer increases downgradient

from the source.

The physical and geochemical processes affecting the attenuation of the

activities of radionuclide species downgradient from the waste rock in

groundwater are distinguished based on a comparative technique. That is, molar

ratios of sulphate to each of the radionuclide species along the L-M10 flowline

are calculated in order to identify the processes responsible for the relative

changes in the concentrations for that particular species. Increase in molar

ratios downflow from the waste rock indicates reduction in solute concentration

by chemical means. Decrease in molar ratios suggests the addition of that

species to the groundwater flow path. Because the spread of radionuclide

contamination in groundwater was largely seen for uranium and radium, molar

ratios of SOW/
238U and SO,»/226Ra have been calculated along the L-M10 flow

line. The results are shown in Figure 8.5. The fluctuations of the SO^/^Su

ratio from sites L to GR6 are directly related to the attenuation of the
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SO^ and 23f*U species originating from the waste rock. The decreases in the

SO^/238U ratio from sites GR6 to M4 can either be the addition of 238U from

the waste rock piles, or possibly, from the leaching of the bedrock surface.

The constant ratios between sites M5 to M8 are consistent with the expectation

that dispersion is the only major process in this area. The abrupt increase in

the S04/23% ratio at 75-80 meters downflow from site L marks the extent of

the 238U migration from the waste rock. Similarily, the abrupt increase in

the SC>4/226Ra ratio in Figure 8.5 at 20 meters downflow from site L

indicates the extent of the 2 2 % a front. The effects of dispersion in the

determination of the shapes of the 22°Ra front, or even the shapes of the

contaminant fronts for 2 1 % b and 230Th, are expected to be negligible.

Next, geochemical processes are considered to explain for the trend in the

decreasing concentrations and activities of the contaminant species downflow

from the waste rock areas in Figures 8.2 and 8.3. These processes include

acid-base reactions, dissolution-precipitation reactions, oxidation-reduction

reactions, adsorption-desorption reactions, and complexationh. First, acid-base

reactions are used below to explain for the low pH groundwater containing the

high activities of radionuclides below the waste rock at site L and the

trend in the increasing pH values in groundwater along the L-MlO flow line.

Earlier in this chapter it had been explained that the source of hydrogen

ions and radionuclides in groundwater below the pegmatite-gabbroic waste rock in

the NW sector was derived from the oxidation and dissolution of pyrite and the

radioactive minerals for the past 25 years. Similar to the geochemical

conditions of acid production at the Greyhawk site, pyrite-containing uranium

mill tailings in the Elliot Lake area (Blair et al, 1980 and Morin et al, 1982)

have also been oxidized for the past two decades. However, the severity of the

impact of waste rock leaching in the production of hydrogen ions and

radionuclide species in the groundwater zone at the Greyhawk site is
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Figure 8.5 Molar ratios of (a) SOu/238U and (b) SOu/225Sa in
groundvacer samples along the NW flow-line,
L - M10, in 1932.
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considerably less than that from the weathering of the Elliot Lake tailings.

The low pyritic content (approximately 1%) in the gabbro and the particle size

of the waste rock may be the causes of the slow rate of oxidacion at the

Greyhawk site. The Elliot Lake tailings, on the other hand, are sand and silt

sized particles and contain 7% by weight pyrite. For both sites, an acidic

leachate, containing high activities of radionuclides, has been produced and has

been supplied to an underlying sand aquifer. The low pH contaminated

groundwater at both sites becomes completely neutralized at approximately 20

meters downgradient from its source; thereby immobilizing most of the

radionuclides.

The neutralization of the hydrogen ions by the Greyhawk soil is caused for

»he most part by the dissolution of calcite, as interpreted from the acid

neutralization column experiments in Chapter 6. Calcite dissolution is also

considered to be the cause of hydrogen ion neutralization in an area of tailings

seepage in the Elliot Lake district (Morin et al, 1982). Assuming the

groundwater at site L as the point source of hydrogen ions to the sand aquifer

and assuming that the hydrogen ions are neutralized by the calcite in the sand

along the NW flow line, L-M10, as

CaC03 + 2H+ - Ca2+ + H2CO3 (8.9)

a groundwater pH profile at site L during the past 25 year weathering history

has been constructed from the equation:

* - dH * ( g-eq/lH+ > l\ (8.10)

Equation 8.10 is a modification of equation 6.3. The parameters of equation

8.10 are: t » time, djj+ " distance of acid front downflow from site L in 1982

with respect to the g-eq/1 H value (refer to groundwater pH profiles as shown

in Figure 5.15), Vw - groundwater velocity (i.e. 70 m/yr from sites L to M3),

g-eq/1 CaC03 • number of gram-equivalents of calcite in a unit cell and g-eq/1

H + » number of gram equivalents of hydrogen ions in a unit cell.

The g-eq/1 CaCO3 parameter in equation 8.10 has been determined from cell

calculations following a mass-balance approach. At a porosity of 362, the
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volume of saturated sand within a cell containing one liter of water is

calculated to be 1778 ml. Because the density of the sand is 2.72 g/cm-3

(Clarke, 1982), the weight of the sand in the cell is calculated to be 4836

grains. From the carbonate analyses of the Greyhawk sand in Veska (1983), a

value of 0.016% by weight as CaCOj has been chosen to represent the average

value in the sand aquifer. Under these conditions, the g-eq/1 value of CaC03

in a unit cell of the sand aquifer is 0.016 g-eq/1.

From known values of dg+, Vy and g-eq/1 CaCi^, values of t have been

calculated from equation 3.10 at various g-eq/1 values of H+ ions. From these

calculations, a pH versus time plot as shown in Figure 8.6 has been constructed

to graphically display the variation in groundwater pH at site L during the past

25 years. Values of t have only been calculated in the pH range from pH 3.4 to

pH 4.2. At pH values greater than 4.5, the values of t are calculated to be

greater than 25 years. As a result, the pH 4.2 value (i.e. at t - 17.5 years

ago) was joined to an estimated prl 7.0 value (i.e. at c - 25 years ago) in

Figure 8.6. The rationale for the selection of the pH 7.0 value at the initial

tise when waste rock weathering started, was based on the calculated leachaca

composition from the rainwater-pyrite-feldspar-carbonate interaction as shown in

Table 7.1. The abrupt decrease in pH from 7.0 to 4.2 at site L indicates that

there oust have been an excessive increase in the hydrogen ion concentration in

groundwater from pyrite oxidation during the latter period of waste rock

weathering. This observation is in agreement with the assumption made earlier

to explain for the sulphate trend along L-M10, in that the sulphate

concentrations emanating from the source, as a result of pyrite oxidation, have

sharply increased in the past 5 years. Because of the large change in the

groundwater pH at site L for the past 25 years and because the leachability of

radionuclides from waste rock increase with decrease in solution pH, the

activities of the leached radionudides from the waste rock to the underlying

water table cannot be considered to have been constant since 1957.

In addition to acid-base reactions, other geochemical processes, such as

dissolution-precipitation reactions, oxidation-reduction reactions, adsorption-

desorption reactions and cotsplexation can also influence the migration of Che
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Figure 8.6 pH variation in groundwater at site L with time.
The pH vs time curve was plotted based on the
calculations from the modified one-dimensional
retardation equation as given in the insert. The
total carbonates in the field sand was estimated
at 0.016% as CaCO3. ..
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radionuclide species in the contamination zone. To assess the importance of all

of these processes simultaneously, the chemical and radiochemical data on

groundwater from sites L, GR4, GR6, M3, M5, M7, M8 and M9 along the L-M10 flow

line and from sites M16, M17 and M18 along the M16-M19 flowline have been

evaluated using the ion speciation and geochemical equilibrium program,

PHREEQE. PHREEQE calculates the concentrations of each of the major, minor,

trace and radionuclide ions, ion pairs and complexes in the groundwater

samples. The complexes and ion pairs that have been considered are those which

have been expected to form from the predominant anions in the Greyhawk
2— 2—

groundwater, namely: OH , S0u , HCO3~ and CO3 . The radionuclide
ions, ion pairs and complexes that have been considered include 01*"1", 1*

U(OH)2
2 + , U(OH)3

+,

( U 0 2 ) 2 ( 0 H ) 2
2 + , (U02

L'0 2 (C0 3 ) 2
2 - , U02(C0

Th(OH) 4 ° ( a q ) , ThSO,,

Pb 2 + , PbOH+,

IKOH)*0, OSO*2"1"

) 3 (OH) 5
+ , U02SC

3>2 > i h »
2 + , Th(S0lt)2

(J(
Pb(0H) 2° ( a q ) ,

', U(S0 l+)2
fl,

) °r )» UO

Th(OH)5+,

aq)» R a 2 + '
Pb(OH),-

UO2
+, UO2

2(soj2
2- ,

Th(0H) 2
2 + ,

RaOH+,

,Pb(OH) ; t
2~,

2+, uo2o» f ,
U0 2 C0 3 ° ( a q ) ,

Th(OH)2
+,

R a S 0 ^ ( a q ) ,

Pb2OH3+,
q ,2-, PbHCO3

+, pbCO 3° ( a q ) and

"• (The equilibrium constants for the formation of these complexes

and ion pairs are given in Veska (1983). The above list includes the major

redox species of uranium in groundwater in the (IV), (V) and (VI) oxidation

states. PHREEQE also calculates the degree of disequilibrium that exists

between the ionic species in groundwater and various radiogenic and

non-radiogenic compounds and minerals. The list of the radiogenic compounds and

minerals in the computer program includes uraninite (U02)(s), U03(s),

U02(0H)2(s), U3O8(s), ^09(3), coffinite (USiO^(s)), uranophane

(Ca(UO2)2(SiO3OH)2(s), thorianite (ThO2(s)>' RaSO*(s)» RaCO3(s),

Ra(0H)2(g), Pb(0H)2(3), PbSOtt(s), Pb3<OH)2(C03)2(s) and

PbCC>3{s). (The dissolution reactions for each of these radiogenic compounds

and minerals and respective equilibrium constants are given in Veska (1983)).

The calculated concentrations of the U(VI), U(IV), Th(IV), Ra(II) and
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Pb(II) species in groundwater along the L-M10 flow line are graphically shown in

Figure 8.7 as percentage distribution diagrams. Similar distributions of Th(IV),

Ra(II) and Pb(II) species in groundwater downflow from site GR6 have been made

based on their lower limits of detection. Thermodynamically, the percentage of

the U(VI) species was found to be more predominant in groundwater than either of

the U(IV) or U(V) species. The speciation of radionuclides in groundwater in

the vicinity of the waste rock, as shown in Figure 8.7, has indicated

significant complexation of U(VI), U(IV), Th(IV) and Pb(II) species with

sulphate ions to form UC^SO^0, I K S O ^ 0 , TbXSO^j0 and PbSO^0. The ion pair,

RaSO,," is also significant in groundwater in the vicinity of the waste rock.

Downflow from site L along the L-M10 flowline, the predominant radionuclide

species are U02(C03)2
2~, U(OH)5", ThCOH),,0, Ra 2 + and PbCO3°. The

formation of the negatively-charged U(VI) and U(IV) species suggests that the

migration of uranium in the sand aquifer is not largely limited to the

adsorption properties of the sand.

The speciation of U(VI) and U(IV) in groundwater along the M16-M19 flow

line is now discussed. The percentage distribution of the U(VI) species iron

sites Ml6 to Ml8 changed from 55% to 75% as the U02(C03)2
2~ complex, from 43%

to 15% as the UOzCCOj^1*" complex and froa 2% to 10% as the U02C03° complex.

As for the U(IV) species, U(0H>5~ was dominant along the M16-M19 flow line.

The results of the saturation indices from the computer output for

groundwater samples along the L-M10 flowline are shown in Figure 8.8. (Because

the concentrations of Pb and ^la are found to be below detection at sites

M7, M8 and M9, saturation indices of the Pb and ^°Ra compounds at these sites

have been calculated based on the lower limits of detection). The low pH

groundwater at site L in Figure 8.8 is undersaturated with respect to gypsum,

calcite, dolomite, gibbsite, Fe(0H)3(am), siderite, Th02(s)»
 P b C 03(s)'

PbSC>4(s), RaC03(s), RaSO^g), USiO^g), U02(s) atld other radiogenic

minerals and compounds. As the groundwater pH increases downflow from site L

towards site M10, gibbsite, Fe(0H>3(am), and ThO2(s) tend to be super-

saturated.



224

M3GR8GR4L
100

80

MOLE PERCENT
UC2) SPECIES

€0

40

20

0

80

6 0 MOLE PERCENT
am SPECIES

20

0

80

6 0 MOLE PERCENT
4 0 ThffiZ) SPECIES

20

0

80

' s o MOLE PERCENT
. 4Q RaCID SPECIES

20

0

80

6 0 MOLE PERCENT
40 PbCn SPECIES

90 80 70 60 50 40 30 20 IC 0
DISTANCE ALONG FLOW LINE FROM SITE L,m

20

0

Figure 8.7 Mole percent distribution of dissolved U(VI), C(IV), Th(IV), Ra(II)
and Pb(II) species along che proposed SW flow line, L-M10.
Symbols: •Computations from analytical data; • Computations from
the lower limit of detection.
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Figure 8.8 Saturation indices of minerals along the NW flow line from sites
L to M10 (•-•computed from analytical data;«—• computed from the
lower limit of detection).
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TABLE 8.2

SATURATION INDICES OF SOME MINERALS IS GROUNDWATER SAMPLES ALONG THE ME
FLOW LINE, Ml6-Ml9

SATURATION INDICES
MINERAL SAMPLE Ml6-3.06 SAMPLE U-11.8

Gypsum

Calcite

Dolomite

Siderlce

Fe(0H)3(AM)

RaSO^g)

RaC03(s)

PbCO3(s)

PbSO^g)

U°2(S)
U S i O , . / . \

- 1 . 1

+0.3

-1.1

-3.8

+3.05

-6.4

-3.8

-0.9

-3.7

-14.6

-13.5

-1.48

-0.72

-1.94

-3.28

-2.09
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Similarity, all minerals and compounds with the exception of calcite and

Fe(0H)3(am) are undersaturated along the M16-M19 flow line, as shown in Table

8.2. Calcite saturation exists only in groundwater below the waste rock at site

M16 and not at other sampling points located along the M16-M19 flow line.

Calcite saturation below the water table at site M16 can possibly explain the

low activities of 226Ra and 210Pb in groundwater at that site. That is, if

calcite precipitation does occur in the NE groundwater below the waste rock,
?+ 2+

then it is reasonable to suggest that . Ra , Pb and other divalent cations

can coprecipitate with calcite.

The supersaturation of Fe(0H)3(am) and gibbsite downflow from the waste

rock in both flow regimes indicates a possibility for the adsorption of

radionuclides. Radionuclides and trace constituents are generally scavenged on

the surfaces of iron and aluminum oxides (Feldman, 1975; Stumm and Morgan,

1970). Physical adsorption of radiocations on iron and aluminum oxides

generally increase with increase in pH (Ames and Rai, 1978; Tokarev and

Scherbakov, 1956). This generalization can explain the decreasing activities of

radionuclides that are found in groundwater along the L-M10 flow line, along

which, the groundwater pH increases from 3.7 to 7.0. In addition, the presence

of molecular species of radionuclides in groundwater along the L-M10 and M16-M19

flow lines, such as ThCOH)^0, RaSC^0 and PbSO^0, can be weakly retained on

colloidal-sized materials (Feldman, 1975) by physical adsorption. This process

can either increase or decrease the mobility of radionuclides, depending on the

size of the colloids. Adsorption of 226fta o n tjje s u rf a c e s of colloids

(Yagoda, 1946; Schubert and Conn, 1949) is suggested to be strong because of its

carrier-free state in the Greyhawk groundwater.

Cation exchange can also retain radiocations on sand particles. In this

process, the adsorption of one cation and the desorption of the same number of

equivalents of another occur according to a mass-action approach. For example,

an uranyl ion can exchange with two potassium ions and the exchange of these two

ions can lead to the temporary uptake of the uranyl ions. However, it is

expected that cation exchange reactions are more important for the migration of

the radium, thorium and lead species in the sand aquifer because of the absence

of negatively-charged complexes for these species in Figure 8.7.
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A natural process that can cause variations in the activities of

radionuclides in the Greyhawk groundwater with time is radioactive decay. The

half-lives of 238U, 234U, 232Th and 230Th are greater Chan 104 years

and thus any changes in the activities of these radionuclides in the young

groundwater at the site cannot be due to radioactive decay. As for 226Ra, the

decay of the 226Ra atoms (half life » 1600 years) that are leached from the

waste rock to the underlying groundwater for a period of 25 years, decreases the

226&a activity in groundwater by only one percent. However, the decay of Che

released 22^Ra atoms in groundwater for 25 years can produce daughter products

such as 2^Pb. For a closed system, such as groundwater that is well below

the water cable, the amount of 21<^Pb activity in groundwater that can be

produced from the decay of the released 226Ra atoms for a 25 year ingrowth

period is equivalent to 55 Z of the 22^Ra activity in groundwater.

Radioactive decay is an important process of the attenuation of the Pb

contamination in groundwater. For example, the 2i0Pb (half life - 22 years)

atoms in groundwater that have been leached from the waste rock 25 years ago,

have decayed to 55Z of its original activity.

Lastly, biochemical processes can also affect the relative amounts of

radionuclides in groundwater in the contaminant zone. From the pyrite leaching

experiments described in Chapter 6, it was found that the presence of Che

bacterium, Thiobacillus ferrooxidans, increased the rate of pyrite oxidation.

A possible presence of this bacterium in the field, especially in the waste rock

pile centered at site L, could explain for the corresponding high activities of

radionuclides and low pH in groundwater at that site. Another biochemical

process is microbial cell synthesis. For example, N, C, S, P and trace elements

are required for the growth of organisms. It may be possible that some of the

radionuclides can be incorporated in the structure of such organisms and thus

can be retarded.

3.3 Geochemical Models on Radionuclide Migration

Geochemical models, based on Che findings in sections 8.1 and 3.2, are

proposed to explain in a qualitative manner, the origin and transport of the

waste-rock-derived radionuclides in each of the two major flow regimes. First,

a geochemical model is proposed to explain for the migration of the waste-rock-
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derived radionuclides in groundwater along the NW flow line, L-M10. The

activity distributions of radionuclides in groundwater along this flow line in

Figure 8.2 represent the combined effects of pegmatitic and gabbroic waste rock

leaching and subsurface migration since 1957. A schematic diagram of the

geochemical model for the NW flowline in Figure 8.9, categorizes the sequence of

events responsible for the observed activity distributions of radionuclides in

groundwater, as: (1) the infiltration of the waste rock by rainwater and snow;

(2) the weathering of pyrite, carbonates, silicates, uraninite and uranothorite

in the waste rock mass; and (3) the migration of the waste-rock-derived

contaminants in the sand aquifer. In the second stage of events in Figure 8.9,

the production of hydrogen and sulphate ions from pyrite oxidation increases the

solubility of UC>2(S)
 an<* (U,Th)SiC>4(sy This has resulted in the release of

high activities of radionuclides in a low pH leachate. The acidic, radioactive

leachate enters the sand aquifer below the waste rock in the form of ions, ion

pairs and complexes, such as U02S0H°, U02
2+, U(OH)3

+, U(S0H)2°, Th(S0H)2°,

Ra2+, RaS04°, Pb
2+ and PbSO^0. The subsurface migration of these species in

the sand aquifer is largely affected by geochemical processes. Hydrodynamic

dispersion decreases the activity levels of all of the radionuclide species,

downflow from the waste rock. The transport of uranium in groundwater is

primarily promoted by complexation, as the UO2SO^° and IKSO^j complexes in the

low pH groundwater below the waste rock and as the anionic UO2(CO3>22~ and

U(OH>5~ complexes in the neutral pH groundwater downflow from the waste rock.

The retardation mechanisms for uranium include adsorption on iron and aluminum

oxides and cation exchange. The transport of the thorium, radium and lead

species in the low pH sulphate groundwater below the waste rock is by the

formation of complexes and ion pairs, which include Th(S04)2 , RaSOH° and

PbS0H°. As the hydrogen ion and sulphate ion concentrations in groundwater

decrease downflow from the waste rock, these complexes and ion pairs become

unstable. Downflow from the waste rock, the Ra2+ , Pb^+ and PbHCO3+

species tend to form and are vulnerable to adsorption on the surfaces of the
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Figure 8.9 Scheaatic cross sectional diagram illustrating the sequence
of geochesaical events on the production and migration of
waste-rock-derived leachate in the sand aquifer. The
sequence of events are summarized below:

(1) RAIN AND SNOWMELT - Rainwater, a dilute mixed electro-
lyte, low in total dissolved solids, is in equilibrium
with the CO2 of the earth's atmosphere at a value of •
10~3'5 ata and has a pH of 4.5-5.7 in non-urban inland
areas.

(2) WEATHERING OF THE PEGMATITE AND GABROIC WASTE ROCK

The weathering process of waste rock occurs above the
water table under oxidizing conditions and high C0j
partial pressures ranging from 10~- to 10"1 atm. The
carbonic acid produced from the reaction of CO; and
rainwater aids in the dissolution of carbonate and
silicate minerals within the waste rock. Oxygen and
oxidizing agents within the waste rock mass aid in
the oxidation of such minerals as pyrite (Fe52) within
the gabbro and uraninite (UO?) within the pegmatite.
The resulting leachate produces a supply of dissolved
radioactive and non-radioactive ions to the water table
below.

(3) MIGRATION OF CONTAMINANTS IN CROUNDWATER IN THE SAND AQUIFER

The transport of the radionuclides and the chemical
constituents within the waste-rock-derived leachate
by flowing groundwater is affected by physical and
geochemical processes.
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iron and aluminum oxides and to cation exchange reactions with other ions in the

aquifer. Thorium ions, on the other hand, strongly hydrolyze to Th(OH)a° and

precipitate as the insoluble, ThO2(s), downflow from the waste rock.

Although complexation explains for the enhanced migration of uranium

species in the sand aquifer, it does not explain why higher activities of the
238U species are found in groundwater at site M4 (i.e. 121 pCi/1) and at

neighbouring sites in the middle of the L-M10 flowline rather than at site L

(ie. 39 pCi/1) below the waste rock pile. Following are three possible

explanations for this observation. The first explanation pertains to the

variable dissolution rate of uraninite within the waste rock pile with time.

During the initial period of the 25 year weathering history, there may have been

an increase in the oxidation and dissolution of uraninite which may have

produced leachate with 121 pCi/1 of 238U. After this initial period, the

238y activities released to the groundwater zone were less than 121 pCi/1.

The second possible explanation of the high 238U activity at site M4 is

concerned with the infiltration of water having HjSO^ through the waste rock

pile and into the underlying bedrock fractures and fissures. Along this course

of travel, the acidic groundwater can dissolve the U02(s) and (U,Th)SiO^(sj

minerals, and thus,increased activities of 238U, 234U, 226Ra, 210Pb,
230Th and 232Th can be present in solution. In addition, the acidic

groundwater may react with the carbonate and silicate minerals, to form a

neutral-pH bicarbonate watsr and mobile U02C03°, UO2(C03)2
2~ and U(OH)5~

complexes. The contaminated groundwater may then migrate towards the

bedrock/sand interface at site M4 and emanate in the sand aquifer via bedrock

springs.

The last possible explanation of the high 238u activity at site M4 is

based on the dissolution of an exposed uranium ore vein at the bedrock surface

at high partial pressures of CO2 over geological time. The ore vein may have

been exposed at the bedrock/sand interface in the area between sites M3 and M5.

In such a case, the lateral extent of the 238U plume that would have
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foraed over geological tine is expected to be much further than that which is

observed in 1982.

Of the three possible explanations, the first appears to be the most likely

to explain for the higher 238U activities at site MA.

The geochemical model for the migration of waste-rock-derived radionuclides

in groundvater along the M16-M19 flowline during the last 25 years differs from

that proposed along the L-M10 flow line. The distribution of radionuclides in

groundwater along M16-M19 in Figure 8.3 represents the combined effects of

pegmatite waste rock .leaching and subsurface migration since 1957. Of

particular note in Figure 8.3, are the high 238U activities in the neutral pH

groundwater below the waste rock. Based on the rock leaching experiments in

Chapter 6, these high 23(*U activities can only have been derived from the

dissolution of pegmatitic waste rock at low pH.

The geochemical model proposed for the migration of the radionuclide

species along the M16-M19 flow line is described as follows. Pyrite-containing

gabbro in snail pockets within the pegnatitic waste rock pile have been oxidized

to produce hydrogen and sulphate ions. The acidic leachate contacts the

U02(3) and (U,Th)SiO1+(s) minerals within the pegmatite and subsequently

produces high activities of the UO2SOl+°, UO2
2+, U(SO4)2

5t U(0H)3
+,

Th(SO4)2
0» RaSO^0, Ra2+, PbSO^0 and Pb2+ species. Because of the lower

proportion of gabbro to that of pegmatite in the predominantly pegmatite waste

rock pile, the acidic leachate has been neutralized through the dissolution of

the silicate and carbonate minerals. The resulting neutral pH, bicarbonate

leachate, containing U02C03°, UO2(CO3)2
2-, U(OH)S~, TMOH)* 0, Ra 2\ Pb2+

and PbHCC>3+, has migrated downwards through the waste rock pile toward the

water table. The thorium, radium and lead species are immobilized by the sand

and waste rock properties. The uranium species, on the other hand, are stable as

the anionic carbonate coaplexes and migrates in the bicarbonate groundwater

downflow from waste rock. The above model is considered to be reasonable

because of the coexistence of high 238U activities and high sulphate and
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bicarbonate concentrations in groundwater below the waste rock along the Ml6-4-119

flowline.

8.4 Application of Transport Models

Two major groundwater flow paths have been identified in Chapter 4. Along

the NE flow path, the groundwater chemistry is predominantly a calcium-

bicarbonate water that is relatively pH constant and the groundwater velocity is

constant within the zone of contamination from the waste rock. The K4 values

for radionuclides are not expected to significantly change along this flow path

and thus, the advection-retardation model is applied. Along the NW flow regime,

the groundwater chemistry evolves from a pH 3.4-3.7 calcium-magnesium-sulphate

water beneath the waste rock to a calcium-bicarbonate water at a pH 7.0 downflow

from the waste rock and the groundwater velocity significantly decreases

downgradient from the waste rock. In this situation the K<j for a radionuclide

is not considered to be constant along the flow path in the sand aquifer. A

cell model, that can account for the variation in Kjj for the radionuclides

along the latter flow path, is followed for the simulation of the migration

patterns for the radionuclides.

For the application of the K<j concept in either of the two transport

models, the radioactive species must have undergone relatively fast mass

transfer processes in the porous medium and must be described by linear

adsorption isotherms at all solution-phase activities found at the field site.

Generally, most fast, mass transfer processes are explained by

adsorption-desorption reactions. From the previous section on transport

processes in this chapter, the retardation of the U(VI), U(IV), Ra(II) and

Pb(II) species in the sand aquifer was shown to be solely affected by

adsorption-desorption reactions. The retardation of Th(IV), on the other hand,

was considered to be affected by both, precipitation-dissolution reactions and

adsorption-desorption reactions. However, because all of the adsorption

isotherms from the batch K^ experiments for 232Th(IV), 238U(VI),
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226Ra(II) and 21OPb(II) have been found to be linear within the activity

ranges for these radionuclides in the Greyhawk groundwater, Chen the Kj

concept is applicable in both of the transport models for all of the mentioned

radioactive species.

The 1982 frontal positions of the waste-rock-derived radionuclides in the

sand aquifer are first calculated by the advection-retardation model. Although

this model is only theoretically applicable for the evaluation of the trends

along the NE flow regime, this model is also used to evaluate the trends along

the NW flow regime as a first approximation. The equation for the

one-diaensional advection-retardation model (equation 2.11) is,

vR 1 + o • K
TT d

where the parameters are those previously defined. Although groundwater flow is

three dimensional in nature, in this model it is assumed that it is only

one-dimensional. The other assumptions in the application of the

advection-retardation model are that: (1) the effects due to dispersion are

negligable and therefore plug flow advance of the radionuclide species is

represented, (2) the groundwater chemistry along the flow path is spatially and

temporally non-variable and (3) the Kj concept is applicable.

By rearranging equation 2.11, the frontal positions (dR) of each

radionuclide in the sand aquifer after 25 years are:

Vfl'25
d - — , (meters) (8.11)
& 1 + o • K

n" d

Although the porosity, n» for the sand at Greyhawk is between 0.33 to 0.40, a

representative porosity at 0.36 was used. The bulk mass density, p, was

calculated to be 1.75 g/cap from the values of porosity at 0.36 and the

particle mass density of the sand at 2.72 g/cnP (Clarke, 1982). The values
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for groundwater velocity, Vo, and Kd used in the model are those presented in

Chapters 4 and 7, respectively.

The advection-retardation model is first used to calculate the present day

frontal positions of the waste-rock-derived radionuclides along the NE flow

line, M16-M19. The waste rock at site M16 is considered to be the source of

radionudide species to the underlying groundwater in the NE flow line. The

selection of site M16 as the source area is supported by the patterns in the

spatial activity distribution of 2 " u ^n groundwater shown in Figure 5.22.

For the most part along the M16-M19 flow line, the groundwater velocity is 10

m/yr and the groundwater pH is between 6.0 and 7.0. A single velocity value is

used because the transport distance of the radioactive contaminants from the

waste rock under consideration is short and within the 10 m/yr velocity zone

shown in Figure A. 12. The selected Kd values from experimental data in

Chapter 7 for U(VI), U(IV), Ra(II), Pb(II) and Th(IV) at pH's 6.0 and 7.0, are

given in Table 8.3. Application of these batch K,j values and the 10 n/yr

groundwater velocity in equations 2.11 and 8.11 yield calculated values of

radionuclide velocities and distances of the 25 year frontal positions of the

radioactive contaminants, respectively at pH 6.0 and also at pH 7.0. These

calculated results are given in Table 8.3.

The results in Table 8.3 indicate that the calculated frontal positions for
210Pb(II) and 23OTh(IV) are similar to the respective, observed frontal

positions. The only similarity for 226Ra(Il) between the calculated 25 year

frontal positions and the observed frontal positions is found when the K^

value at pH 6.0 is used in the calculations. The comparison between the

observed and calculated frontal positions for radium and uranium become more

significant in Table 8.3 when a groundwater velocity at 42 m/yr is used in the

calculations. The velocity at 42 m/yr has been measured in the field by the

borehole dilution technique at a position adjacent to site Ml 6. As discussed in

Chapter 4, the accuracy of this velocity is questionable. The absence of an

injection of a true point source of radionuclides to the groundwater zone along

the M16-M19 flow line, indicates that the comparisons in Table 8.3 have to be

viewed in a semi-quantitative manner.



TAUI.K I t . )

COMPARISONS DËTUËËN THE CALCULATE» AMU OUSEKVKI) FKONTAI. I'OSITIONS AI.ONC THE H I 6 - H I 9 FLOW LINK

Sl'KClKS Kd (* l-l l / .O GKOIINIMATKR RAIUOHIH:i.Il)li
.mt /U VELOCITY, Vo VELOCITY, V

, - / y r (f*Vu- 10 • /
,m/yt

CM.CUI.ATKI) 25 YEAR EHOHTAI. l'OSlTlOMS OUSKHVEl) IKOMTAI. I'OSITIONS
_ _ AIM'KOXIMATKII FltlMI KITH H I 6

(G Vo - 10 »/yr) (6 Vo - «2 */yr) , •
• • ,»

2ib U (VI)

(IV)

226,Ka(II)

210.
l'li(U)

210.

103

1526

215

10

10

10

10

10

tt.047

0.020

0.001

0.009

0.001

1.2

0.5

0.03

0.23

0.03

5.0

2.1

0.13

0.96

0.13

10

10

1-3

0

0

a t

Si'liCIKS Kd H |.II6.O CHOIINHWAIKK
VEI.OCITÏ, Vo

•»/yr

BAUIOHIICIJfie
VËMICITV V

» 10
,»/yr

CALCIILAIiat 25 VfcAH HXIHTAI. I'HSITIONS «USEHVKII tWJNTAI. I'OSIIJON.S
_ AI'I'KOXIHATIil) FIUKI SITE HI6

(« Vo - 10 o / y r ) ( 6 Vu - 42 » / y r ) , »

2»B
ll(Vl)

210,
U(IV)

226
H<i(l I )

mn,<iv)

IU1

315

118

1219

5/0

10

10

10

10

10

0.012

0.006

0.024

0.002

0.004

0.1

0.I5

0.6

0.04

0.0'J

1.3

0.6

2.5

0.1/

0.3U

10

10

0

0

- 3



237

The 25 year frontal positions of the waste-rock-derived radionuclides in

groundwater along the NW flow line, L-M10, are now calculated. These

calculations can only be considered as first approximations because of the

spatial and temporal variations in groundwater chemistry. Site L is considered

as the point source for the release of radionuclide species from the weathering

of waste rock to the underlying groundwater. The rationale for the selection of

this site is that the low pH groundwater at site L was found to contain the

highest activities of radionuclides in the NW flow regime during the 1979 to

1982 monitoring period. Additional support for this selection is that the
210Pb activity distribution in groundwater (Chapter 5) has shown site I to be

a very local source along cross section A-A'. Along the L-M10 flow line, the

groundwater velocity from sites L to M3 is taken to be constant at 70 m/yr

(refer to Chapter 4). The pH significantly changes from 3.7 at site L to

greater than 5.0 at site M3, over a lateral distance of 20 meters. The batch

Kd values for the U(VI), U(IV), Th(IV), Ra(II) and Pb(II) species at pH 3.5

(Chapter 7) are assumed to be applicable over the 25 year period within the

initial 20 meter flowpath from site L.

Application of the above parameters in equations 2.11 and 8.11 provided

calculated values of radionuclide velocities and 25 year frontal positions,

respectively. The calculated results are given in Table 8.A. Within the 20

meter section of the flow path from sites L to M3, it can be seen that the

calculated and the observed migration patterns for 226Ra, 210Pb and 230Th

show an excellent agreement. Suprisingly, similarities beyond the 20 meter

limit are found between the calculated 25 year frontal positions and the

observed frontal positions for 238U(VI) ana 238U(IV). That is, the

calculated frontal positions for both 238U(VI) and for 238U(IV) are similar

to that of the initial, observed 238U frontal position, where the 238U

activities decline sharply from 121 pCi/1 to 26 pCi/1.

Next, the cell model is applied as the second transport model to evaluate

the migration trends of the radioactive contaminants along the L-M10 flow line.
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Basically, the cell model includes mass transport processes as well as chemical

mass transfer processes in the simulation of the mobilities of radionuclide

species along the L-M10 flow line. The cell model accounts for the changes in

the Kj values of radionuclide species in the sand aquifer with respect to the

evolution of the groundwater chemistry from 1957 to 1982. The changes in the

groundwater velocities downflow from site L in the sand aquifer are also

incorporated in this model.

The cell model operates on a simplistic, conceptualized viewpoint of solute

transport. The L-M10 flow line is arbitrarily divided into 13 cells, situated

primarily between the multilevel piezometer sites shown in Figure 8.10. The

cells are arranged in a series, paralleling the groundwater flow direction. The

boundaries of each cell paralleling the flow path are impermeable, whereas

permeable boundaries exist perpendicular to the flow path.

Prior to the simulations of the mobilities of the reactive, radionuclide

species In each cell with time, information was first needed on the mobility of

a non-reactive species in each of the cells along the L-M10 flowline for the

past 25 years. Assuming site L as the point source for the release of the

waste-rock-derived radionuclides to the groundwater zone, the travel times for a

non-reactive constituent that recharged the sand aquifer at site L since 1957

have been determined and are presented in Figure 8.10. It is noticed that, after

25 years of migration of a non-reactive species in groundwater downgradient from

the waste rock piles, the calculated extent of travel for that species is 101.3

meters from site L or at the end of the twelfth cell. This distance is in

accordance with the apparent maximum extent of sulphate contamination from the

waste rock in the sand aquifer. Sulphate is considered to be a non-reactive

species. Therefore, the end of the 12th cell in Figure 8.10 represents the

maximum extent of contamination of the weathered products from the waste rock in

the sand aquifer up to 1982. The end of the 13th cell in Figure 8.10 represents

an estimation of the maximum extent of waste-rock-derived contamination in the

sand aquifer up to 1988.
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In the incorporacion of the effects due to mass transport and chemical mass

transfer processes in the simulations for Che mobilities of radionuclides, a two

step transport-react approach is used in the cell model. For example, a known

activity of radioactive solute enters the first cell during the first

iteration. At the end of the first iteration at 0.07 years, (i.e. the first

time step in Figure 8.10), the radioactive solute reacts with the solid phase

and a new activity for the equilibrated solute remaining in solution in the

first cell is calculated by the equation,

Total solute activity within
that cell

Solute activity remaining in » (8.12)
solution within a cell 1 + p_ , K

n d

The above equation is based on the conservation of mass for a solute in the sand

aquifer. At the start of the second iteration, the remaining solute activity in

solution from the first cell enters into the second cell and at the same time, a

new input of solute activity enters into the first cell. At the end of the

second iteration at 0.17 years, the solute in both cells reacts with the solid

phase and new activites are determined using equation 8.12 for each cell. This

procedure is repeated for the remaining time steps as shown in Figure 8.10, for

a total of 13.

The mass-balance equations involved in the first three time steps are given

in Figure 8.11. In these equations, the initial and the equilibrated activites

of the solute entering each cell at each time step are multiplied by

coefficients. These coefficients are time factors. The time factors are

relative to the residence times in the cells and are proportional to one another

for each time step. Time factors are calculated by the equation,



Q,/ CELL

FIRST TIME STEP

C2,l" C l , l / R l , | . w h e r e = Initial solute activity

• Equilibrated solute activity at t, • 0 .07 yr

SECOND TIME STEP
2.4C,

THIRD TIME STEP

4.0C,1.3 CELL CELL
2

CELL
3

2,2

C3,l * C2,l /R2,l

c2? -

I O
• 1 - -

C4,l * C3,l / R3, I

8.11 Mass hiiliiiu-e eqiuil jun.s. The equi l ibrated act i v i e s of a radioact ive so lu te
in each co l l ;it each Limo step ;ire ca lcu lated from Ihese equutions •
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Time step of cell y(yr) - Minimal travel time from site L
to cell x, y (yr)

Time Factor - (8.13)
Residence time in cell x,y (yr)

where x * 1-13, inclusively, and y is greater than and equal to x.

The product of the time factor and the activity of the solute represents the

accumulated activity of that solute entering the cell as a function of time.

The initial solute activities entering the first cell with each iteration in

Figure 8.11 are not the same. A discussion on the selection of the appropriate

parameters of the initial solute activities and K,j values for these mass

balance equations is given later in this section.

For the cell model, the initial condition is,

C(x,0) - 0 ; x > 0

and the boundary conditions are,

C(0,t) - Co(t) ; t > 0

C(L,t) - 0 ; t > 0

,where

Co * solute activity of leachate entering the groundwater zone below the

waste rock at site L

C « solute activity in groundwater within a cell

x • 0 - Influent end of the L-M10 flowline

x - L • Effluent end of the L-M10 flowline
, where h » length of flowline

t - time
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Because dispersion has been considered earlier in this chapter to be

negligible along the initial part of the L-M10 flowline, one-diiaensional

plugflow transport of the radioactive solutes has been only considered in the

cell model. Another rationale for neglecting dispersion is because of the

relatively high batch K<£ values for the radionuclides of interest. An earlier

testing of the cell model by Reynolds (1973) has indicated that dispersion does

not effect the migration of a reactive solute species that has a high K4

(i.e. greater than 50 ml/g).

The computer program, as outlined in Veska (1983), has been used for

simplifying the calculations of the equilibrated solute activites in each of the

cells for each time step. The program includes all of the stated assumptions

and conditions for the cell model. The equation that is used to calculate the

equilibrated solute activities, C(i,jl), for each cell in the computer program

is as follows:

C(i,jl) - A(i-l,jl).C(i-l,jl) + I (A(i-l,K)^C(i-l,K)-C(i,K))/R(i-l,jl) (8.14)
K-l

,where i • (cell number - 1)

j • iteration number

M » total number of iterations

jl - i + 1 - i

J2 - jl - i

K - 1, J2

A - time factor

C • activity

R « retardation factor (i.e. R • 1 + £_ • K^)

n

The initial solute activities that enter the first cell at each of the

thirteen time steps, are different and increase with tiae. These values are

derived from the leaching experiments in Chapter 6 and the procedure in
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selecting these values is described below. From the groundwater pH at site L

versus tine plot in Figure 8.6, 12 pH values corresponding Co the times of the

first 12 time steps in the cell model are obtained. The pU value for the

thirteenth tine step or at 31 years, is assumed to be the same as that for the

twelfth time step (i.e. at 25 years). The initial activities of 238U,
226Ra, 210Pb and 230Th that enter the first cell are derived from

interpolations in Figure 8.12 using the 13 pH-derived values from Figure 8.6.

Figure 8.12 gives activity versus pH curves for 238U, 234U, 226Ra, 210Pb

and 23"Th in leachates from the pegmatite-gabbroic leaching, experiments. The

activity versus pH plots in Figure 8.12 include the results using both the

batch and column leach techniques. The activities of radionuclides in the

column leachates are used in the cell model because the values correspond more

closely to those found in groundwater samples from the field site. The results

of the pegmatite-gabbro leaching experiments are utilized because the waste rock

pile at site L consists of a mixture of pegmatite and gabbro.

The procedure in the derivation of the input values of A and R for equation

8.14 is now described. Values of A for each cell at each time step are

calculated from equation 8.13. For the calculation of the R values, another

empirical technique using interpolations is used. A pH versus distance plot of

the 1982 acid front along the L-M10 flow line is given in Figure 8.13. This

present-day pH profile in groundwater represents the effects of acidic leachate

migration from waste rock in the sand aquifer for the past 25 years. In the

attempt to estimate the progression of the acid front downflow from site L since

1957, the time steps, corresponding to the 12 pH - derived values of groundwater

at site L from Figure 8.6, are plotted on the y-axis in Figure 8.13. A family

of lines is then drawn paralleling the 1982 pH profile in Figure 8.13 for all of

the given time steps. The pH profile for the 13th time step is drawn in Figure

8.13 to represent an approximation of the 1988 acid front. From the middle of

each cell in Figure 8.13, pH values are interpolated from the acid front curves

at each time step. From these pH values, corresponding Kj values for Ra(II),
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Th(IV), Pb(II), U(VI) and U(IV) are interpolated from the respective Kd versus

pH plots in Figures 8.14 and 8.15. These interpolated Kd values for each cell

at each time step led to the calculation of the R values.

The results of the simulated activities of the 226Ra, 210Pb and 230Th

species along the L-M10 flow line are displayed as activity versus distance

profiles in Figures 8.16, 8.17 and 8.18, respectively. Simulations for the

activities of 22^R.a and 21^pb have been made for a 25 year period. The

23<>rn activity has been simulated for a 22 year period because 230Th has

only been analyzed in the 1979 groundwater samples. The longitudinal profiles

of the simulated activities for 226Ra, 210Pb and 230Th in groundwater

along the zone of contamination in these figures are compared with those of the

respective analytical activities in 1982 and 1979. Analytical activities, as

referred to from hereon, represent the measured activities of radionuclide

species in groundwater. For each of the three comparisons in Figures 8.16, 8.17

and 8.13, good agreement is observed.

The longitudinal profiles of the simulated activities of 230Th, 210Pb

and 226Ra in groundwater along the L-M10 flow line at 25 years and 31 years

are displayed in Figure 8.19. The simulated activities in these cells at 25

years and 31 years along the L-M10 flow line represent the respective 1982 and

1988 spread of 23OTh, 2i0Pb and 226Ra contamination from the waste rock in

the sand aquifer. Observation of Figure 8.19 shows that the continued spread of
230Th, 210Pb and 226Ra contamination in the sand aquifer from 1982 to 1S88

will not be appreciable and that these contaminants pose no immediate danger to

nearby residents.

The results of the simulated 238U activities in groundwater in each of

the 13 cells at 25 years arc plotted as an activity versus distance profile in

Figure 8.20. Because the proportions of the tetra- and hexavalent states of

uranium are unknown in the Grcyhawk groundwater, longitudinal profiles for the

simulated activities of 238U(VI) and 2 3%(IV), assuming 100* abundance of

each redox species, are both displayed in Figure 8.20. The U(VI) species is

shown to be more abundant than its counterpart downflow from site L. The longi-
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tudinal profiles of the similated activities of the 238U(VI) and 238U(IV)

species are compared in Figure 8.20 with that of the analytical 238U

activities in groundwater in 1982 along the L-M10 flow line. The comparisons

between the analytical and simulated activities show chat there is good

agreement from sites L to M3, or approximately 20 meters downflow from site L.

Further downflow, the agreement is poor.

To improve on the agreement between the simulated and analytical activities

of 238U in groundwater downflow from site M3, the Kd values of 238U in the

field are assumed to be a factor of ten less than that of the batch Kd

values. The rationale for Ehe order of magnitude decrease in K,j values is

based on the previously-described difference between the calculated and observed

frontal positions for 238U in groundwater downflow from site M16 in Table

8.3. Simulations of the 238U(VI) and 238U(IV) activities at 25 years, using

respective K<i values that are reduced by a factor of ten, have produced the

longitudinal profiles in Figure 8.21. This decrease in che K<j values by an

order of magnitude has extended the simulated 238U(VI) contamination along the

L-M10 flow line toward site M7, or approximately 55 neters downflow from site

L. This re-calculated distance agrees with the initial frontal position of the

analytical 238U activites in groundwater shown in Figure 8.21.

The cell model has also been used to assess the explanation made earlier in

section 8.3 on the presence of higher 238U activities in groundwater at site

M4, as shown in Figure 8.21. This had been done by simulating the activities of

238u(vi) and 238U(IV) species along the L-M10 flowline using the following

assumptions, namely: (1) the 238U activity input at site L is constant at 121

pCi/1 for a 25 year period and (2) the Kd values for U(VI) and U(IV) are an

order of magnitude less than those for the respective batch Kd values. The

simulated values for 238TJ(VI) and 238U(IV) are plotted and are compared with

the analytical 238U values along the L-MIO flowline in Figure 8.22. The

comparison between the simulated and the analytical 238U values shows good

agreement downflow from site M4 and poor agreement between sites M4 and L. It

is reasonable to suggest from Figure 8.22 that the 23^U activity in

groundwater at site L was 121 pCi/1 or even higher from intensive
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uraninite oxidation and dissolution during the initial stages of waste rock

weathering. Furthermore, it can be suggested that this contaminated groundwater

from the initial period of waste rock weathering up to 1982 had migrated to site

M4 and that the newly-formed groundwater below the waste rock had decreased

below 121 pCi/1 as a result of decreases in the rates of uraninite oxidation and

dissolution. The latter can be noted in Figure 8.22 by the decrease in the

observed 23®U activities in groundwater at site L from 1979 to 1982. It is

also possible that this decrease in TI activities in groundwater since 1979

may have been caused by the removal of part of the waste rock pile in 1979 by a

bulldozer* Such uncontrollable events affecting the release of radionuclides

from the waste rock to the sand aquifer for the past 25 years have made accurate

simulations of the 23*Hj migration patterns difficult.

The cell model was tested for its behaviour towards the number of cells

employed in the simulations. For its evaluation, the activities of the mobile,

238u(vi) and 226Ra(II) species in groundwater along the L-M10 flow line are

simulated for a 25 year period by varying the number of cells from 6 to 12 to

17. The distribution of the 6 cells is roughly equally spaced along the L-M10

flowline, whereas the distributions of the 12 and 17 cells are spaced in detail

near the waste rock vicinity, where the changes in the activities of

radionuclide species have been found to be the greatest. All of these

distributions along L-M10 are displayed in Figure 8.23. The longitudinal

profiles of the simulated activities for 238U and 226Ra in the 6, 12 and 17

cells at 25 years are given in Figure 8.23. The differences in the simulated
226Ra activity distributions amongst the 6, 12, and 17 cells are negligable.

The simulated 238U(VI) activity distribution in the 6, 12 and 17 cells, on the

other hand, shows a tendency in the longitudinal profiles to converge to a

particular shape and distribution with increase in the number of cells.

In summary, the simulated frontal positions for the migration of 226Ra,

21Opjj ancj 230JJ, i n t h e s a n d aqUifer> using both the advection-retardation

model and the cell model, are similar to the respective frontal positions that
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are observed in the field. A similar condition for uranium is not found in this

investigation. Agreement between the simulated and observed frontal positions

for 238U Is only found when the batch K<j values for U(VI) have been reduced

by an order of magnitude.

A possible explanation for the agreement and discrepancy between the

simulated and observed fronts for radionuclides is that equilibrium conditions

along the L-M10 f lowline do not exist. If this is true, then . the determined

batch K<j values for the radioauclides, which are representative of equilibrium

conditions, need to be applied in the transport models with caution for the

evaluation of the Greyhawk field problem. The groundwater velocities along the

initial part of the L-M10 flowline (Figure 8.10) are very fast, i.e. averaging

70 m/yr or 0.2 m/day. As a result, some of the radioactive contaminant species

that are released from the waste rock into this dynamic flow system, may not be

equilibrated within the porous medium. This can be the case for the U(V1) and

the U(IV) species, that possess low batch K<j values, ranging from 6 to 194

mi/g and 7 to 384 ml/g, respectively (Figure 8.15). As for the Ra(II), Pb(II)

and Th(IV) species in groundwater, this explanation is not relevant because

these species are characterized by high batch K^ values (Figure 8.14). For

example, the increase in groundwater pH downflow from the acid front zone in the

NW flow regime immobilizes the 226Ra, 230Th and 2i0Pb contaminants because

their batch Kd value are greater than 1000 ml/g. Based upon this explanation

of a dynamic system at the Greyhawk site, the use of the two transport models

for the evaluation of the migration patterns of the waste- rock-derived

radioactive contaminants is only applicable for radium, lead and thorium, and to

uranium in a limited manner. Further work on the determination of 'dynamic'

K,j for uranium at different velocities in a column can be helpful in testing

the applicability of the models.

The simulations made by the transport models do not include the effects due

to several factors at the field site. These include: (1) heterogeneity of the

sand aquifer as noticed in the NW sector (Chapter 4); (2) variable groundwater

flow velocities during each year (Chapter 4); (3) variable weathering rates of
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waste rock (Chapters 5 and 6); and (4) the absence of an ideal polnc source.

Furthermore, the determination of batch Kd by the experimental procedure

followed has its limitations when it is applied as a parameter in the transport

models. For example, the equilibration of a radioisotope between solution and

solid phases using a mechanical shaker, as described in Chapter 7, can result in

the breakdown of the sand particles to smaller grain sizes, which would possess

larger surface areas for increased adsorption of radionuclides. The 20:1 liquid

to solid ratio used in the batch K^ experiments, instead of the 1:5 ratio that

is normally found in sandy aquifers, does not give the Kd values applicable

for evaluating the migration patterns of the waste-rock-derived racionuclides.

Indeed, a decrease by a factor of two in the U(VI) Kd values with decrease in

the liquid to solid ratio fron 20:1 to 5:1 was observed as detailed in Chapter

7.

Of the six radionuclides investigated, only the activities of ^Ra in

groundwater were found to exceed the ICRP drinking water limit. An assessment

of the impact of 226Ra contamination in the sand aquifer became warranted.

The short-tern impact of **"Ra contamination from waste rock in the sand

aquifer has already been assessed by the cell model. The cell model had been

used to predict the spread of 226Ra contamination, as well as the 210Pb and
230Th contamination, in the sand aquifer up to 1988. The results of the 1988

predictions suggest that there are no appreciable changes in the 1982 migration

patterns for these three radlonuclide species.

To assess the long-term impact of 22^Ra contamination in the sand

aquifer, it became necessary to calculate the future extent of the acid front

extending from the waste rock. The reason for this calculation, is that the

migration patterns for ^ U are dependent on the acid front movement in the

sand aquifer (Chapter 5 and 8). The continual progression of the 1982 acid

front from site L for 100 years is calculated using equation 8.10, a modified

fora of the one-dimensional retardation equation. The taaxiunum lateral axtent

of the 2082 acid front from site I. is calculated at 40 meters, i.e. in close

proximity to site MS. Therefore, the maximum extent of ~~Tta contamination in
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the sand aquifer in the year 2082 is approximated at 40 meters downgradient from

the waste rock.

Most probably, the actual extent of 22<>Ra contamination after 100 years

will be less than the calculated value at 40 meters. It was noted earlier that

there was a gradual decrease in the activities of radionuclides and in the

hydrogen ion concentration in groundwater at site L from 1979 to 1982. This is

reflected in part by the neutralization of the released hydrogen ions from

pyrite oxidation by the carbonates in the gabbro, which are more abundant than

that for pyrite, also within the same rock type. Assuming a hypothetical case

where all of the pyrite in the 6088 tons of gabbro mass centered at site L is

completely dissolved over a geological time span, the total amount of hydrogen

ions that would be released into solution from pyrite oxidation is 2.2 x 10s

moles. Furthermore, assuming that this acidic leachate is confined within the

waste rock mass, the total amount carbonates within the gabbro (a.g. calcite

content • 2.33 x 10° moles) would be able to completely neutralize the acidic

leachate.

However, some of the acidic leachate does escape neutralization with the

carbonates in the waste rock and infiltrates to the water table below. Assuming

that a neutral pH leachate would eventually result at site L after the year

2082, the progression of the acid front in the sand aquifer would eventually

stop, yet the 2*°Ra front would become displaced further downflow from its

original position. For example, in the year 2982, the ^<>Ra front in t^s s a nd

aquifer is predicted from the advection-retardation model to become displaced by

only one meter downflow from the 2082 frontal position for 226R 3. Further

predictions using the same model, indicate that the 226Ra front in the sand

aquifer at 250,000 years from 1982, will be displaced at 126 meters downflow

from site L, at a position below the swamp. If the activity of 226Ra in

groundwater is constant at 20 pCi/1 at all of the frontal positions for 22*>Ra

in the sand aquifer up to 2082, then the activities of 22^Ra in groundwater

would decrease to 13.5 pCi/1 and 10"1*5 pCi/1 for the respective fronts of
226Ra at 1000 years from 1982 and *t 250,000 years from 1982. Therefore, the
226Ra contaminated groundwater will never leav? the field site with activities

of 226Ra greater than the Canadian target drinking water limit (2.7 pCi/1),

and thus, it can be concluded that the uranium-mine waste rock dump site at

Greyhawk probably does not require long-term surveillance.
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In conclusion, the findings from this investigation on the subsurface

aigracion of radioactive contaminants from the uranium-bearing waste rock at the

Greyhawk site were found to be representative of a relatively-simple case.

These findings, however, cannot be used to draw similarities at other waste-rock

sices. The reasons being are because of the possible variations in the

geological, hydrological and climatic settings that can exist amongst each

site. For example, contaminated water from the waste source at Greyhawk has

been emanating into the sand aquifer with very low concentrations of major ions

and radionudides for the past two decades. la comparison to other sices,

higher concentrations of these waste-rock-der:.ved species may be released to

groundwater depending on the weathering rates, the uranium ore and sulphide

mineral composition in the rock and other factors. At Greyhawk, the waste-rock-

derived contaminants have been migrating downgradient from the source in the

oxidized zone of the sand aquifer. In comparison to other sites, the

contaminants may have migrated in a reduced zone, in a geological medium other

than sand, in an aquifer with faster or slower groundwater velocities and/or in

an aquifer containing groundwater from different sources. Regardless of these

possible differences that can exist amongst various waste-rock-duap sices, the

methodology used for the Greyhawk problem can be used at other sites for

simulating the subsurface migration of radionuclides from waste rock.
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CHAPTER 9

DISEQUILIBRIA IN THE URANIUM - 238 SERIES IN G?OUNDWATER

The activity ratios of 234U/238U, 226Ra/238U and 210Pb/238U in

the Greyhawk groundwater and in the rock leachates from the lab experiments have

been measured. The purpose was to determine if disequilibrium between 238U

and each of its daughters, 23*U, 226Ra and 210Pb, exists in these

solutions. If disequilibrium of the radionuclides of the uranium -'23 series

occurs in groundwater, then the spatial trends of the activity ratios can serve

to indicate the direction of contaminant migration of the waste-rock-derived

radionuclides in the sand aquifer. Kaufman et al. (1969), Titayeva and Veksler

(1977) and Cowart and Osmond (1974) have found that the distribution of the

234J;/238JJ actiVity ratios in groundwater serves as a useful indicator of the

uranium migration patterns within an aquifer. Isotopic disequilibrium between

234JJ and "°U in the Greyhawk groundwater is of particular interest in this

investigation because the two uranium isotopes in nature are expected to behave

the same chemically.

9.1 Spatial Distributions of 234U/238U, 226Ra/238U and 210Pb/238U in

Groundwater

To determine che state of disequilibrium between 2 3 % , and each of its

daughters, 234U, 226Ra and 2^Pb in the contaminated groundwater zone, the

activity ratios of 234U/238U> 226-ia/238u and 210Pb/238u i n t h e 1 9 8 2

groundwater samples have been determined from the radio-analytical data as given

in Veska (1983). The distribution of the 234u/238u activity ratios in

groundwater is shown along cross sections A-A'-C-C' and B-B1 in Figure 9.1. The

spatial distribution of the 2 3*U/ 2 3% activity ratios indicates values

ranging from 0.80 to approximately 1.00 below the waste rock piles. Downflow
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from the waste rock, the activity ratios of 2 3 U/ % in groundwater

progressively increase with distance, to values as high as 2.05 at site M9,

i.e. approximately 90-100 meters downflow from the waste rock. Between sites M7

to M9 in Figure 9.1, a zone of high 23*U/23®U activity ratios in young

groundwater (i.e. younger than 30 years) is found in the middle of the sand

aquifer, coinciding with the shape of the previously-described plume of

decreasing 238U activities downgradient from the waste rock as shown in Figure

5.31 and with the general direction of groundwater flow. In comparison, the

older groundwater in the deepest parts of the sand aquifer, where the age is

greater than 30 years, is found to have lower activity ratios (Figure 9.1). 'The

comparison of the distributions of the 234U/238U A.R. 's and that of the

238y activities in groundwater confirms the findings from previous

investigators, in that, the distribution of the 234U/238U A.R.'s in

groundwater can serve as a useful indicator of uranium migration patterns within

an aquifer.

The 238U activities decrease with increase in the 23itU/238U activity

ratios in groundwater downgradient from the waste rock. A comparison of the

23Au/238u activity ratios and the total uranium concentrations found in

groundwater in the aquifer system at the site and those values found in

groundwater from other aquifer systems is given in Table 9.1. For all of the

field studies in Table 9.1, it can be seen that a low 234U/238U activity

ratio is accompanied by a high uranium concentration in the area of groundwater

recharge and that the 23^U/238U A.R.'s gradually increase and the uranium

concentrations decrease in groundwater along the flow path away from the

recharge area. The 234U/23*Hj A.R. distribution in the Greyhawk groundwater

is unique because of the intensive sampling network in a local sand aquifer and

the detailed spacing between the multilevel piezometers at approximately 5-15

meters apart over a short lateral distance of approximately 100 meters. In

comparison, the other aquifer systems are regional and the lateral spacings of

the sampling stations in these aquifers are approximately between tens of
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TABLE 9.1

EXAMPLES OF 234U FRACTIONATION IN GROUNDWATER FROM VARIOUS AQUIFERS

234g / 238g A # R # Uranium Concentration
* . tug/A

Location and Description of Recharge Downflow Recharge Downflov
Reference Aquifer Zone from Recharge Zone from Recharge

Zone Zone

Central Texas Trinity Sandstone 0.92+0.10 11.52±i.l3 15.46+0.50 0.046±0.005
(Kronfeld and Aquifer: ~160 km long
Adams, 1974)

Southern Texas Carrizo Sandstone 0.52+0.01 9.02±1.03 1.49+0.03 0.003±0.001
(Cowart and Aquifer: <v 90 km long;
Osaond, 1974) -»400 m deep; sand

contains quartz,
l ign i te , pyrite and
uranium-bearing
zircons

Greyhawk Site , Sand aquifer ' O.98±O.O5 2.05±0.19 117.33±4.35 1.23+0.09
Bancroft, (* 100 a long)
Ontario
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kilometers over long lateral distances of 90 km and 160 km. The number of

groundwater samples analyzed for 234u/238u A # R # i s an(j t o t ai uranium from the

Greyhawk, Central Texas and Southern Texas field sic ;s were 68, 45 and 29,

respectively.

The activity ratios of 226Ra/238U, 210Pb/238U and 23OTh/238U in

groundwater at Greyhawk have not been measured for all of the sample points

along the A-A'-C-C1 and B-B' cross sections. The activities of 226Ra, 210Pb

and 2 3 ^ h in groundwater have been found to be generally low (Chapter 5), with

the exception of the high activities of 22&Ra and 2*0pb in tj,e low pH zone

in the vicinity of site L. From the 238U, 226Ra and 210Pb activities in

groundwater samples located along the L-M10 flow line (Chapter 8), the activity

ratios of 226Ra/238U and 210Pb/238U have been determined and are plotted

in Figure 9.2 as longitudinal profiles. Figure 9.2 also shows the degree of

disequilibrium that exists between 23^U and each of its daughters by the

deviations of the 234U/238U, 226Ra/238U and 210Pb/238U activity

ratios from 1.00. The 226Ra/238U A.R. and the 210Pb/238U A.R. in

groundwater at site L are 0.32 and 0.37, respectively. Downflow from site L to

site GR6, the 226Ra/238U A.R.'s increase to about 1.06 to 1.93 and the
210Pb/238U A.R.'s decrease between 0.07 to 0.29. Further downflow from

site GR6, the activity ratios for both 226Ra/238U. and 210Pb/238U

decrease to about 0.01. The distances of these sites that correspond to the

eventual decrease in the 226Ra/238U and 21oPb/238U activity ratios in

Figure 9.2, are found to agree with the distances of the analytical 22°Ra and
21Opb fronts in the sand aquifer.

The decreases in the activity ratios of 226Ra/238U and 210Pb/238U

downflow from the waste rock in Figure 9.2 result from various geochemical

processes that effect the migration of radium, lead and uranium species in

groundwater (refer to Chapter 8). Downflow from site L, the pH and the

bicarbonate concentrations in groundwater increase and thus, the mobility of the

uranium species, in comparison to that of the 226Ra and 210Pb species,
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increases due to the formation of the uranyl-carbonate complexes, UO2CO3° and

UO2(CO3)2
Z~. The 226Ra and 21<^Pb species in the same bicarbonate

groundwater downflow from site L are present as cations and cationic complexes,

such as Ra2+, Pb2+ and PbHCO3
+, that are vulerable to adsorption by the

sand particles. This is reflected by the higher Kj values at neutral pH for
226Ra and 210Pb than those values for 238U (Chapters 7 and 8). Although

the 226R 3 ancj 21Opj, fractionations from 238U £n groundwater along the

L-M10 flow line have been explained by geochemical processes, the fractionation

of 234y cannot be explained in a similar manner. Explanations for the

observed 234U fractionation in groundwater in the sand aquifer are given later

in this chapter.

9.2 Fractionation of 234U, 226Ra and 210Pb in Leachates from Waste Rock

Leaching Experiments

Activity ratios of 234U/238U, 226Ra/238U and 21OPb/238U in

leachates from the pegmatite and pegmatite-gabbro leaching experiments using the

batch technique (Chapter 6) have been calculated. The activity ratios from these

experiments, as summarized in Table 9.2, represent the leachate compositions

after 40 days of rock/solution equilibration. Table 9.2 compares activity

ratios between: (1) leachates from the leaching of unweathered and weathered

pegmatitic grains; (2) leachates from the leaching of fresh grains and those

that have been used from the previous extractions; (3) leachates from the

leaching of pegmatite with various types of equilibrating solutions (i.e.

deionized water and pH3 HZSOH); and (4) leachates from the leaching of

pegmatite-gabbro mixtures at 50:50 and at 100:0.

Higher activity ratios of 234U/238U, - 226Ra/238U and 210Pb/238U

in the leachates are found in Table 9.2 from the leaching of pegmatite with

water as 1.32, 0.99 and 0.53, respectively than those from the leaching of
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pegmatite with pH3 H2S04, at 0.86, 0.27 and 0.23, respectively. The latter

leachate composition is found to be similar to that of the pH 3.4-3.7 sulphate

groundwater at site L in Figure 9.2.

Leachates from the 're-extracted' grains in Table 9.2 show lower activity

ratios of 234U/238U, 226Ra/238U and 210Pb/238U than those

corresponding values from the leaching of fresh grains. This can be explained

on the basis of the removal of the loosely-held 2 3 4U, 226Ra and 210Pb

atoms from the surfaces of the rock grains in the first extraction. A similar

decreasing trend In the 234U/238U A.R.'s with increase in the fractional

extraction of uranium ore has been observed by Umemoto (1973). Umemoto found

the activity ratios to decrease from 1.357 to values as low as 0.886. The

higher 23*U/23^U A.R. in the first extraction was explained by Umemoto as

due to the easily extractable recoiled 23*U atoms in the crystal lattices.

The activity ratios of 23AU/238U and 226Ra/238U in leachates from

the leaching of unweathered grain surfaces are shown to be higher than those

values in leachates from the leaching of weathered grain surfaces (Table 9.2).

The discussion of the results has been centered so far on the activity

ratio compositions in pegmatite leachates only. The results of the leaching of

the pegmatite-gabbro mixture (50:50) show lower activity ratios of

23AU/238U) 226^/23% a n d 210PJJ/238U i n t h e leachates than those

values that have been attained in the pegmatite leachates for each type of

equilibrating solutions used (Table 9.2).

9.3 Evaluation of the 23*U Fractionation in Groundwater

Several hypothesis have been put forward to explain the observed -3

fractionation in groundwater from its parent, % . These hypotheses are

listed as follows:

1) Physical ejection of recoil 23T?h from the decay of 238U atoms in

uranium minerals that have precipitated within the reduced zone of the

sand aquifer over geological time.
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2) Mixing with older groundwater ac depch Chat contains an excess of
23*u atoms and originates from the bedrock via bedrock springs.

3) Preferential leaching of 234ti atoms from waste rock under surficial

weathering conditions.

4) Preferential leaching of' 2;3*U atoms from waste rock and preferential

migration of the released 23*u atoms in the sand aquifer.

Each of these hypotheses is discussed below.

The first hypothesis is similar to that which is proposed by Kronfeld

(1974) and Cowart and Osmond (1974) for old groundwacer in deep confined

aquifers. These investigators found that, in regional aquifers,' the change in

the uranium isotopi; activity ratio generally occurs across an oxidation-

reduction barrier zone which has accumulated 234U an(j 238u atoms over

geological times (e.g. over a million years). Kronfeld (1974) suggested that

the excess 23TJ atoms in such deep groundwater resulted from the decay of
234Th atoms, as produced from the entrapped nJ atoms in the reduced zone.

This hypothesis cannot be applied to the distribution of Che "3 U/238U

A.R. 's in the sand aquifer at Greyhawk because of the young age of che

groundwater.

The second hypothesis involves the mixing of two types of groundwater,

namely: (1) young recharge water with an activity ratio of U/2J8U near

unity and (2) oLder gravindwater that has migrated along the bedrock fractures,

has Interacted with the uranium ore minerals and has discharged into the sand

aquifer via bedrock springs with a 2^U/ 2 3 8U activicy ratio greacer Chan

2.0. The hypothesis, however, is not applicable to the present study either.

The reasons being: (1) that the highest 234U/238U A.R.'s in groundwater

occur in the middle of the sand aquifer and not near the bedrock surface and (2)

tritium indicates that the deep groundwater with the moderately-high

234u/238u A.R.'s near the bedrock surface at sites M5, M6 and M" is of

recent origin (Chapter 4).

From the evaluation of the results of the leaching experiments in Table

9.2, the third hypothesis only partially explains the 234U fractionation in

groun<iaater. For example, the fflaxiasio 234U/238U \.R. that is found in the

leachates from the rock leaching experiments is 1.43 ± 0.14.



275

The fourth hypothesis that is described below, concerns the preferential

leaching of the 23**U atoms from the waste rock and the preferential migration

of the released 234U atoms in groundwater. Prior to 1957, the composition of

the mined ore from the bedrock contained uranium in different oxidation states,

namely 33X 234U (VI) (decay-generated), 67% 234U (IV) and 100% 238U (IV)

atoms (Kolodny and Kaplan, 1970; Chalov and Merkulova, 1969). As mining

operations began in 1957, waste rock deficient in uranium ore was dumped on the

sand deposit. As weathering released trace amounts of uranium from the waste

rock during the period of 1957 to 1982, a percentage of the 238U (IV) and
23^U (IV) atoms was oxidized to the hexavalent state through the action of

oxygen, bacteria and ferric sulphate (Lungren and Silver, 1980; Ritcey and

Silver, 1982). During this time, the 234U and 238U atoms, in different

proportions of the tetra- and hexavalent oxidation states, were leached from the

waste rock. The "*U atoms were preferentially leached earlier than the
238U atoms from the waste rock during the initial period of weathering with

rainwater. This resulted in a 234U/238U A.R. - 1.43 in the waste-rock-

derived leachate (refer to Chapter 6). When pyrite oxidation later became

intensive in the weathering history of the waste rock mass, the amounts of

extractable 234U atoms in the resulting low pH leachate became slightly less

than that of the extractable 238U atoms with 234u/238u A.R.'s - 0.86 -

0.94 (refer to Chapter 6). Since 1957, the 234U contaminant species released

in groundwater below the waste rock has preferentially migrated faster in the

sand aquifer than that of the released 238y contaminant species. The reasons

are because of a larger percentage of the released 234U atoms has been in the

more mobile hexavalent state than that of the released 238U atoms and because

of the lower Kd values for the U(VI) species than those for the U(IV) species

in the porous medium. Furthermore, the simulated 23"U activities in

groundwater along the L-M10 flow line following the cell model application in

Chapter 8 had also indicated a higher mobility for the U(VI) species rather than

that for the U(IV) species.

The additional assumptions that must be considered for the fourth

hypothesis are: (1) the presence of a closed syscem in the sand aquifer, where

the only source of uranium in groundwater is derived from the leaching of the

waste rock piles adjacent to the uranium mine under surficial conditions and
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(2) isotopic exchange between Che tetra-and hexavalenc oxidation states of the
234U and 238U species is very slow in groundwater.

The fourth hypothesis is examined in the framework of the cell model. The

cell model is used to test this hypothesis by simulating the 1982 distribution

of 234u/238u A % R # i g in c n e san(i aquifer along the L-M10 flowline at various

percentages of 234U a n d 238y ^n t n e tetra- and hexavalent states. An

agreement between the simulated and analytical 234u/238y A.R. distributions

in groundwater would provide information on the 1982 composition of the 23*U

and 234TJ species in the (IV) and (VI) oxidation states at site I, for the

testing of this thesis. Site L had previously been selected in Chapter 8 as the

point source of contamination from the waste rock. All of the above assumptions

made in the fourth hypothesis are included in this application of the cell

model.

Computations of the 234U(VI), 234U(IV), 238U(VI) and 238U(IV)

species in groundwater at 25 years in each of the 13 cells along the L-M10 flow

line (Figure 8.10) are made by varying the percentages (0 to 100%) of the

tetravalent uranium atoms at site L that have been oxidized to L'(VI) since

1957. The starting percentages of the original 234U(IV) and 238U(IV) atoms

in the rock at site L prior to oxidation are 67% and 100% respectively.

Simulated activity ratios of 234U/23°U in groundwater downflow from site L

are derived from the computed activities of the 234U(VI), 234U(IV),
235U(VI) and 238U(IV) species using the cell model. The simulated

23Au/238ij A.R.'S at 25 years are compared to the analytical 2340/233^!

A.R.'s in groundwater in Figure 9.3 as longitudinal profiles along the L-M10

flowline. Longitudinal profiles for the simulated A.R. 's and the analytical

A.R.'s in groundwater in Figure 9.3 are similar if it is assumed that 302 of the

original tetravalent 23^U and 238U atoms prior to 1957 have been oxidized to

U(VI) during the weathering process. From these results, the distribution of

the uranium species in groundwater at site L is 532 as 234U(VI), 472 as
234U(IV), 30% as 238U(VI) and 70% as 238U(IV). Therefore, because a

larger amount of the 23 HJ atoms is in the hexavalent state in the contaminated

groundwater than that of the 238U atoms and because of the lower ICd values
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waste rock in groundwater Is located at site I..
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for U(VI) species than U(IV) species in the porous medium, the preferential

leaching of the "*U atoas from the waste rock and the preferential migration

of Che released 'TJ atoms in groundwater explain for Che progressive increase

in the 234^-/238^ A.R.'s in the sand aquifer downflow from the waste rock.

In conclusion, the cell model has been proven successful in Che explanation

of the -3^u fractionation in groundwater downflow fron che waste rock.

Cranium-234 fractionaCion is found Co have been caused by differences in Che

distribution of the oxidation states of the 23*U and 238U atoms in the

contaminated groundwater. The successful application of batch K<j values of

the tJ(VI) and U(IV) species in the cell model for che evaluation of 234U

fractionation indicates another example where laboratory-determined parameters

are suitable for simulating the mobilities of radionuclides in groundwater.

The activity ratios of 23*U/23^U in the sand aquifer have also been

considered to be good parameters for investigating contaminant migration at the

site. The trends from the distribution of the 234U/238U A.R. 's in

groundwater were useful in che confirmation of the uranium migration patterns in

the sand aquifer. The direction of increasing -3*u/ J A.R.'s in the young

groundwater downgradient from the waste rock was found to coincide with che

general direction of groundwater flow.
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CHAPTER 10

SUMMARY AND CONCLUSIONS

(1) A method for the sequential elemental separation of 238U, 234U,
2 3 2Th, 230Th, 226Ra and 2 1 0Pb in a single sample of water, soil or

rock and the subsequent determination of the activity for each of the

mentioned radionuclides was developed. For the determination of 23°U,

234U> 2 3 2 ^ 2 3 0 ^ 226^ and 210pb in groundwater by this

method, the relative error is less than 102 for activities greater than 20

pCi/1 and the coefficient of variation at the 95% confidence level is less

than 20% for activities greater than 2 pCi/1. The detection limits for the

analyses of these radionuclides are 0.1 pCi for 238U, 234U, 232Th and
2 3 OTh and 0.5 pCi for 226Ra and 210Pb. In conclusion, this particular

method provides good precision, accuracy and sensitivity for the

determination of the radionuclides of interest in environmental samples.

(2) A field site was chosen for this study at the abandoned Greyhawk

uranium-mine site near Bancroft, Ontario, where accumulated piles of waste

rock with low-grade uranium ore (<0.01% U3O8) were left on a bedrock

outcrop and a sand aquifer from the 1956 to 1959 mining period. During

this mining period at Greyhawk, the high-grade uranium ore was removed to a

nearby-processing facility. The waste rock and the high-grade uranium ore

were mined from a large intrusive batholith of Precambrian age, i.e.

between 0.9 to 1.2 billion years. The waste rock contains two rock types,

namely: (1) pegmatite, which contains silicate minerals and uranium and

thorium minerals and (2) gabbro, which contains negligible amounts of

uranium and thorium minerals and largely silicate, carbonate and pyrite

minerals. The sand aquifer at the field site, with a surficial area of

approximately 2.0 hectares, is believed to be glacial fluvial in origin.

The depth to bedrock surface in the sand aquifer increases rapidly with

distance from the bedrock outcrop, ie. in excess of 21m at a distance of

60m from the outcrop. Recharge -water enters the sand aquifer from the area

of the waste rock and bedrock outcrop and moves laterally in the sand

aquifer to a nearby swamp about 125m away.
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(3) Good agreement between groundwater velocity values determined by three

independent methods in the sand aquifer was found. The groundwater

velocity is about 70 m/yr below the waste rock along the SIW flow regime and

about 10 m/yr below the waste rock along the HE flow regime. The velocity

decreases to less than 2 m/yr towards the swamp in the south. The

arithmetic and geometric means of the hydraulic conductivity of the sand,

as estimated from these three methods,are 1.6 x 10 ca/s.

(4) The four year hydrogeological and radiological investigations (1973 to

1982) identified the present-day spread of chemical and radionuclide

contaminants derived from the waste rock in groundwater in the sand

aquifer. Contaminant pJumes of sulphate, bicarbonate, DIC, 226Ra,
210Pb, 23®U and 234p extending from the waste rock piles in the sand

aquifer were delineated. The shapes of the waste-rock-derived contaminant

plumes follow the general direction of groundwater flow in the sand

aquifer. The maximum extent of groundwater contamination, based on

elevated concentrations of sulphate, bicarbonate and DIC, was found to

extend approximately 100 to 125 meters laterally downflow from the piles of

waste rock. The lateral extent of contamination of 23*U in groundwater

was about 80 meters downflow from the waste rock, whereas the lateral

extent of contamination of 226Ra, 210Pb, 230Th and 232Th in

groundwater was less than 20 meters. The calculated 238U, 226Ra,
2 1 0Pb and 2^°Th velocities in the aquifer, based on the observed

frontal positions and an estimated 25-year migration period, are 3.2 m/yr,

0.8 m/yr, 0.12 a/yr, and 0.04 m/yr, respectively. These results are site

specific. To our knowledge, there are no other cases of radionuclide

migration from waste rock reported in the literature to which these results

can be compared.

(5) The release of radionuclides from the waste rock was investigated from

the pegmatite leaching experiments. The factors that were round to affect

the release of radionuclides are: (1) weathered and unweathered rock

surfaces; (2) number of repeated extractions from the same rock grains; (3)

active surface area of rock grains; (4) solid-liquid ratio; (5) pH of the

extractant; and (6) sulphate ion concentration in the extractant. Of these

six factors, the pH of the extractant is considered to be the most
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important factor because of the related solubility-controlled effects. The

unknown but probably complex interactions of these factors on the

groundwater composition below the waste rock for the past 25 years caused

simulations of the 1982 frontal positions of the waste-rock-derived

radionuclide species in the sand aquifer to have considerable uncertainty.

(6) A geochemical model was developed to represent the effects of a

sequence of stages responsible for the observed activity distributions of

radionuclides in groundwater, namely: (1) the infiltration of the waste

rock by rainwater and snowmelt, (2) the weathering of pyrite, carbonates,

silicates, uraninite and uranothorite in the waste rock mass; and (3) the

migration of the waste-rock-derived contaminants in the sand aquifer. In

the second stage, the production of hydrogen and sulphate ions from pyrite

oxidation increases the solubility of uraninite and uranothorite. This

results in the release of high activities of radionuclides in the low-pH

leachate. In the third stage , the acidic, radioactive leachate enters the

sand aquifer below the waste rock. The leachate contains ions, ion pairs

and complexes, such as U02S04°, U0 2
2 +, U(OH)3

+, U(SOu)2°,

Th(S(\)2°, Ra2+, RaS0H°, Pb2+ and PbSO,,0. The subsurface

migration of these species in the sand aquifer is strongly influenced by

geochemical processes, such as complexation reactions,adsorption-desorption

reactions, precipitation reactions and acid-base reactions. As the

groundwater pH increases downgradient from the waste rock, the uranium

species form anionic complexes, U02(CO3)2 and U(OH)5~, that are

stable and mobile in the aquifer, whereas the radium, lead and thorium

species are largely retarded by the sand properties. The major retardation

process for uranium, radium and lead in the aquifer is by adsorption.

Thorium is retarded in the aquifer by both adsorption and precipitation

processes.

(7) Laboratory-determined parameters from the waste rock leaching

experiments and radionuclide partitioning experiments were incorporated in

two contaminant transport models to provide simulations of the movement of

the waste-rock-derived radionuclides in groundwater along the NW and NE

flow regimes for the past 25 years. The two models used are the simple

advection-retardation model and a one-dimensional cell model. The
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advection-retardation model was used for simulations along the NE flow

regime where the groundwater chemistry and velocity have little

variability. The results indicated that the simulated frontal positions

for 226Ra, 210Pb and 230Th are similar to the 1982 frontal positions

observed in the field. The simulated frontal positions for 23®U(IV) and

238u(vi) were both found to be approximately a factor of ten less than

the 238U front observed in the field in 1982.

The cell model was used for the simulations in the NW sector of the

field site where the groundwater chemistry and velocity are non-unifora

along the "flow regime. The simulated 226Ra, 210Pb and 230Th

activity distributions in groundwater downflow from the waste rock for a

25-year period provided good agreement with the field activity

distributions in 1982. For the case of 23^J, good agreement between the

simulated and analytical activity distributions was found at approximately

20 meters downflow from the source. Further downflow, the agreement for

the -^°U case was poor. The 2 ^J(VI) species in groundwater was found

from the simulations using the cell model to migrate ahead of the
23SU(IV) species.

With the possible exception of 238U(IV) and 238U(VI), the

laboratory-determined values were found to provide reasonable results in

the two contaminant transport models for the simulations of the
226Ra(II), 21OPb(II) and 23OTh(IV) mobilities in the sand aquifer.

(8) Radium-226 is the only radioactive contaminant species in the sand

aquifer that had been found from this investigation to exceed the drinking

water standards. A prediction using the cell model on the extent of
22&Ra contamination in the sand aquifer up to the year 1988 indicated

that no appreciable changes in the 1982 migration patterns for 22^Ra will

occur because 26Ra is so readily adsorbed in the sand. The long-term

impact of TU contamination in the sand aquifer was assessed by

predictions using the advection-retardation model for the maximum extent of

travel at 100, 1000 and 250,000 years from 1982. The respective travel

distances for "Ra from the waste rock at these times were calculated at

40 meters, 41 meters and 126 meters. In these calculations, it was

assumed that the acid front in the aquifer will be neutralized by the year
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2082. The 2 Tla activity in groundwater corresponding to the latter

frontal position, which reaches the swamp after 250,000 years, has been

calculated to decay to less than one pCi/1. Therefore, according to the

evaluations made using the transport models, long-term surveillance of the

uranium-mine waste rock dump site at Greyhawk will probably not be

necessary as long as the waste rock and aquifer are not significantly

altered by man's activities.

(9) The 1982 spatial distributions of the 2 3 4U/ 2 3 8U, 226Ra/238U

and 210pb/238u activity ratios in groundwater indicated disequilibrium

conditions between 2 3 % an(j each of its daughters downgradient from the

waste rock. The trends from the distribution of the 2 3 4U/ 2 3 8U activity

ratios in groundwater were useful in the confirmation of the uranium

migration patterns in the sand aquifer. This suggests that the activity

ratios of 23^U/ Ĥj may be used to assist in the identification of

migration patterns of contaminants emanating from other waste rock dump

sites.

To our knowledge, all other field cases concerning large changes in

the 2 3 4U/ 2 3 8U activity ratios in the literature pertain to large

regional aquifers where sampling points are kilometers apart. Our

investigation establishes that it is possible for moderately-large changes

in the 2 3*U/ 2 3% activity ratios to occur over short distances in a

shallow aquifer.

The fractionations of 22^Ra and 21^Pb from 2 3 8U in groundwater

downflow from the waste rock were explained by geochemical processes. The
23*U fractionation from 2 3 % in groundwater was attributed to the

presumed existence of 23*U and 23®U in differing amounts in two

oxidation states, namely, (IV) and (VI). This hypothesis was supported by

the results of the cell model. The model provided a good representation of

the field data for the case where the 1982 percentage distribution of the

uranium redox species in groundwater at the source contained 53% as U

(VI), 47% as 2 3 4U(IV), 30% as 238U(VI) and 70% as 2 3 8U(IV). Because

of the larger amount of the ^3*U atoms in the hexavalent state in ground-

water and because of the lower K,j values for the U(VI) species in the

porous medium, it was concluded that the preferential leaching of the
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atons from che waste rock and the preferential migration of the

released ^ U atoms in groundwater, resulted in the observed uranium

isotopic ratio distribution in the sand aquifer.

The application of batch Kd values of D(VI) and U(IV) in the cell

model for the evaluation of the " 4 ^ fracCionatiOn in the sand aquifer

is another indication of the applicability of laboratory-determined para-

meters for simulating the mobilities of radionuclides in sand aquifers.

10) The findings of this investigation are site-specific. Studies have

not been made to determine the applicability of the results to other

uranium waste-rock dump sites. The hydrogeolgical conditions at the

Greyhawk site are relatively devoid of complexities in comparison to the

conditions at many uranium mine sites.

The Greyhawk findings, however, lead to some expectations regarding

the importance of various factors on radionuclide release and migration in

groundwater at other waste-rock sites. For example, it is reasonable to

expect that the evolution of the pH of water infiltrating through waste

rock at other sites is an important factor influencing the levels to which

the radionuclide concentrations rise in the leachate and the mobilities of

radionuclides in groundwater. The prediction of radionuclide mobility is

therefore intimately related to measurements or predictions of leachate and

groundwater pH. With the exception of uranium, the findings of this study

are encouraging with regard to the usefulness of laboratory-determined

parameters and geochemical equilibrium models for indicating at pH levels

between 5-7 strong retardation of radionuclides in shallow aerobic sand

aquifers, and at much lower pH levels much less retardation. The methods

used for determining the groundwater velocity in the sand aquifer at the

Greyhawk site are those applicable to other waste-rock sites in sand

aquifers, although in a more complex aquifer system more

disagreement between velocity results would be expected.
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